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The ubiquitous occurrence and growing abundance of many organic micropollutants in 
aquatic and soil environments poses significant risks to human health and ecosystems. While past 
research has improved our understanding of the processes controlling the fate and treatment of 
some classes of synthetic organic chemicals, the fate of many emerging and unregulated 
micropollutants of concern remain largely unknown. In this thesis research, advancement is made 
on the mechanistic understanding of the abiotic and biological processes that control the fate and 
treatment of emerging micropollutants. It first evaluates the influence of four prevailing terminal 
electron-accepting processes (TEAPs) and exposure to a mixture of nine contaminants of emerging 
concern (CEC) on both the microbial community structure and CEC degradation in agricultural 
soil. Results show soil microbial community composition is strongly impacted by different TEAPs 
but no significant change upon exposure to the mixture of CEC. Two of the CEC showed 
significant degradation in both bioactive and sterile conditions while six of the CEC only degraded 
in bioactive samples incubated under different TEAPs. Knowing that soil minerals can also play 
an important role in controlling the fate of some CEC, this thesis research further evaluates the 
influence of metal (hydr)oxide soil minerals on the abiotic degradation of nine organophosphate 
flame retardants (OPFRs). In the absence of minerals, base-catalyzed hydrolysis is confirmed for 
eight of the OPFRs in highly alkaline solutions (pH 9-12). In contrast, rapid degradation of all nine 
OPFRs is observed under circumneutral pH when metal (hydr)oxides are present, and their by-
products confirmed ester hydrolysis as the active degradation pathway.  
Work from this thesis study also investigates the treatment of highly recalcitrant CEC 
structures (e.g., poly- and perfluoroalkyl substances (PFASs)) that have been increasingly detected 
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in aquatic systems. The removal of 75 PFASs was assessed using 14 commercially available ion-
exchange (IX)/non-ionic resins and granular activated carbon (GAC). Among the selected 
adsorbents, anion exchange resins (AERs) exhibited significant adsorption of PFASs compared to 
cation exchange resins, non-ionic resins, and GAC regardless of the PFAS’s predicted charge. 
Experimental results indicate that polarity of the AE functional group and polymer matrix plays a 
dominant role in dictating PFAS affinity for different resins. Structural characteristics of PFASs 
were also found significantly affect adsorption to AER. While increased PFAS carbon chain length 
is confirmed for higher selectivity, increased adsorption was also observed for anionic PFASs 
compared to similar size zwitterionic and cationic structures. In order to further assess the 
feasibility of IX technology for treating PFASs, regeneration of three PFAS-exhausted AERs were 
surveyed with 30 different regenerant schemes to evaluate regenerability for long-term 
applications. Findings from this work suggests regeneration of most resins loaded with long-chain 
PFASs (e.g., perfluorooctane sulfonate (PFOS)), including polystyrene- and polyacrylic-based 
AER, will require a combination of salt brine and co-solvent to desorb the PFOS and regenerate 
the AERs. This is consistent with the importance of both electrostatic and van der Waals 
interactions controlling PFAS binding to the AERs. The requirement of a co-solvent is expected 
to increase costs and safety concerns associated with regenerable AER treatment processes. 
Conclusions from this thesis improves our understanding on the importance of prevailing 
electron-accepting processes and soil mineral phases for the natural attenuation of important 
classes of emerging contaminants and provides insights for future decisions on selecting less 
persistent CECs. It also provides useful guidance for designing the most cost-effective and 
sustainable resin-based treatment systems for the remediation of PFASs and related contaminants 
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This chapter provides an overview of the motivation and background that inspired this 
thesis work. Moreover, it gives a succinct summary of the research objectives and overall outlines 
that facilitated the completion of this thesis. 
1.1 Motivation 
Contaminants of emerging concern (CEC) is a term used to describe organic 
micropollutants that are drawing worldwide attention due to their documented health risks and 
increased detection in aquatic and soil environments.1-6 This includes a wide range of 
pharmaceutically active compounds that are incompletely metabolized by humans and animals,7-
11 pesticides and herbicides,12 consumer and household chemicals,13 and fluoro-surfactant mixtures 
used for rapidly extinguishing hydrocarbon fuel fires and other firefighting activities.14 Many CEC 
are also considered to be “emerging” at this time, in part, due to improvement in analytical methods 
(e.g., high resolution mass spectrometry) that now enable detection in the environment at 
increasingly trace levels (e.g., < 1 µg/L). Major pathways for 
release of these CEC to soil and aquatic environments include 
rainfall/snow melting, household wastewater, stormwater 
runoff, irrigation with incompletely treated wastewater, and 
direct releases from human use (e.g., during fire training 
activities),3,4,13,15 and they have been detected in a number of systems, including wastewater 
effluent irrigated farm soil, surface water, sediments and groundwater.16-23 For example, the 
estimated discharge of tris(1-chloro-2-propyl) phosphate (TCPP; Figure 1.1), an organophosphate 




flame retardant (OPFR), to U.S. rivers is 400 metric tons per year.13 Despite their benefits to the 
public wellness and property losses, release of CEC into the environment poses significant risks 
to human health and ecosystems. 
Since conventional drinking water and wastewater treatment facilities were not designed 
to remove CEC and a growing body of research shows that many CEC are poorly eliminated by 
existing treatment trains,1,2,13,24,25 the potential for human exposure to these chemicals has 
increased significantly through either contaminated drinking water (from unplanned indirect 
reuse)25 or consumption of food crops irrigated with wastewater effluent or grown in soils amended 
with wastewater biosolids.26,27 For example, a recent study reported the combined concentration 
of two perfluoroalkyl acid surfactants, perfluorooctane sulfonate (PFOS, Figure 1.2) and 
perfluorooctanoic acid (PFOA), ranged from 140-2,100 ng/L 
in 4% of investigated U.S. drinking water sites,25 which 
exceeds U.S. EPA’s drinking water lifetime health advisory 
level (70 ng/L combined for PFOS+PFOA). Other 
perfluoroalkyl acids (PFAAs) with shorter carbon chain  
lengths, such as perfluorobutanoic acid (PFBA) and 
perfluorobutane sulfonate (PFBS), have also been detected in many water sources, raising 
additional concerns about the wider group of poly- and perfluoroalkyl substances (PFASs) that co-
occur at many sites.28,29 Although measured CEC concentrations in the environment are usually 
very low (ng/L – µg/L), they can sometimes exceed established toxicological endpoints like 
predicted no effect levels (PNELs).30 In addition, some reports suggest synergistic toxicological 
effects in mixtures of CEC commonly detected together.31 To date, a list of CEC have already been 
detected in human milk, urine, serum, and adipose tissues,32-35 and potential health effects include 




cancer, neurotoxicity, endocrine disruption, and reproductive impacts.36-41 Moreover, PFASs, such 
as perfluorohexane sulfonate (PFHxS) and PFOS, has been found to disrupt human hepatic lipid 
metabolism and cause nonalcoholic fatty liver disease (NAFLD),42 while others reported that 
PFASs can bioaccumulate in lungs during childhood and continue to compromise lung function 
past adolescence and into early adulthood.43 CEC have also been detected in various aquatic 
organisms, raising additional concerns about unknown deleterious effects on impacted 
ecosystems.44-46 
To minimize the risks associated with CEC release, it is crucial to understand the physical, 
chemical, and biological processes that control their transformation and attenuation in natural soil 
and aquatic systems. Although a growing number of studies have significantly advanced our 
understanding of CEC fate in such systems, many challenges still remain: 1) the specific 
environmental conditions and/or microbial communities that can facilitate degradation of 
important CEC that are poorly removed by wastewater treatment operations, and 2) the role that 
different environmental components, e.g., soil minerals, play in catalyzing the transformation of 
selected CEC (e.g., OPFRs) released into subsurface environments (e.g., during soil aquifer 
recharge applications). For some of the most recalcitrant CEC like PFASs, where natural 
attenuation in soil and groundwater has been shown to be minimal, it is necessary to 3) develop 
active remediation technologies to treat impacted aquatic sources and eliminate exposure risks in 
the most cost-effective and sustainable manner. 
1.2 Background 
1.2.1 Fate of CEC in soil with different prevailing terminal electron-accepting processes  
Past studies have investigated the sorption and degradation of important CEC in soil and 
aquatic systems, revealing that CEC persistence can vary extensively depending on a number of 
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factors, including the chemical in question, soil type, pH, and prior exposure to the chemical.47-51 
These findings have advanced our understanding of CEC fate in soil systems, but the majority of 
studies were only conducted under aerobic conditions where the dominant terminal electron 
acceptor is molecular oxygen.52,53 In comparison, much less is known about CEC fate under anoxic 
and anaerobic conditions that often dominate just beneath the soil surface and in sediments of 
flooded agricultural systems.54-56 In addition, aerobic surface soils can rapidly shift to anaerobic 
conditions during extreme weather events (e.g., flooding) that are increasing in frequency due to 
climate change. With only a limited number of studies that compared the fate of CEC in soils 
incubated under conditions that is not aerobic, their results show significant differences in the 
persistence of individual CEC, with greater persistence sometimes being observed under anaerobic 
conditions and, at other times, under aerobic conditions.57-59 Moreover, anaerobic conditions used 
in many soil incubation studies were poorly defined, and the prevailing redox conditions, terminal 
electron-accepting processes (TEAPs), and soil microbial communities were not characterized; 
therefore, it is difficult to draw deeper mechanistic insights from these reports. In addition, 
although studies on the fate of persistent legacy contaminants have shown that degradation is 
significantly affected by the prevailing TEAPs that directly influence the soil microbial 
community,60-63 which, in turn, can directly or indirectly transform contaminants through 
metabolic or co-metabolic biological pathways64,65 and abiotic reactions with microbial byproducts 
(e.g., reduced iron and sulfur species),66-68 more work is needed to identify the responsible factors 
that limit the degradation of CEC in TEAP defined soils. 
1.2.2 Role of soil minerals for controlling the fate of OPFRs 
OPFRs are often used as additives in residential and commercial products.69 While 
effective to slow ignition and prevent fires, their release into the environment poses significant 
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risks to both human health and ecosystems. Because OPFRs are recalcitrant to many biotic and 
abiotic degradation processes,70,71 only limited information is available regarding their natural 
attenuation, which in turn magnifies the risks associated with their release.21 Although 
biodegradation of OPFRs has been reported in past studies, these studies were limited to 
engineered systems, such as activated sludge72 and enriched cultures.73 On the other hand, 
investigations of photochemical degradation of OPFRs in 
lake and river water revealed variable persistence,74,75 and 
their organophosphate ester core structure (Figure 1.3) 
suggests that hydrolysis may be an important natural 
attenuation mechanism.76 However, a recent report 
showed that homogeneous aqueous hydrolysis of OPFRs 
is extremely slow at pH conditions of natural waters, with appreciable hydrolysis only being 
observed under highly alkaline conditions (e.g., pH 13).77 Similarly, reports of OPFR reactions 
with other relevant nucleophiles (e.g., reduced sulfur species) have been documented, but 
experiments were limited to elevated temperatures and nucleophile concentrations (e.g., t1/2 = 6.3 
h at 50C and 10 mM thiophenolate, pH 9).78 Because past reports show that dissolved metal ions 
and mineral surfaces can catalyze the hydrolysis of some organophosphate pesticides (e.g., 
Mevinphos) and warfare agents (e.g., Soman),79,80 it is possible that they will also play an 
important role in controlling the fate of OPFRs in natural environment. Moreover, elevated 
concentrations of selected transition metal ions, including FeII, CoII, NiII, were also found to 
catalyze the hydrolysis of some organophosphate pesticide,81 and several mineral phases were 
found to catalyze the hydrolysis of organophosphates (e.g., p-nitrophenyl phosphate and 
paraoxon).82,83 While this suggests a potential sink for OPFRs, the nature of the side chains in 
Figure 1.3. General structure of OPFRs 
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OPFR structures differ somewhat from those found in other organophosphates. Thus, targeted 
studies are needed to evaluate the role of common soil minerals in catalyzing hydrolysis of OPFRs 
and assess the importance of these pathways to natural attenuation. 
1.2.3 Removal of diverse PFASs using ion exchange/non-ionic resins 
Due to their highly polar structure and strong carbon-fluorine bonds, PFASs exhibit 
extremely high thermal and chemical stability, and many of the same remedial technologies used 
successfully for other legacy contaminant (e.g., air stripping and bioremediation) are ineffective 
for PFASs.84-87 Currently, there is only limited reports of biodegradation of PFAAs like PFOS or 
PFOA under aerobic or anaerobic conditions,84-86 and one recent report of co-metabolic 
degradation by ammonia-oxidizing iron-reducing microorganisms indicate very slow kinetics (e.g., 
half-lives >50 days).88  Moreover, there is no evidence that PFASs can be naturally attenuated by 
aquifer/soil minerals through oxidation and/or reduction reaction. While successful in situ 
remediation technologies, such as in situ chemical oxidation with activated persulfate, have 
received considerable attention for destroying some PFASs,89-93 most notably perfluoroalkyl 
carboxylates and their precursors, their inability to transform the more recalcitrant perfluoroalkyl 
sulfonates and requirement for high energy input makes these technologies less than ideal for 
larger scale implementation.89-91  
Currently, physical adsorption by granular activated carbon (GAC) and ion exchange (IX) 
are the most widely applied approaches for PFAS remediation in practice.94-98 While GAC 
provides high surface area and has been used to treat contaminated drinking water for many 
decades,99,100 its low affinity for short-chain and branched carbon PFASs makes it less desirable 
to treat a wide range of PFASs, especially for the recently identified structures.94 The presence of 
dissolved organic matter and/or high level of co-contaminants identified with aqueous film-
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forming foam (AFFF) (e.g., halogenated solvents) also hinders the effectiveness of GAC. Due to 
these limitations,101,102 there is growing consideration of IX resin adsorbents.95-98,103 A major 
advantage of IX resins is that functional groups attached to the polymer backbone (e.g., 
polystyrene) can be designed specifically for treating different types of contaminants. For example, 
tests with PFAAs have shown the effectiveness of hydrophobic anion exchange resins 
(AERs),96,103 and manufacturers have exploited this to design PFAS-specific AERs that are now 
being widely adopted by the industry. Despite the promising result from IX technologies, past 
studies only examined a limited selection of AERs with elevated PFAA concentrations.96,103 There 
is a lack of information on the effectiveness of IX resins treating non-PFAAs identified in AFFF-
impacted water, which often contains negatively and/or positively charged PFASs and other 
organic co-constituents at environmentally relevant levels. Moreover, no studies have evaluated 
the sorption of PFAS with cation exchange resins (CERs) and non-ionic resins (NIRs), which 
potentially can be effective for adsorbing zwitterion and/or positively charged PFAS detected in 
AFFF. 
1.2.4 Regeneration of PFAS exhausted resins using optimized regenerant schemes 
To date, regeneration of PFAS exhausted resins have been only examined with limited 
regenerant schemes at elevated PFAA loadings.96,103 Since PFAA capacity of AERs are reported 
to be significantly lower in continuous flow systems compared to their measured batch capacity,103 
it is crucial to evaluate whether the regenerability of AERs will be compromised by a lower PFAA 
dosage. In addition, the different characteristics of regenerants (e.g., brine anion/cation type, brine 
concentration and co-solvent percentage) are also likely to inhibit or enhance the regeneration of 
PFAS spend resins. While knowing the desorption behavior of PFAAs in regenerants with 
different characteristics is critical for optimizing schemes for AER regeneration, it is equally 
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important to elucidate possible trends that correlates AERs’ regenerability with their selectivity 
coefficient at low PFAA loadings for developing sustainable resin systems that require long-term 
operation cycles. On the other hand, because resin regeneration is a major contributor to the 
environmental burden of IX processes,104 finding suitable regenerant schemes that are effective 
and causes less adverse environmental impacts compared to PFAS-selective, but single use, AER 
will also be beneficial for advocating IX technologies as a better tool for PFAS removal in 
impacted areas. Therefore, more work is needed to not only study resin regenerants that can be 
used to establish a more robust treatment systems for PFAS removal, but also to evaluate economic 
and environmental impact tradeoffs for different protocols. 
1.3 Research Objectives 
The overall goal of this thesis research is to advance understanding of important processes 
and microorganisms that control the transformation of wastewater-derived CEC in natural soil and 
subsurface aquatic environments, and to develop improved treatment systems for water sources 
contaminated by the most recalcitrant CEC (i.e., PFAS). These goals were met by addressing the 
following specific objectives: 
1.3.1 Objective 1 – Assess the influence of TEAPs and CEC to soil microbial community 
and CEC degradation 
Although a number of studies have investigated the degradation of CEC in soils, the 
majority of these work were only conducted under aerobic conditions.52,53 In comparison, much 
less is known about the fate of CECs and their influence to soil microbial communities under 
anoxic and anaerobic conditions that often dominate just beneath the soil surface and in sediments 
of flooded agricultural systems.54-56 In order to improve the understanding of the factors that 
control the fate of CEC under variable TEAP conditions and help to assess the relative importance 
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of biological versus biologically mediated abiotic mechanisms for degradation of individual CEC, 
a study was undertaken to evaluate the persistence of nine CEC that were amended together in an 
agricultural soil through a) establishment of variable TEAP conditions; b) measurement of 
contaminants of CEC vs. time; and c) evaluation of soil microbial community structure and 
stability. Work that addresses this objective is summarized in Chapter 2 of this thesis. By 
investigating the fate of trace CECs under four prevailing TEAPs (i.e., aerobic, nitrate-reducing, 
iron(III)-reducing, and sulfate-reducing conditions), this work evaluates the influence of TEAP 
conditions and exposure to the mixture of CEC on both the microbial community structure and 
CEC degradation in agricultural soil. Work described in Chapter 2 was published as a manuscript 
entitled “Influence of terminal electron-accepting conditions on the soil microbial community and 
degradation of organic contaminants of emerging concern”, in Science of The Total Environment 
with co-authors G. Vanzin, A. M. Cupples, and T. J. Strathmann.105 
1.3.2 Objective 2 – Determine the role of mineral and base catalyzed hydrolysis on the fate 
of OPFRs 
Despite benefits to public safety and property losses,16 release of OPFRs into the 
environment poses significant risks to human health and ecosystems. Past reports show that OPFRs 
are recalcitrant to many biotic and abiotic degradation processes.70,71  Because the triester structure 
of OPFRs suggests hydrolysis as potential abiotic mechanism for transformation in aquatic 
systems and previous reports demonstrate that common soil minerals can act as powerful catalysts 
for such reactions, work was undertaken to examine the potential of common metal (hydr)oxide 
soil minerals to catalyze degradation of OPFRs. Nine OP triester were simultaneously spiked into 
aqueous suspensions of a series of naturally occurring minerals and transformation of the OPFRs 
was monitored by liquid chromatography with tandem mass spectrometry (LC-MS/MS). Specific 
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steps involved in achieving this objective included a) an examination of the degradation kinetics 
of OPFRs in homogenous aqueous solutions over a range of pH conditions and surveying the 
catalytic potential of six common soil minerals at neutral pH; b) detailed study of OPFR reactions 
in goethite (α-FeOOH) suspensions; and c) assessment of the transformation products of OPFRs 
to elucidate their potential degradation pathways under both homogenous and heterogenous 
conditions. Works that addresses this objective is summarized in Chapter 3 of this thesis. It 
contains a manuscript entitled “Mineral- and base-catalyzed hydrolysis of organophosphate flame 
retardants – A potential major fate-controlling sink in soil and aquatic environments”, which was 
published in Environmental Science & Technology with co-authors E. Kim and T. J. Strathmann.51  
1.3.3 Objective 3 – Evaluate adsorption of PFASs by ion exchange and non-ionic resins 
While AERs are considered as an alternative to GAC adsorption for PFASs at many sites,96-
98 studies on their effectiveness for treating PFASs have been limited to a small number of anionic 
PFAAs, and comparison of different resins is challenging due to different experimental conditions 
used in different reports.96,103 In particular, there is a lack of available data on adsorption of wider 
diversity of PFASs identified in AFFF. This includes a range of zwitterionic and cationic precursor 
structures in addition to anionic PFASs like PFAAs.106 It follows that additional consideration of 
cation exchange resins (CERs) and non-ionic resins (NIRs) for treatment of these PFASs may also 
be warranted. Thus, this objective aims to evaluate the effectiveness of 13 commercially available 
resins (8 AERs, 2 CERs, and 3 NIRs) in comparison to GAC for adsorption of a wide range of 
PFASs present in an AFFF, including many structures identified through recent compound 
discovery efforts.106 Specific steps involved include a) quantifying adsorption of PFAAs present 
in AFFF to ion exchange and non-ionic resins; b) calculating anion exchange resin selectivity 
coefficients for each PFAA/AER combination; and c) applying LC-QToF-MS suspect screening 
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and semi-quantification approaches to assess adsorption of a wider range of PFASs in AFFF. 
Works that addresses this objective is summarized in Chapter 4 of this thesis. It contains a 
manuscript entitled “Removal of per- and polyfluoroalkyl substances (PFASs) in aqueous film-
forming foam (AFFF) using ion exchange and non-ionic resins”, which is being prepared for 
publication with co-authors A. Ellis, YJ. Choi, T. Boyer, C. Higgins, C. Schaefer, and T. J. 
Strathmann. Findings from Chapter 4 reveals the role of structural properties of AERs and PFASs 
in controlling the adsorption behavior of the diverse PFAS structures identified in AFFF mixtures 
and provides valuable guidelines for selecting optimal adsorbents for total PFAS treatment. 
1.3.4 Objective 4 – Investigate the impact of regenerant and resin characteristics to the 
regeneration of PFAS exhausted resins   
Regeneration of exhausted resins is a crucial process for maximizing the benefit of IX 
technology during PFAS treatment. By recycling the regenerated resins back into treatment trains, 
it not only extends the lifetime of the applied resin but also reduces their economic and 
environmental impacts compared to non-regenerable adsorbents (e.g., GAC). To date, the 
regeneration of AERs have only been studied at high PFAA loadings (e.g., >200 mg PFOS/g 
AER)103 with limited regeneration schemes. While these studies provided valuable insights to the 
regeneration of AERs in batch reactors, it is difficult to integrate them into continuous flow 
systems where the capacity of AERs for PFAS was found to be much lower (e.g., ng PFOS/g 
AER).103 Moreover, the characteristics of regenerant and resin were also found to significantly 
affect the regeneration of organic adsorbates, such as pentachlorophenol,107 and it is possible 
similar impact will also apply to the regeneration of PFASs. Here, I describe work initiated to 
systematically evaluate the influence of AERs’ structural property and regenerant composition on 
PFOS desorption from AERs. Three regenerable AERs (Purolite A520E, A532E, and A860) were 
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selected as representative resins based upon their physical properties and differential affinities for 
adsorption of PFOS determined in Objective 3. Thirty-five different regeneration schemes varying 
in brine type and co-solvent concentration were tested in batch for their effectiveness in desorbing 
PFOS pre-loaded onto the AER. Results observed with different AER enable assessment of the 
impacts of resin polymer matrix and functional group polarity on the regeneration of AERs. Work 
that addresses this objective is summarized in Chapter 5 of this thesis.  
1.3.5 Oxidation of colorants using potassium permanganate in raw sugar cane juice 
An additional effort is derived from this thesis study to investigate the selective oxidation 
of color-inducing constituents in raw sugar cane juice with potassium permanganate, and results 
of this work are summarized in Chapter 6. This work initially examined the effectiveness of 
alternative oxidants (e.g., hydrogen peroxide, peroxydisulfate) for removing color-inducing 
constituents in sugar cane juice or produced raw sugar, and result indicated that permanganate 
oxidation is a promising alternative for accomplishing the decoloration of raw sugar solutions. 
Findings described in Chapter 6 were published as a manuscript entitled “Selective Oxidation of 
Color-Inducing Constituents in Raw Sugar Cane Juice with Potassium Permanganate”, in Food 
Chemistry with co-authors A. Ellis, M. Uchimiya, and T. J. Strathmann.108 
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INFLUENCE OF TERMINAL ELECTRON-ACCEPTING CONDITIONS ON THE SOIL 
MICROBIAL COMMUNITY AND DEGRADATION OF ORGANIC  
CONTAMINANTS OF EMERGING CONCERN  
A modified version of this chapter was published in Science of The Total Environment 
Yida Fang, Gary Vanzin, Alison M. Cupples, Timothy J. Strathmann* 
2.1 Abstract 
Better understanding of the fate and persistence of trace organic contaminants of emerging 
concern (CEC) in agricultural soils is critical for assessing the risks associated with using treated 
wastewater effluent to irrigate crops and land application of wastewater biosolids. This chapter 
reports on the influence of prevailing terminal electron-accepting processes (TEAPs, i.e., aerobic, 
nitrate-reducing, iron(III)-reducing, and sulfate-reducing conditions) and exposure to a mixture of 
nine trace CEC (90 ng/g each) on both the microbial community structure and CEC degradation 
in agricultural soil. DNA analysis revealed significant differences in microbial community 
composition following establishment of different TEAPs, but no significant change upon exposure 
to the mixture of CEC. The largest community shift was observed after establishing nitrate-
reducing conditions and the smallest shift for sulfate-reducing conditions. Two of the CEC 
 
*Reproduced with permission from Fang, Yida; Vanzin, Gary; Cupples, Alison M.; Strathmann, 
Timothy J. Influence of terminal electron-accepting conditions on the soil microbial community 
and degradation of organic contaminants of emerging concern. Science of The Total Environment 
2020, 706, 135327. Copyright 2020 Elsevier. Fang and Strathmann designed the study and drafted 
the manuscript. Fang conducted the majority of the experiments and analyzed the data; Vanzin and 
Cupples performed DNA extraction, sequencing and analysis for the study and provided feedback 
on manuscript. Fang, Vanzin, and Strathmann are affiliated with Colorado School of Mines; 




(atrazine and sulfamethoxazole) showed significant degradation in both bioactive and abiotic (i.e., 
sterilized) conditions, with half-lives ranging from 1-64 days for different TEAPs, while six of the 
CEC (amitriptyline, atenolol, trimethoprim, and three organophosphate flame retardants) only 
degraded in bioactive samples, with half-lives ranging from 27-90 days; carbamazepine did not 
degrade appreciably within 90 days in any of the incubations. Amplicon sequence variants (ASVs) 
from Firmicutes Hydrogenispora and Verrucomicrobia OPB34 soil group were identified as 
potentially responsible for the biodegradation of organophosphate flame retardants, and ASVs 
from other taxa groups were suspected to be involved in biodegrading the other target CEC. These 
results demonstrate that CEC fate and persistence in agricultural soils is influenced by the 
prevailing TEAPs and their influence on the microbial community, suggesting the need to 
incorporate these factors into contaminant fate models to improve risk assessment predictions. 
2.2 Introduction 
Growing water scarcity is a serious concern in arid and semi-arid regions of the world, 
including highly populated regions of the southwestern United States and the Middle East.1,2 This 
is exacerbated by the increased frequency of droughts attributed to climate change.1 Agricultural 
production in these regions is increasingly reliant upon treated wastewater effluent as a source for 
irrigation. Currently, more than 2.4% of municipal wastewater effluent in the U.S. is used for 
irrigation,3,4 but more than 90% is used in some countries that lack freshwater resources, including 
Israel where treated wastewater provides more than 50% of all water used for agriculture.1,5 While 
irrigation with treated wastewater reduces consumption of other valuable freshwater resources, it 
also raises serious health concerns due to the presence of trace organic contaminants of emerging 
concern (CEC) detected in wastewater. These include a range of pharmaceutically active 
compounds that are incompletely metabolized,6-10 pesticides discharged to storm drains of 
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combined sewer systems,11 and other chemicals released from households (e.g., fabric-applied 
flame retardants that leach into laundry wastewater).12 Conventional treatment facilities have not 
been designed to remove these chemicals, and a growing body of research shows that many CEC 
are poorly eliminated by existing treatment systems.13-15 
Although measured CEC concentrations in wastewater effluent are usually very low (ng/L 
–µg/L), they can sometimes exceed established toxicological endpoints like predicted no effect 
levels (PNELs).16 In addition, some reports suggest toxicological effects of mixtures of CEC 
commonly detected together.17 Human exposure through dietary consumption is possible via 
uptake of CEC into food crops irrigated with effluent or grown in soils amended with wastewater 
biosolids.18,19 It follows that better understanding of the physical, chemical, and biological 
processes controlling the fate of CEC in agricultural soils is vital for the responsible use of 
wastewater effluent as an irrigation source.  
A growing number of studies have investigated the sorption and degradation of important 
CEC in soil and aquatic systems, revealing that CEC persistence can vary extensively depending 
on a number of factors, including the chemical in question, soil type, pH, and prior exposure to the 
chemical.20-24 Although these findings have advanced our understanding of CEC fate in soil 
systems, work to date has mostly been limited to aerobic conditions where the dominant electron 
acceptor is oxygen.25,26 In comparison, much less is known about CEC fate under anoxic and 
anaerobic conditions that often dominate just beneath the soil surface and in sediments of flooded 
agricultural systems.27-29 Moreover, aerobic soils can rapidly shift to anaerobic conditions during 
extreme weather events (e.g., flooding) that are increasing in frequency due to climate change. 
Therefore, a more comprehensive understanding of CEC fate and impacts under variable soil redox 
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conditions is critical for developing improved models for predicting fate in agroecosystems and 
assessing the risks associated with non-traditional irrigation sources. 
To date, a small number of studies have begun to compare the fate of CEC in soils 
incubated under aerobic versus anaerobic conditions, and findings show significant differences in 
the persistence of individual CEC.30-32 However, it is difficult to draw deeper mechanistic insights 
from these reports because the anaerobic conditions were typically poorly defined, and the 
prevailing redox conditions, terminal-electron accepting processes (TEAPs), and soil microbial 
communities were not characterized. Studies on the fate of persistent legacy contaminants (e.g., 
halogenated solvents) show that degradation is significantly affected by the prevailing TEAPs that 
directly influence the soil microbial community,33-36 which, in turn, can directly or indirectly 
transform contaminants through metabolic or co-metabolic biological pathways37,38 and abiotic 
reactions with microbial byproducts (e.g., reduced iron and sulfur species).39-41 
In this chapter, we report on the persistence of nine CEC (Table 2.1) that were amended 
together in an agricultural topsoil and incubated under four prevailing TEAP conditions (aerobic, 
nitrate-reducing, iron(III)-reducing, and sulfate-reducing conditions). The target CEC represent 
persistent chemicals that have been commonly detected in treated wastewater effluent.42,43 
Individual TEAP conditions were established in soil microcosms through repeated amendment 
with excess electron donor (ED, acetate) and the desired electron acceptor (EA). EA and ED 
concentrations were monitored to verify establishment of TEAP conditions, and the dominant 
microbial species were identified to confirm the soil microbial community response to the TEAP 
amendments before introducing the mixture of CEC. CEC concentrations and DNA sequences 
were then monitored for a period of 90 days to assess the influence of prevailing TEAP conditions, 
exposure to the CEC mixture, and incubation time on both the soil microbial community and the 
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attenuation of individual CEC. Results from microbially active microcosms were also compared 
with sterilized controls (sterilized after establishing the TEAP in question) to assess the relative 
importance of biological versus biologically mediated abiotic mechanisms for degradation of 
individual CEC. 
2.3 Methods 
2.3.1 Reagents and Soil 
All chemical reagents were of the highest purity available. Amitriptyline (AMP), atenolol 
(ATL), atrazine (ATZ), carbamazepine (CBZ), sulfamethoxazole (SMX), trimethoprim (TMP), 
tris(1-chloro-2propyl) phosphate (TCPP), and tris(1,3-dichloro-2-propyl) phosphate (TDCPP) 
were purchased from Sigma-Aldrich (St. Louis, MO). Tris(2-chloroethyl) phosphate (TCEP) was 
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purchased from Alfa chemistry (Stony Brook, NY). Surrogate isotope-labeled standards 
amitriptyline-d6 (99%D), atrazine-d7 (99%D), atenolol-d6 (99%D), carbamazepine-d10 (99%D), 
sulfamethoxazole-d4 (99%D), and trimethoprim-d9 (99%D) were purchased from CDN isotopes 
(Quebec, Canada); TCEP-d12 (97%D) was purchased from Sigma-Aldrich. QuEChERs extract 
pouches (6.0 g magnesium sulfate and 1.5 g sodium acetate) were purchased from Agilent 
Technologies (Santa Clara, CA). Bond Elut strong anion-exchange (SAX) cartridges (1000 mg, 6 
mL) and Oasis hydrophilic-lipophilic balance (HLB) cartridges (500 mg, 6 mL) were purchased 
from Agilent (Santa Clara, CA) and Waters (Milford, MA), respectively. Unless otherwise noted, 
solutions were prepared inside a controlled-atmosphere glovebox (~98% N2, ~2% H2, Pd catalyst; 
Coy Laboratory) using deoxygenated deionized water prepared in the following manner: First, 20 
L of filtered (0.45 μm) deionized water (Synergy UV-R, EMD Millipore, 18.2 MΩ-cm resistivity) 
water was heated to 70 C and stirred continuously on a hot plate while sparging with 99.9% N2 
gas for 4 h. The water was then transferred into the anaerobic chamber and equilibrated with the 
chamber atmosphere overnight with the cap open. All glassware and dry reagents were also 
exposed to the anaerobic chamber atmosphere for several hours prior to use to ensure off-gassing 
of any residual O2. Deoxygenated solutions were then prepared inside the glovebox by mixing 
reagents with previously prepared deoxygenated water. 
Agricultural topsoil was collected from a soybean field on the University of Illinois South 
Farms (Urbana, IL). The soil was homogenized and sieved to remove particles greater than 2.36 
mm and stored at 4 C until used. Soil analyses (A&L Great Lakes Laboratories, Fort Wayne, IN) 
revealed a silty clay loan with 50% silt, 41% clay, and 9% sand. Bulk chemical analysis showed 
4.5% organic matter and 2.2% iron, pH 6.1, and a 5-min Mehlich III extraction yielded 2600 mg/kg 
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Ca, 785 mg/kg Mg, 203 mg/kg K, 64 mg/kg Fe, 9 mg/kg Mn, 10 mg/kg S, 2.2 mg/kg Zn, and 2.7 
mg/kg Cu. 
2.3.2 TEAP Establishment 
The TEAP conditions were established by adding 250 g sieved soil to a 1 L jar for each 
condition (i.e., aerobic, nitrate-, ferric-, and sulfate-reducing). After the soil was equilibrated 
overnight inside the anaerobic glovebox (aerobic TEAP was equilibrated outside of glovebox), a 
mixture of electron donor (ED; acetate), electron acceptor (EA), and deoxygenated water was 
added to each TEAP incubation (conditions summarized in Table 2.2). The residual H2 in the 
headspace of each reactor resulting from the anaerobic chamber atmosphere did not significantly 
affect the development of the microbial community in each reactor because its maximum available 
concentration was low (e.g. ~0.27 mM) compared to the added EA (Table 2). Microcosms were 
then sampled periodically to monitor concentrations of acetate and the appropriate EA, and re-
spiked after depletion to verify the development of the desired TEAP conditions. The pH of each 
incubation was buffered at 7.3 after adding 10 mM NaHCO3. After depletion of the second spiked 
ED/EA mixture, the TEAP-developed soil was split into smaller replicate reactors before adding 
the CEC mixture together with another spike of EA to initiate the CEC incubation experiments 
(see Section 2.3.3). A subset of the replicate reactors was sterilized by wet autoclaving before 
adding the CEC/EA mixture to serve as sterile control reactors. Another subset of the reactors was 
spiked only with EA (no CEC added) to serve as non-CEC bioactive controls to assess the 
influence of CEC addition on the subsequent EA time course profile and soil microbial community 
under each TEAP condition. 
Porewater concentrations of acetate, nitrate, and sulfate were measured by ion 
chromatography with conductivity detection (IC; Dionex ICS-90, Sunnyvale, CA). Fe(II) 
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concentration was monitored to track Fe(III) reduction. Briefly, 1 mL of well-mixed aliquot 
(aqueous + solid collected from the middle of the reactor) was adjusted to pH 2 using 0.1 M HCl 
to extract Fe(II) from soil and mineral solids. After equilibrating for 2 h, the sample was filtered 
and analyzed using the Ferrozine colorimetric method ( = 562 nm).44  
 
2.3.3 CEC Degradation Experiment 
After each TEAP was established in the large batch microcosms, excess supernatants were 
removed, and additional EA was added to the resulting wet soil mixture before splitting into 
smaller replicate reactors. Briefly, 9.4 g splits of the wet soil from each TEAP condition were 
transferred to a series of replicate 30 mL amber serum bottles (three replicates per timepoint for 
each TEAP condition). After equilibrating overnight, an aqueous mixture (200 µL) of the nine 
CEC were introduced into each reactor. No organic solvents were used in the preparation of the 
CEC stock solutions to avoid introduction of additional organic amendments/electron donors other 
Table 2.2. Solution composition and microcosm amendments used to 
initially establish TEAPs 
TEAP pH b [ED] [EA] 
Anaerobic water 
control 
7.25 ± 0.3 0 0 
Aerobic a 7.18 ± 0.3 5 mM Acetate Saturated air 
Nitrate-reducing 7.26 ± 0.3 5 mM Acetate 8 mM NaNO3 
Ferric-reducing 7.28 ± 0.3 5 mM Acetate 
10 mM 
Fe(OH)3 
Sulfate-reducing 7.18 ± 0.3 5 mM Acetate 5 mM NaSO4 
a Aerobic incubation was conducted outside of glovebox using 
oxygenated water, buffer, and stock solution. 
b pH was buffered with 10mM NaHCO3 at room temperature 
† All incubations were prepared with 250g of soil (dry weight) and 500 
mL water. Soil omitted from the anaerobic water control.  
‡ Two ED/EA depletion cycle were used to establish the TEAPs prior to 




than the CEC. Reactors were initially hand shaken to mix the target CEC but were then maintained 
in the dark without further mixing to mimic natural soil conditions. The final water content in each 
reactor was ~47% (measured gravimetrically). The initial concentration of individual CEC was 90 
ng/g soil, corresponding to a total initial CEC concentration of ~2.9 nmol/g for all nine CEC 
together, lower than CEC concentrations typically used in soil incubation studies,23,26,32 but more 
representative of soils irrigated with treated wastewater (e.g. individual CEC concentration in soil 
ranged from 0.02 – 82.5 ng/g).4,19 
Degradation of the target CEC was then monitored for 90-d in the four TEAP-established 
conditions, where triplicate reactors were sacrificed at each timepoint for analysis of CEC. EA 
concentrations were measured throughout the incubation, and a small fraction of wet soil (0.25 g) 
was collected from selected reactors for DNA analysis. Heat-sterilized control reactors were also 
prepared in a similar manner to assess the role of biotic versus abiotic pathways for CEC 
degradation. Sterilization of the replicate reactors containing different TEAP-established wet soils 
was accomplished by wet autoclaving at 130C for 2 h on three consecutive days. CEC were added 
after sterilization and monitored in the same manner as the corresponding unsterilized microcosms. 
Water control reactors (sterile and non-sterile) were prepared in parallel to the bioactive and sterile 
TEAP reactors with same experimentation parameters to monitor the effect of hydrolysis to the 
degradation of CEC. Non-CEC bioactive control (i.e., reactors only amended with EA, no CEC) 
were also prepared to evaluate the potential impacts of exposure to the CEC mixture and 
degradation byproducts on the soil microbial community. 
2.3.4 CEC Extraction and Analysis 
CEC soil extraction, sample cleanup, and LC-MS/MS analysis procedures were adopted 
from previous reports.24,45 Briefly, 11 mL DI water and 15 mL acetonitrile were added to each 
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sacrificed replicate reactor along with 6 ng/g of individual isotope-labeled CEC surrogates. The 
mixture was then vortexed for 2 min before slowly adding the QuECHERs extract buffer. The 
extract mixture was manually shaken for 1 min and placed on a shaker table (750 rpm) for 3 min 
before centrifuging at 3,100 g for 4 min. 10 mL of the supernatant from each sample was then 
transferred to a clean media bottle, evaporated to dryness using a N2 blower, and reconstituted with 
60 mL methanol-water solution (3:97, v/v). The reconstituted soil extract then underwent multi-
stage solid phase extraction (SPE). First, a strong anion exchange cartridge (Bond Elut SAX) was 
placed in tandem with a polymeric cartridge (Oasis HLB). Both cartridges were conditioned with 
5 mL methanol and 5 mL deionized water before the diluted soil extract was eluted at 1 mL/min. 
The media bottle was further rinsed with 10 mL of DI water and loaded onto the cartridges to 
collect any residual CEC off the reactor glass surfaces. The cartridges were subsequently washed 
with 5 mL DI water before drying under vacuum for 45 min. The SAX cartridge was then removed 
before eluting the CEC off the polymeric cartridge with 2 × 5 mL of methanol (1 mL/min). The 
resulting eluate was evaporated to dryness under a stream of N2 and reconstituted with 2 mL of 
methanol-water (9:1, v/v) solution, which was later transferred to a HPLC vial (Agilent, Santa 
Clara, CA) and stored in darkness at -20 C until analyzed.  
CEC were analyzed using liquid chromatography with tandem mass spectrometry (LC-
MS/MS) using methods similar to those previously described.24,45 Chromatography was performed 
using two mobile phases – A [HPLC grade water, 4 mM ammonium formate, 0.1% formic acid] 
and B [methanol, 4mM ammonium formate, 0.1% formic acid] delivered at a flow rate of 0.4 
mL/min by a 1200 series Agilent binary pump (Santa Clara, CA). Samples and standards were 
injected (1 mL) by a CTC analytics HTS PAL autoinjector onto a 50  4.6 mm Luna C18 column 
(5 μm particle size; Phenomenex, Torrance, CA) which also equipped with a C18 guard column 
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and cartridge. Initial eluent conditions were 80% mobile phase A and 20% mobile phase B. The 
percentage of B was ramped to 95% over 3 min, held at 95% over 6 min, ramped back down to 
20% over 1 min, and held constant for 5 min. A 3200 Q-Trap MS/MS (ABSciex) operating in 
positive electrospray ionization scheduled multiple reaction monitoring (MRM) mode was used to 
monitor two ion mass transitions for all analytes. The first 4 min of each chromatogram was 
discarded to prevent contamination from the residues of the previous sample. Quantification of 
CEC was performed using MultiQuant software (ABSciex). Two ion mass transitions were 
monitored for each analyte, where the primary transition was used for quantification and the 
secondary for confirmation. Continuous calibration verification samples were included every 20 
samples and blanks were included every six samples. The recovery percentage of all analytes were 
95±3% during for the soil and solid phase extraction combined. 
Pseudo-first-order rate constants (kobs, d-1) and the corresponding half-lives (d) for 
degradation of individual CEC were determined by linear regression analysis (p < 0.05 and r2 > 
0.9) of the resulting time course data. The criterion threshold for the maximum half-life value that 
could be accurately measured was 200 d, corresponding to 30% degradation after 90 d of 
incubation.  
2.3.5 DNA extraction, sequencing, and analysis 
DNA was extracted from triplicate samples and non-CEC bioactive control microcosms 
for all TEAP conditions at three-time points (0, 30 and 90 d) using a Power Soil DNA extraction 
kit (MO BIO Laboratories, INC. Carlsbad, CA). The total genomic DNA extracts of triplicate 
samples were submitted individually to the Research Technology Support Facility at Michigan 
State University for high throughput 16S rRNA gene amplicon sequencing following standard 
protocols.46,47 Briefly, Illumina specific fusion primers amplified the V4 region of the 16S rRNA 
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gene and added unique barcodes to samples in each well (to facilitate pooling and sequencing). 
The amplicons were checked on agarose gel (1%) and equimolar amounts of the samples were 
pooled to normalize results, purified and sequenced on the Illumina MiSeq Sequencing System. 
Following this, the fastq files generated were analyzed using Mothur48 This involved the removal 
of barcode information and the creation of contiguous sequences using the forward and reverse 
reads. 
DNA data processing was performed in R.49 The rRNA gene sequences50 were initially 
analyzed using DADA251 for the following: removal of PCR primer sequences and low-quality 
bases, merging paired end reads, chimeric sequence removal, taxonomy assignment using Silva 
Version 12852, and ASV table construction. Quantitative Insights into Microbial Ecology (QIIME) 
version 1.9 was used to align sequences and construct a phylogenetic tree. The ASV table, 
taxonomy table, metadata, and phylogenetic tree were then imported into Phyloseq53. Principal 
coordinate analysis (PCoA) plots of the processed rRNA gene sequences (i.e. ASVs)50 were 
generated in Phyloseq53 using weighted UniFrac distance matrices54 after singleton removal 
(ASV’s seen only once) and normalization by cumulative sum scaling.55 Consortium percentage 
plots for dominant ASV’s observed under different TEAP and CEC conditions were generated in 
R using Ampvis256 and ggpubr57 for data reformatting and visualization, respectively. The R 
package metagMisc58 was used to determine the lowest level of taxonomic classification. Illumina 
sequencing data sets were deposited in the NCBI Sequence Read Archive under BioProject: 






2.4 Results and Discussion 
2.4.1 Establishment of Variable TEAP Conditions 
Prior to introducing the CEC mixture, saturated soil microcosms were amended repeatedly 
with excess ED/EA combinations, provided in stoichiometrically equivalent amounts (Table 2.2; 
eqs 2.1-2.4),  
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to establish dominant TEAP conditions. Figure 2.1 shows the time course profiles for 
concentration changes of ED and EA in soils amended to achieve (A) aerobic conditions (i.e., 
O2(aq) as EA), (B) nitrate-reducing conditions, (C) iron(III)-reducing conditions, and (D) sulfate-
reducing conditions. Profiles for the monitored analytes demonstrate occurrence of the target 
respiration mode prior to introducing the mixture of CEC (indicated by vertical dashed line) and 
continued monitoring of the EA after the CEC were added (no additional acetate added with the 
CEC) shows that this mode of respiration continued for the full 90 d incubation (additional EA 
was re-spiked as needed). It is worth noting that the reduction of other natural occurring soil 
constituents, such as trace levels of iron(III) minerals, sulfide minerals, and/or manganese 
minerals, besides the targeted EA in each TEAP is limited because EA was supplied in significant 
abundance during the 90-d incubation period. In contrast, no significant changes in EA 
concentrations were observed in the control reactors that were heat-sterilized after establishing the 








Figure 2.1. Time courses for the establishment of different TEAP conditions, showing repeated 
depletion of electron donor (acetate) and the corresponding electron acceptor amendments: (A) 
oxygen, (B) nitrate, (C) Fe(III), and (D) sulfate. Individual reactor conditions summarized in Table 
2.2. Vertical dashed lines indicate timepoints where CEC mixture was added to reactors together 
with another addition of the EA (no additional acetate added). Sterile controls were heat sterilized 
at this same time before adding the CEC+EA. Non-CEC bioactive control represent replicate 
reactors where EA added without CEC at the same time. Error bars represent the triplicate-
averaged standard errors. Aerobic reactors maintained by continuous contact with air, but O2(aq) 
was not monitored. Acetate was not monitored in iron(III)-reducing microcosms due to Fe 







(orange circles). This confirms that sterile conditions were maintained throughout the incubation 
period with CEC. Although O2(aq) was not specifically monitored in the aerobic incubations, O2(aq) 
was maintained in the microcosms by contact with air throughout. 
Notably, after establishing the desired TEAP conditions, similar EA concentration profiles 
were observed in both the biologically active microcosms (i.e., CEC mixture added with EA) and 
the EA-only non-CEC bioactive control reactors. This indicates that sufficient concentrations of 
alternative electron donors were present in the soil matrix to support respiration with the EA 
provided. More importantly, the similarity between EA consumption in CEC-amended reactors 
versus non-CEC bioactive controls indicates that the presence of CEC does not significantly affect 
the dominant respiratory activity occurring in the soil matrix, neither inhibiting the active 
microbial population nor serving as required ED sources. The latter point is consistent with the 
fact that the CEC were introduced at trace levels (CEC = 3.3 µM or 2.9 nmol/g soil) in comparison 
to the added EA concentrations (mM levels; see Table 2.2). 
2.4.2 Microbial Community Structure and Stability 
Results from microbial community analysis confirmed the effects of ED and EA 
amendments on the soil microbial community. Figure 2.2 shows a comparison of microbial 
communities at distinct time points after TEAP establishment and CEC addition using principle 
coordinate analysis (PCoA), an ordination technique to visualize differences between high 
dimensional data.59 PCO1 vs. PCO3 is shown in addition to PCO1 vs. PCO2 because at all time 
points PCO3 explains nearly as much variance between samples as does PCO2 and visualizes 
sample clustering not observed using PCO2. Panels A and B show samples collected after 
establishing each of the dominant modes of respiration and immediately after adding the CEC 
mixture to the microcosms (i.e., Day 0). This analysis reveals distinct clustering by TEAP, 
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Figure 2.2. Principal coordinate analysis of the weighted UniFrac distance matrix comparing 
different TEAP conditions on Day 0 (panels A and B), Day 30 (panels C and D), and Day 90 
(panels E and F).  Left panels compare PCO1 vs. PCO2, and right panels compare PCO1 vs. 
PCO3. Different colors indicate different TEAP conditions, and different shapes indicate 
presence/absence of CEC in the incubation. 
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signifying shifts of microbial communities after consumption of repeated additions of excess 
EA/ED. It is not surprising that the presence/absence of CEC had no effect on the clustering in the 
Day 0 samples since the samples were collected and extracted immediately after spiking the CEC 
mixture into the reactors. 
The same PCoA analysis was performed for samples collected at Day 30 (panels C and D) 
and Day 90 (panels E and F). These analyses show that variance in microbial communities 
generally remain distinct throughout the 90 d incubation period with CEC. Microbial communities 
in the aerobic and nitrate-reducing treatments clustered separately from each other as well as the 
other TEAP conditions throughout the incubation. In comparison, separation of communities in 
the iron(III)- and sulfate-reducing treatments is only apparent when evaluating the third principal 
coordinate (panels D and F). This indicates that the main drivers for variance between different 
EA-treated communities poorly differentiate sulfate- and iron(III)-reducing communities, while 
secondary factors may explain differences between all EA treatments. The overlap may result, in 
part, because many sulfate-reducing bacteria (SRB) are known to use iron(III) and sulfate 
interchangeably as electron acceptors.60,61 
The second PCoA plot (Figure 2.3) evaluates changes in the overall microbial community 
within each TEAP condition over time. The analysis shows that community structure is affected 
by incubation time, with the effects being most prevalent in aerobic, nitrate-, and iron(III)-reducing 
TEAP conditions. Communities in the aerobic and iron(III)-reducing incubations changed most 
over the first 30 d but remain more closely clustered thereafter, indicating establishment of a more 
stable microbial community. Conversely, the community observed in nitrate-reducing microcosms 
was most distinct at Day 90, indicating continued evolution of the community structure for the 
entire incubation period. The community observed in sulfate-reducing microcosms were most 
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stable throughout the time period monitored, indicating that most of the impacts of sulfate 
amendment were likely established before introducing CEC. This may be an indirect result of the 
longer time required to establish sulfate-reducing conditions (56 d vs. 30 d, 18 d, and 41 d for 
aerobic, nitrate-reducing, and iron(III)-reducing conditions, respectively). PERMANOVA 
(Adonis) and beta dispersion values for all PCoA plots are provided Tables A.1 and A.2. The 
highest (least significant) adjusted p-value for comparisons made in Figures 2.2 and 2.3 is 0.017, 
indicating significant effects of the TEAP conditions and incubation time on soil microbial 
communities.  
Figure 2.3. Principal coordinate analysis of the weighted UniFrac distance matrix comparing 
microbial community structure over time for individual TEAPs in both the presence/absence 
of CEC in the incubation. 
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The PCoA analyses shown in Figures 2.2 and 2.3 further demonstrate that addition of the 
CEC mixture to the microcosms did not significantly impact microbial community composition in 
any of the TEAP conditions examined. This is supported by the adjusted p-values obtained when 
comparing individual TEAP microcosms with and without CEC (p 0.1). This finding contrasts 
with findings reported in some earlier studies where addition of CEC significantly affected the 
observed microbial communities 62,63. Although the reason for difference is unclear, it is not 
surprising to see the microbial community did not evolve or shift based on the low concentrations 
of CEC added in the present study (CEC0 = 90 ng/g soil each). Furthermore, the total concentration 
of CEC in the mixture (∑[CEC]0 = 810 ng/g) is also many orders of magnitude lower than the total 
available soil organic matter content (45 mg/g). 
2.4.3 Microbial Taxonomy Dynamics 
To further evaluate the influence of TEAP conditions and incubation time on community 
structure, the ten most abundant taxa observed under each TEAP condition at all three-time points 
are shown in Figure 2.4. These taxa encompass an average of 43.1% of all ASVs identified across 
all microcosms. The abundance of most of these ASVs did not vary significantly between the non-
CEC bioactive control and CEC-containing sample at different time points, further confirming that 
the addition of CEC did not affect the dominant microbial populations. Under aerobic conditions 
(Figure 2.4a), the most abundant taxon belongs to Acidobacteria Subgroup 6. Acidobacteria is one 
of the most abundant soil taxonomies found on Earth,64 and high abundance ASVs from this group 
were also found in the iron(III)- and sulfate-reducing conditions (Figure 2.4c and 2.4d). 
Interestingly, high relative abundance of ASVs assigned to the genus Geobacter were also found 




Figure 2.4. Dominant taxa observed in soil microcosms incubated under (A) aerobic, (B) nitrate-reducing, (C) iron(III)-reducing, 
and (D) sulfate-reducing conditions. Triangles represents samples collected incubations containing CEC, and circles represent 
samples collected from non-CEC bioactive control. Error bars represent the triplicate-averaged standard errors of the consortium 
percentage.   
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Since the reactors were not continuously mixed during the incubations in order to mimic 
natural soil environment, it is possible that O2 diffusion through the soil layers was limited, 
allowing anaerobic conditions to develop deeper in the soil where Geobacter can thrive. Past 
reports also indicate that Geobacter sulfurreducers can use O2 as a terminal electron acceptor.66 
Microbial community analysis of nitrate-reducing microcosms (Figure 2.4b) show a clear 
dominance by species originated from Flavisolibacter, a genus in the Bacteroidetes phylum. This 
genus has a small number of species with validly published names (F. ginsengiterrae, F. 
ginsengisoli,67 F. rigui,68 F. swuensis69 and F. ginsenosidimutans70), the majority of which were 
isolated from soils. Under both iron(III)- and sulfate-reducing conditions, ASVs from 
Bacteroidetes VadinHA17, a class in the Bacteriodetes phylum often found in anaerobic 
digestors,71 were present at high levels. The abundance of Bacteroidetes vadinHA17 in both 
iron(III)- and sulfate-reducing TEAP conditions supported the findings from the PCoA analysis 
showing similar microbial community compositions for these two TEAPs (Figure 2.2c). A 
common finding among all four TEAP conditions was the frequent occurrence of ASVs from 
Tepidisphaeraceae, a family in the Planctomycetes phylum, and Anaeromyxobacter, a genus in 
the Proteobacteria phylum, indicating ASVs from these taxa groups can survive under a range of 
redox conditions. 
The observed shifts of the top ten most abundant taxa groups during the three-month 
incubation period with CEC for each TEAP condition resonates with the PCoA results calculated 
based on the global microbial community population in each reactor. For example, under aerobic 
TEAP conditions (Figure 2.4a), the population of taxon group Bacteroidetes VadinHA17 gradually 
increased and changed significantly over 90 days, whereas the population change for taxa groups 
Proteobacteria Comamonadaceae and Bacteroidetes WCHB1-32 occurred mostly within the first 
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30 days. Similar trends were observed in the iron(III)-reducing TEAP (Figure 2.4c) for the 
population of Bacteroidetes VadinHA17 and Bacteroidetes WCHB1-32. These results confirm that 
the microbial community structure evolved most significantly during the first 30 d of incubation, 
but gradually stabilizes thereafter. For nitrate-reducing conditions (Figure 2.4b), the population of 
Acidobacteria Subgroup 7 and Proteobacteria Anaeromyxobacter noticeably changed over 90 
days, while the population of Flavisolibacter shifted most significantly between Day 30 and 90. 
Again, this agrees with results from the PCoA analyses showing continued evolution of the 
microbial community through the 90 d nitrate-reducing incubation. Lastly, none of the top ten 
most abundant taxa observed in the sulfate-reducing incubations (Figure 2.4d) shifted significantly 
during the incubation, consistent with the PCoA analyses and indicating that the effects of sulfate 
amendment occur mostly established before introducing CEC on Day 0. 
2.4.4 Degradation of CEC 
Of the nine CEC introduced to the soil microcosms (Table 2.1), eight were observed to 
degrade under different TEAP conditions in bioactive and/or sterile control reactors (Figures 2.5-
2.8), indicating most of the investigated CECs are prone to abiotic and/or microbially induced 
degradation in the four redox environments. In comparison, no degradation of any CEC was 
observed in sterile water controls, verifying the important roles of soil properties and microbial 
activity to attenuation. Table 2.3 summarizes the observed half-lives for each CEC under the 
investigated TEAP conditions. The observed behavior of individual CEC during incubations can 
be categorized into three groups: (i) no degradation occurred in any incubation (bioactive or 
sterile); (ii) both abiotic and biological degradation processes observed, and (iii) only direct 
biodegradation processes observed.  
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(i) No degradation: Concentrations of Carbamazepine (CBZ), a medicine primarily used as 
an anticonvulsant agent, remained stable in all incubations, including both bioactive reactors and 
the corresponding sterile controls (Figure 2.5). This indicates its resistance to a variety of 
microbial metabolisms and abiotic redox reactions.  
(ii) Abiotic and biotic degradation: In contrast to CBZ, atrazine (ATZ), the most commonly 
used herbicide in the U.S.,72 and sulfamethoxazole (SMX), a sulfonamide antibiotic used in human 
and veterinary applications, showed notable degradation in both bioactive incubations and sterile 
controls (Figure 2.6). In the sterile controls, ATZ degraded most rapidly in reactors sterilized after 
establishing sulfate-reducing conditions (t1/2 = 20 d) and was most persistent in reactors sterilized 
after establishing aerobic conditions (t1/2 = 64 d). The observed rates for SMX degradation in the 
sterile controls followed a trend of aerobic (t1/2 = 1.1 d) ≈ sulfate-reducing (t1/2 = 1.8 d) >> iron(III)-
reducing (t1/2 = 8 d) ≫ nitrate-reducing (t1/2 = 47 d) conditions, similar to the TEAP-dependent 
trend observed for ATZ.  
Figure 2.5. Kinetics profiles of CBZ observed in sterile (heat killed) control and biologically 
active soil microcosms under different prevailing TEAPs. Reaction conditions: [Individual 
CEC]0 = 90 ng/g soil, 250C, pH 7.2±0.3.  
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Under bioactive condition, rates of ATZ degradation increased under all TEAP conditions 
(relative to the corresponding sterile controls) except for sulfate-reducing conditions. For SMX, 
degradation rates under aerobic, sulfate-reducing, and nitrate-reducing conditions were 
comparable to rates observed in the corresponding sterile controls (t1/2 = 1-2 d for aerobic and 
sulfate-reducing conditions; t1/2 = 42-47 d for nitrate-reducing conditions), whereas degradation 
rates increased considerably in the iron(III)-reducing conditions to match those observed under 
aerobic and sulfate-reducing conditions. The similar rates of ATZ degradation under the sulfate-
reducing TEAP conditions and SMX in the aerobic, sulfate-reducing, and nitrate-reducing TEAP 
conditions suggests a predominance of abiotic degradation processes under these TEAP 
conditions.  
Figure 2.6. Kinetics profiles of A) ATZ and B) SMX observed in sterile (heat killed) control and 
biologically active soil microcosms under different prevailing TEAPs. Reaction conditions: 
[Individual CEC]0 = 90 ng/g soil, 250C, pH 7.2±0.3. 
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(iii) Biotic degradation only: Six CECs, including the three chlorinated organophosphate 
flame retardants (OPFRs), the tricyclic antidepressant drug amitriptyline (AMP), the anti-
hypertension drug atenolol (ATL), and the antibiotic trimethoprim (TMP), were observed to 
degrade only in bioactive reactors, indicating primarily biodegradation mechanisms for attenuation 
in soil. Among the OPFRs (Figure 2.7), both TCPP and TDCPP exhibited half-lives of 73 days 
under the sulfate-reducing conditions but remained largely undegraded in the other TEAP 
incubations. In contrast, TCEP, an analogue of TCPP and TDCPP, was found to be unreactive in 
sulfate-reducing incubations but degraded slowly in the aerobic (t1/2 = 65 d) incubation. 
Compared to the OPFRs, more significant degradation of AMP, ATL, and TMP was 
observed under a wider range of TEAP conditions (Figure 2.8). In the sterile control reactors, a 
sharp decrease in concentration of the three compounds was observed in the early stage of the 
experiment, but no significant further changes were observed throughout the incubation, 
suggesting that the initial loss occurred by irreversible adsorption on soil particles (i.e., 
unextractable residues). Similar adsorption phenomenon has been reported for other organic 
micropollutants in soil environments.21,73 In the bioactive reactors, first-order decay was observed 
for AMP in the aerobic, iron(III)-reducing, and sulfate-reducing TEAP conditions, with 
corresponding half-lives of 51, 51, and 59 days, respectively. For ATL, first-order decay was 
observed across all TEAP conditions, with the fastest rate of degradation being observed under 
nitrate-reducing conditions (t1/2 = 28 d) and the slowest being observed under iron(III)-reducing 
conditions (t1/2 = 52 d). Lastly, the biodegradation of TMP was observed in sulfate-reducing (t1/2 





Figure 2.7. Kinetics profiles of A) TCPP, B) TCEP, and C) TDCPP observed in sterile (heat 
killed) control and biologically active soil microcosms under different prevailing TEAPs. 





Figure 2.8. Kinetics profiles of A) AMP, B) ATL, and C) TMP observed in sterile (heat 
killed) control and biologically active soil microcosms under different prevailing TEAPs. 




The observed trends in both the microbial community and CEC degradation observed 
under different TEAP conditions can be combined with past reports on the chemical and biological 
degradation of these and structurally related chemicals to gain more insights into the active 
mechanisms responsible for CEC degradation in soils. The fact that the addition of CEC had no 
discernable effect on the soil microbial community indicates that larger environmental factors are 
determinative of the community and its functions, which may include direct or indirect 
transformation of CEC. 
Analysis of CBZ fate during incubations showed that the anticonvulsant drug was 
recalcitrant to both abiotic and biological degradation in the soil under all TEAP conditions (Figure 
2.5). This finding agrees with past work showing its recalcitrance in soil microcosm studies.74 
Furthermore, CBZ has been found to be one of the most recalcitrant CEC within wastewater 
Table 2.3. Half-life (d) of CEC under different TEAPs in biologically active and sterile 
conditions. 




 Active Sterile Active Sterile Active Sterile Active Sterile 
No degradation occurred in any incubation (bioactive or sterile) 
CBZ N/A a N/A N/A N/A N/A N/A >200 N/A 
Both abiotic and biological degradation processes observed 
ATZ 29±1.9 64±5.7 44±2.0 55±7.7 24±0.8 33±2.3 20±1.0 20±2.2 
SMX 1.3±0.1 1.1±0.3 42±3.9 47±5.7 1.2±0.1 7.8±0.4 1.6±0.3 1.8±0.3 
Only biodegradation processes observed 
TCPP >200 N/A N/A N/A N/A N/A 73±8.9 >200 
TCEP 65±6.1 >200 N/A >200 >200 N/A N/A >200 
TDCPP N/A >200 N/A >200 N/A >200 73±8.9 N/A 
AMP 51±5.4 N/A N/A N/A 51±5.4 N/A 59±6.3 N/A 
ATL 33±3.5 N/A 28±1.1 N/A 52±3.7 >200 48±3.9 N/A 
TMP 38±4.2 N/A N/A N/A 27±3.6 N/A 43±5.2 N/A 
a Half-lives cannot be determined because first-order degradation trend was not observed 
b Uncertainties represent triplicate-averaged standard errors. 
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treatment facilities.14 The data also indicates that abiotic reactions with natural and biogenic soil 
constituents is negligible.75,76 Although CBZ contains an electron-rich olefin moiety, there are no 
other obvious functional group targets for chemical oxidation or reduction in environmental 
systems. Advanced wastewater treatment processes, e.g., ozonation or UV-peroxide,77-79 will be 
required to eliminate CBZ from effluent if exposure to this compound in food crops presents a 
significant health risk to consumers. For example, Hu et al. discovered that permanganate and 
ferrate can rapidly oxidize CBZ by electrophilic attack at the olefinic group in its central 
heterocyclic ring and other functional groups in CBZ were found inert in the presence of these 
chemicals.80 At the other end of the spectrum, extensive degradation of ATZ and SMX was 
observed in both sterile and biologically active conditions associated with several TEAPs (Figure 
2.6). Both chemicals degraded rapidly under sulfate-reducing conditions, with sterilization having 
little effect on the observed degradation rates. This suggests ATZ and SMX abiotically react with 
reduced sulfur species (e.g., HS-, sulfide minerals) formed via dissimilatory sulfate reduction 
processes. This was documented (Figure 2.1d) and supported by microbial community analysis 
where Bacteroidetes VadinHA17 and Acidobacteria Subgroup 6 were the top two most abundant 
taxa groups identified in this TEAP condition (Figure 2.4d), and species within these groups have 
been shown to use sulfate as a terminal electron acceptor.81,82 Past studies have reported reduced 
sulfur species can initiate the dechlorination of ATZ via abiotic nucleophilic substitution 
reactions.83 Recent work also documented abiotic reductive transformation of the isoxazole moiety 
within the SMX structure via reactions with Fe(II), which is also generated under sulfate-reducing 
conditions and combines with reduced sulfur to form reactive iron sulfide minerals.84 Abiotic 
reactions with mineral-associated species may also contribute to the degradation of ATZ and SMX 
observed under other TEAP conditions. Fe(II) species generated by dissimilatory iron(III)-
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reducing microorganisms can serve as chemical reductants for dechlorination of ATZ and 
isoxazole ring cleavage in SMX, and Fe(II) adsorption to soil mineral surfaces has been shown to 
significantly enhance its reactivity with a variety of contaminants.41  Moreover, abiotic oxidation 
and hydrolysis processes involving Fe and Mn minerals are other important contributors to the 
degradation of the two chemicals observed under other TEAP conditions. For example, Shin and 
Cheney reported Mn mineral birnessite can catalyze the dealkylation and hydrolysis of ATZ, and 
oxidation of the aromatic amine moiety in SMX by reaction with Mn oxide minerals is well 
documented.85-88 Aerobic conditions may enhance these processes by re-oxidizing reduced Mn 
products (e.g., Mn(II)) to maintain Mn(III/IV) minerals phases in the aerobic reactors that can 
further oxidize SMX.88,89 
Rates of ATZ and SMX degradation increased under bioactive conditions for selected 
TEAPs. Biodegradation of ATZ has been broadly reported in soil and sediments.90-93 Here, the 
most notable enhancement in rates (relative to sterile controls) occurred in aerobic incubations. 
The dominant ASVs observed in these incubations belong to the taxa groups Acidobacteria 
Subgroup 6 and Geobacter. However, these do not correspond to microbial species previously 
reported to biodegrade ATZ.94-97 Thus, either the species identified here are also able to metabolize 
or co-metabolize ATZ using O2 as an EA, or more minor species were responsible for the observed 
degradation. For SMX, the most notable enhancement observed under bioactive conditions 
occurred under iron(III)-reducing conditions. However, the short half-life observed (1.2 d) is more 
consistent with abiotic transformation. Since heat sterilization can alter the structure of soil 
minerals,98 it is possible that important SMX-reactive iron or sulfur species in these incubations 
were converted to less-reactive forms upon autoclaving (hence, the slower observed rate of 
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degradation in the sterilized controls). Still, further study is needed to make a more definitive 
conclusion.  
Appreciable degradation of the remaining CEC, including the three chlorinated 
organophosphate flame retardants (OPFRs: TCPP, TCEP, and TDCPP), AMP, ATL, and TMP, 
was only observed in bioactive incubations (Figure 2.7-2.8). To our knowledge, this is the first 
report demonstrating biodegradation of chlorinated OPFRs under environmentally relevant 
conditions; previous reports have been limited to non-halogenated aromatic OPFRs.99,100 
Degradation of TCPP and TDCPP was observed under sulfate-reducing conditions, suggesting that 
species enriched solely in this TEAP conditions are responsible for the transformation. 
Hydrogenispora, a genus in the Firmicutes phylum and Gemmatimonadaceae, a family in 
Gemmatimonadetes phylum are two putative taxa that were exclusively found to be abundant in 
the sulfate-reducing microcosms (Figure 2.4d). These taxa are commonly found in anaerobic 
wastewater sludges and agricultural soils,101,102 yet little is known about their ability to metabolize 
synthetic organic contaminants due to the lack of isolated pure culture studies. Although 
structurally similar to TCPP and TDCPP, only minimal loss of TCEP was observed under sulfate-
reducing conditions. Instead, degradation of TCEP was only observed under aerobic conditions. 
The taxon group that was found to be abundant in this condition is Verrucomicrobia OPB34 soil 
group, most often identified in soils and marine environments.103 Phylotypes in the 
Verrucomicrobia OPB34 soil group have not been previously shown to degrade synthetic organic 
contaminants.103 More controlled pure culture studies are required to definitively assess the 
potential biotransformation of the OPFRs by the Firmicutes Hydrogenispora, Gemmatimonadetes 
Gemmatimonadaceae, and Verrucomicrobia OPB34 soil group.  
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Recalcitrance of the chlorinated OPFRs to abiotic degradation under iron(III)- and sulfate 
reducing TEAP conditions was surprising in light of recent reports that hydrolysis of these 
compounds is catalyzed by iron(III) (hydr)oxide minerals,24 and past reports documenting abiotic 
reductive dehalogenation of chloroalkanes by a variety of iron(II) and sulfide mineral solids that 
form under dissimilatory iron- and sulfate-reducing conditions.104,105 Such reactions appear to be 
inhibited in the soil incubations conducted here. Strong interactions between the OPFRs and other 
soil components (e.g., organic matter) may limit OPFR-mineral interactions critical to these abiotic 
reaction mechanisms. 
Biodegradation of AMP, ATL and TMP occurred more rapidly and under a wider range of 
TEAP conditions than observed for the OPFRs. A previous study linked rates of AMP 
biodegradation to soil organic matter content, but the active phylotypes and terminal electron-
accepting conditions were not reported.106 In the present study, Geobacter was found to be 
abundant in all three TEAP conditions where significant loss of AMP was observed (aerobic, 
iron(III)- and sulfate-reducing conditions). The structure of AMP contains two aromatic rings, and 
anaerobic pathways for degradation of aromatic hydrocarbons have been documented for 
Geobacter.107,108 Alternatively, it is worth noting that AMP is structurally related to CBZ, which 
was recalcitrant in these same microcosms, differing only in the position of a central olefin group 
and the addition of a tertiary alkylamine group. It follows that these functional groups may be the 
active site of biotransformation, but further identification of transformation products is needed to 
confirm this. 
ATL was the only target CEC that was biodegraded under all the TEAP conditions 
examined, suggesting susceptibility to a variety of metabolic pathways. Past reports documented 
the biodegradation of ATL under aerobic and nitrate-reducing conditions,109,110 but no community 
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analysis was conducted. While these findings suggest that ATL will be readily degraded under 
wide ranging soil conditions, it limits our ability to infer species that might be responsible for 
transforming the compound. ASVs belonging to two taxa groups thrived in all the investigated 
TEAPs: Tepidisphaeraceae, a family in the Planctomycetes phylum, and Anaeromyxobacter, a 
genus in the Proteobacteria phylum. The ATL structure contains two functional groups unique 
among the target CEC, alcohol, and amide groups, which may be highly susceptible to 
biotransformation under different TEAP conditions.  
TMP biodegradation was observed in all microcosms with the exception of nitrate-reducing 
conditions, consistent with previous reports documenting both aerobic and anaerobic 
biodegradation.21,111 Still, the importance of TEAP conditions and the active microbial community 
remain largely unknown. ASVs from four taxa groups were found to be abundant in the TEAPs 
where significant TMP loss was observed: Verrucomicrobia DA101 soil group, Bacteroidetes 
VadinHA17, Acidobacteriacease Subgroup 1, and Acidobacteria Subgroup 6. As with ATL, the 
fact that TMP biodegradation is observed under most of the conditions examined limits our ability 
to infer the most important species responsible for its transformation. 
Parallel monitoring of the soil microbial communities and CEC degradation patterns reveal 
important implications for using treated wastewater to irrigate agricultural soils. Most importantly, 
findings indicate that exposure to trace levels of many CEC (90 ng/g each) does not exert 
significant impacts on the major microbial communities that developed upon shifts in the dominant 
TEAP conditions. This contrasts with results reported in earlier studies, possibly because the initial 
CEC concentrations used here were 10 to 100 times lower than those used in some previous 
studies.62,112,113 However, a recent report by some of the present authors did show shifts in the 
microbial community in some soils when exposed to selected CEC at concentrations as low as 50 
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ng/g soil. This difference may result from the different source soils and the number of EA depletion 
cycles used to develop each TEAP.63 Further work is needed to confirm if this finding holds for a 
wider range of wastewater-derived CEC, soil sources (e.g., soil with lower organic matter and clay 
content), soil moisture conditions, and availability of electron donors and acceptors in the soil 
system.  
2.4.6 Conclusion 
Although development of anaerobic conditions is typically associated with decreased rates 
of contaminant transformation, results observed in this chapter indicate that most biodegradable 
CEC are subject to transformation under multiple prevailing TEAP conditions. In fact, cycling of 
soil redox conditions may be important for achieving attenuation of a wider range of wastewater-
derived trace organic contaminants. While aerobic conditions were sufficient for degradation of 
some CEC, effective attenuation of others required or was optimal under alternative TEAP 
conditions. This was observed to be the case even within the same class of chemicals; whereas 
TCEP degradation occurred under aerobic conditions, the two other OPFRs (TCPP and TDCPP) 
required sulfate-reducing conditions to develop before appreciable degradation was observed. 
Results in this chapter also demonstrated that biologically mediated abiotic reactions are 
important, sometimes predominant, contributors to the attenuation of some CEC. Thus, indirect 
effects of changing TEAP conditions (e.g., formation of reactive mineral phases by dissimilatory 
iron and sulfate-reducing species) need to be considered along with direct effects on the microbial 
population when assessing contaminant fate. 
Finally, analysis showed that some wastewater-derived CEC may be recalcitrant to natural 
biotic and abiotic processes occurring in irrigated soils regardless of the prevailing TEAP 
conditions (e.g., CBZ). These compounds should be prioritized for further ecotoxicological and 
59 
 
crop uptake studies to ensure that public health is not compromised when using treated wastewater 
for irrigation. Ultimately, this may lead to best practices that further minimize risks presented by 
these compounds (e.g., targeted monitoring or treatment of these chemicals).   
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MINERAL- AND BASE- CATALYZED HYDROLYSIS OF ORGANOPHOSPHATE FLAME 
RETARDANTS: POTENTIAL MAJOR FATE-CONTROLLING SINK IN SOIL AND 
AQUATIC ENVIRONMENTS  
A modified version of this chapter was published in Environmental Science & Technology 
Yida Fang, Gary Vanzin, Alison M. Cupples, Timothy J. Strathmann† 
3.1 Abstract 
The ubiquitous occurrence of organophosphate flame retardants (OPFRs) in aquatic and 
soil environments poses significant risks to human health and ecosystems. In this chapter, we 
report on the hydrolysis of six OPFRs and three structural analogues in the absence and presence 
of metal (hydr)oxide minerals. Eight of the target compounds showed marked degradation in 
alkaline solutions (pH 9-12) with half-lives ranging from 0.02 – 170 d. Kinetics follow a second-
order rate law with apparent rate constants for base-catalyzed hydrolysis (kB) ranging from 0.69 – 
42,000 M-1 d-1. Although hydrolysis in homogenous solution at circumneutral pH is exceedingly 
slow (t1/2 > 2 y, except for tris(2,2,2-trichloroethy) phosphate), rapid degradation is observed in 
the presence of metal (hydr)oxide minerals, with half-lives reduced to <10 d for most of the target 
OPFRs in mineral suspensions (15 m2/L mineral surface area loading). Liquid chromatography-
tandem mass spectrometry analysis of transformation products confirmed ester hydrolysis as the 
 
†Reproduced with permission from Fang, Yida; Kim, Erin; Strathmann, Timothy J., Mineral- and 
base-catalyzed hydrolysis of organophosphate flame retardants: Potential major fate-controlling 
sink in soil and aquatic environments. Environmental Science & Technology 2018, 52, (4), 1997-
2006. Copyright 2018 American Chemical Society. Fang and Strathmann designed the study and 
drafted the manuscript. Fang conducted the majority of the experiments and analyzed the data; 
Kim helped setup the abiotic batch experiments and collected data for the kinetics study. Fang, 
Kim, and Strathmann are affiliated with Colorado School of Mines. 
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active degradation pathway. Values of kB for individual OPFRs are highly variable and correlate 
with acid dissociation constants (pKa) of the corresponding alcohol leaving groups. In contrast, 
kinetic parameters for mineral-catalyzed reactions are much less sensitive to OPFR structure, 
indicating that other factors like mineral-OPFR interactions are rate controlling. Given the 
documented recalcitrance of OPFRs to biodegradation and photodegradation, these results suggest 
that mineral-catalyzed hydrolysis may be a major fate-controlling sink in natural environments. 
3.2 Introduction 
Organophosphate flame retardants (OPFRs; Table 3.1) are widely used as additives in 
residential and commercial products, including building materials, furniture, plastics, and 
electronic equipment.1 Their production over the past decade has increased exponentially due to 
the phaseout of brominated flame retardants. Because OPFRs are not chemically bonded to the 
materials they are added to, they readily leach over time.2 Major pathways for entry into soil and 
aquatic environments include rainfall/snow melting, laundry wastewater, stormwater runoff, and 
desorption from soil,3-6  and OPFRs have been detected in a number of aquatic systems, including 
wastewater treatment plants, surface water, sediments and groundwater.7-12 For example, the 
estimated discharge of tris(1-chloro-2-propyl) phosphate (TCPP) to U.S. rivers is 400 metric tons 
per year.4  
Despite benefits to public safety and property losses,7 release of OPFRs into the 
environment poses significant risks to human health and ecosystems. OPFRs have been detected 
in human milk, urine, serum, and adipose tissues,13-16 and potential health effects include cancer, 
neurotoxicity, endocrine disruption, and reproductive impacts.17-22 They have also been detected 




Table 3.1. OPFRs and structural analogues  
General Structure 
 
Structures used in this study 

























a Structures with bolded titles are organophosphate compounds used as flame retardants 
(OPFRs) or precursors for plasticizers and OPFRs. 
b Structures with italicized labels are structural analogues of OPFRs used here for structure-
reactivity analyses. 
 
Risks associated with OPFR release is compounded by their recalcitrance to many biotic 
and abiotic degradation processes.26,27 To date, only limited information is available regarding 
their natural attenuation.12 Reports of biodegradation have been limited to studies of aromatic 
OPFRs in activated sludge28 and tris(2-chloroethyl) phosphate (TCEP) in enriched cultures.29 
Investigations of photochemical degradation of OPFRs in lake and river water revealed variable 
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persistence, with chloroalkyl phosphates being the most recalcitrant group.30,31 Their 
organophosphate ester core structure suggests that hydrolysis may be an important natural 
attenuation mechanism.32 However, a recent report indicates that aqueous hydrolysis of OPFRs is 
extremely slow at pH conditions of natural waters, with appreciable hydrolysis only being 
observed under highly alkaline conditions (e.g., pH 13).33 Similarly, reports of OPFR reactions 
with other relevant nucleophiles (e.g., reduced sulfur species) have been documented, but 
experiments were limited to elevated temperatures and nucleophile concentrati ons (e.g., t1/2 = 6.3 
h at 50C and 10 mM thiophenolate, pH 9).34 
Past reports show that dissolved metal ions and mineral surfaces can catalyze the hydrolysis 
of some organophosphate pesticides (e.g., Mevinphos) and warfare agents (e.g., Soman).35,36 
Elevated concentration of selected transition metal ions, including FeII, CoII, NiII, were found to 
catalyze the hydrolysis of some organophosphate pesticides.37 Moreover, several mineral phases 
were found to catalyze the hydrolysis of organophosphates (e.g., p-nitrophenyl phosphate and 
paraoxon).38,39 While this suggests a potential sink for OPFRs, the nature of the side chains in 
OPFR structures differ somewhat from those found in other organophosphates. Thus, further 
studies are needed to evaluate the potential role of common soil minerals in catalyzing hydrolysis 
of OPFRs and assess the relative importance of these pathways to natural attenuation.  
This chapter examines the effects of common metal (hydr)oxide soil minerals on the 
hydrolytic transformation of OPFRs. Specifically, the aqueous degradation of nine OP triesters 
(six OPFRs and three structural analogs, Table 3.1) were simultaneously monitored in the absence 
and presence of six naturally occurring minerals [iron, aluminum, titanium and silicon 
(hydr)oxides] over a range of pH conditions. Application of sensitive liquid chromatography-
tandem mass spectrometry (LC-MS/MS) methods enabled simultaneous measurement of the 
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hydrolysis of all nine OPFRs in solution at concentrations low enough to prevent competition for 
surface catalytic sites. High resolution mass spectrometry (quadrupole time-of-flight; LC-qToF-
MS) was also used to identify and compare OPFR transformation products in both homogenous 
and heterogeneous reactions. Results from kinetics experiments and product identification studies 
were used to confirm the controlling reaction pathways, reveal structure-reactivity trends, and 
identify mineral characteristics that contribute to the catalysis of OPFR degradation. 
3.3 Methods 
3.3.1 Reagents and Minerals 
TCEP was purchased from Alfa chemistry (Stony Brook, NY), 2,3-TDCPP was purchased 
from BOC sciences (Shirley, NY), and all other organophosphate structures were obtained from 
Sigma-Aldrich (St. Louis, MO). Six representative soil minerals were selected for this study. 
Aluminum oxide (γ-Al2O3; Alumina-C) and silicon dioxide (SiO2 amorphous fumed silica, type 
Aerosil OX50) were provided by Degussa (Frankfurt, Germany), goethite (α-FeOOH; Bayferrox 
910) and lepidocrocite (γ-FeOOH; Bayferrox 943) were obtained from Bayer, and anatase (TiO2; 
Hombikat UV100) was provided by Sachtleben Chemie (Dyusburg, Germany). Hematite (α-
Fe2O3) was prepared previously using an established protocol.40 The crystal structures of these 
materials have been verified by X-ray diffraction, and their N2 BET specific surface areas (m2/g) 
were previously reported to be 90.1, 47.6, 15, 17.6, 250, and 64.5, respectively.41,42 Deoxygenated 
water was prepared in the following manner: First, 20 L of filtered (0.45 μm) deionized water 
(Synergy UV-R, EMD Millipore, 18.2 MΩ-cm resistivity) water was heated to 70 0C and stirred 
continuously on a hot plate while sparging with 99.9% N2 gas for 4 h. The water was then 
transferred into the anaerobic chamber and equilibrated with the chamber atmosphere (~95% N2, 
~5% H2) overnight with cap open. All glassware and dry reagents were also exposed to the 
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anaerobic chamber atmosphere for serval hours prior to use to ensure off-gassing of any residual 
O2. Deoxygenated solutions were then prepared inside the glovebox by mixing the reagents with 
previously prepared deoxygenated water. The target compounds studied here are collectively 
referred to as OPFRs, but three structures not used as flame retardants or precursors were included 
to examine structure-reactivity trends. 
3.3.2 Batch Reaction Kinetics 
A series of abiotic batch experiments were conducted to characterize the degradation of 
OPFRs. Detailed reaction conditions are provided in Table B.1. Reactors were covered with 
aluminum foil and conducted under dark and anoxic conditions inside a thermostatted anaerobic 
glovebox (25C, 95% N2, 5% H2; Pd catalyst: Coy Laboratory). A couple of precautions were 
taken to limit the microbial degradation of OPFRs in this study: First, all chemicals used to make 
solutions were reagent-grade and all solution were filter sterilized (0.45 μm) prior use. Second, all 
experiments were conducted in deoxygenated solutions where microbial processes are general 
muted compared to aerobic solutions, and no exogenous electron donor or acceptor was added that 
might promote microbial growth. It is also worth noting that no OPFR degradation was observed 
after 64 d in mineral-free control reactors at neutral pH, and that rates of hydrolysis measured in 
air-saturated control reactors are similar to rates measured in deoxygenated solutions, something 
that is unlikely if microbial processes are major contributors to the observed degradation. 
Individual reactors contained 30 mL deoxygenated water amended with 5 mM pH buffer and 10 
mM NaCl. For homogeneous reactions (pH 2-12), degradation of OPFRs was monitored for 64 d. 
For heterogeneous reactions (pH 6), sufficient quantity of each mineral was added to individual 
reactors to yield suspensions with 15 m2/L of mineral surface area, and degradation of the OPFRs 
was monitored for 16 d. Additional reactions were conducted with goethite over a wider pH range 
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(6-9), and reactions were monitored for 64 d. Mineral suspensions were continuously mixed during 
reactions by magnetic stirrers to maximize the exposure of mineral surface to the surrounding 
solution. After equilibrating individual batch reactors overnight, reactions were initiated by 
introducing a mixture of the nine OPFRs. The batch reactors were prepared from an aqueous mixed 
stock solution containing 10 mg/L of each OPFR. The aqueous mixed stock solution was prepared 
by mixing concentrated (1 g/L) methanol stock solutions of the individual OPFRs and evaporating 
to dryness with flowing N2 before reconstituting in anoxic water. The initial concentration of each 
OPFR was 200 μg/L, corresponding to a total initial OPFR concentration (∑[OPFR]0) of ~4 μM. 
This was much lower than the estimated mineral surface site concentration of all selected minerals. 
For example, α-FeOOH, which has the lowest surface site density (1.68 nm-2) among the six 
minerals, has an estimated surface site concentration of ~42 μM under conditions examined.43-45 
Furthermore, tests conducted with individual OPFRs showed no difference in reaction rates when 
experiments were conducted using the OPFR mixture. Aliquots (1.5 mL) collected from both 
homogeneous reactions and mineral suspension reactions were immediately quenched by adjusting 
to pH 2 with 1 M HCl (tests showed that OPFRs were stable under acidic conditions). The acidified 
samples were then centrifuged at 20,000  g for 10 min, and 1.3 mL of supernatant was transferred 
to a new centrifuge tube and the process was repeated. 1.1 mL of the final supernatant was then 
transferred to a 2 mL HPLC vial (Agilent, Santa Clara, CA) and stored in darkness at 4 C. until 
analyzed using LC-MS/MS.  
Separate batch reactions were prepared with individual OPFRs to identify transformation 
products. The conditions of these reactions (Table 3.2) were designed to allow for collection of 
sample aliquots after the parent OPFR degraded through ~1, 2, and 3 half-lives. At these times, 
aliquots were collected and processed as described above before analyzing by LC-qToF-MS. 
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3.3.3 Analysis and Modeling 
For LC-MS/MS analysis, two mobile phases – A [HPLC grade water, 4 mM ammonium 
formate, 0.1% formic acid] and B [methanol, 4mM ammonium formate, 0.1% formic acid] – were 
delivered at 0.4 mL/min using a 1200 series binary pump (Agilent). Initial eluent conditions were 
80% A and 20% B. The percent of B was ramped to 95% over 3 min, held at 95% over 6 min, 
ramped back down to 20% over 1 min, and held constant for 5 min. Samples and standards were 
injected (1 mL) by a CTC analytics HTS PAL auto injector onto a 50  4.6 mm Luna C18 column 
with a 5 μm particle size (Phenomenex) also equipped with a C18 guard column and cartridge. A 
3200 Q-Trap MS/MS (ABSciex) operating in scheduled multiple reaction monitoring (MRM) 
mode was used to monitor two MRM transitions for all analytes. The first four minutes of each 
LC-MS chromatogram was discarded to prevent contamination from the residues of the previous 
Table 3.2. Batch reactions with individual OPFRs for LC-qToF-MS analysis of transformation 
products 












10.1 25 CAPS 5 200 
1.80(± 0.01) a x 10-1 
0.17, 0.50, 
2.0 
TTCEP + Goethite 8.92 25 CHES 5 200 4.20(± 0.12) x 10-1 0.50, 1.0, 4.0 
TDCPP 
(homogeneous) 
12.0 25 NaOH 10 200 4.28(± 0.27) x 10-1 0.42, 1.0, 5.5 
TDCPP + Goethite 6.01 25 MES 5 200 3.12(± 0.14) x 100 3.0, 6.0, 30 
TBPP (homogeneous) 10.9 25 NaOH 1 200 5.50(± 0.07) x 10-1 0.5, 2.0, 8.0  
TBPP + Goethite 6.03 25 MES 5 200 1.31(± 0.04) x 100 1.5, 3.0, 15 
2,3-TDCPP 
(homogeneous) 
12.0 25 NaOH 10 200 4.62(± 0.30) x 10-1 0.5, 1.0, 5.5 
2,3-TDCPP + 
Goethite 
6.02 25 MES 5 200 3.22(± 0.19) x 100 3.0, 6.0, 30 
TCEP (homogeneous) 12.0 25 NaOH 10 200 4.88(± 0.47) x 10-1 0.75, 2.0, 12 
TCPP (homogeneous) 5.95 25 MES 5 200 3.73(± 0.32) x 101 35, 70, 105 
TCPP + Goethite 11.9 25 NaOH 10 200 7.07(± 0.63) x 100 12, 22, 35 
TBEP (homogeneous) 12.0 25 NaOH 10 200 1.52(± 0.06) x 101 15, 30, 45 
TBEP + Goethite 6.01 25 MES 5 200 1.62(± 0.20) x 100 2.0, 4.0, 14 
a 




sample. The conditions for the LC-qToF-MS were similar to the LC-MS/MS. Briefly, 
chromatographic separations were conducted using a Shimadzu LC-30AD (Columbia, MO) with 
the same column and mobile phases listed above. A SCIEX Triple ToF 5600+ qToF-MS 
(Framingham, MA) with electrospray ionization (ESI) was operated in positive ionization mode 
and used to collect qToF-MS data. LC-MS/MS and qToF-MS parameters, such as ion spray 
voltage, were optimized to 5500 V; collision gas (argon) energy was 30 V, and source temperature 
was set to 600C. Analytical variability was generally <10% and carryover was minimal.  
Quantification of OPFRs was performed using LC-MS/MS software MultiQuant 
(ABSciex). Two transitions were monitored for each analyte, where the primary transition was 
used for quantification and the secondary for confirmation. Continuous calibration verification 
samples were included every 20 samples and blanks were included every six samples. OPFR 
transformation products (TPs) were analyzed using qToF-MS software PeakView (ABSciex). A 
three-step verification method was used to identify TPs. First, a phosphate fragment (m/z 98.9842) 
was screened for all MS/MS spectra as a first indication that the spectrum might represent a TP of 
the parent OPFR. Then, the parent peak of the MS spectrum was evaluated, and structures having 
the same exact mass as the peak observed were selected as candidate structures, and their 
relationship to the parent OPFR structure was assessed. Lastly, the structures of major fragments 
observed in the MS/MS spectrum were elucidated in relation to the different candidate structures. 
Figure 3.1 shows an example of a TP elucidated from a sample collected from a goethite 
suspension (pH 6) after allowing TBEP to react for 14 d. Once a candidate structure was identified, 
a confirmation step was performed. The peak area of each TP was measured and compared after 
approximately the 1st, 2nd, and 3rd half-lives of their parent OPFR to verify time dependence as a  
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Figure 3.1. LC-qToF-MS/MS spectrum of a potential transformation product identified from a sample collected during reaction 
of TBEP. Reaction conditions are provided in Table 3.2. 
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reaction product. Figure 3.2 shows the diester TP generated from TBEP hydrolysis in goethite 
suspensions. Acid dissociation constants (pKa) of alcohol structures corresponding to the OPFR 
leaving groups were predicted using SPARC (Archem LLC). Pseudo first-order rate constants for 
individual batch reactions were determined by linear regression methods; second-order rate 
constants for base-catalyzed and neutral hydrolysis of individual OPFRs were determined by least-
squares regression analysis using Scientist for Windows (Micromath). 
3.4 Results and Discussion 
3.4.1 Homogenous Aqueous Hydrolysis 
Degradation of OPFRs was observed in both homogeneous and heterogeneous systems, 
with degradation kinetics following a pseudo-first-order rate law (Figures 3.3-3.4). Rate constants 
(kobs, d
-1) are summarized in Table B.1 in Appendix B. In the absence of mineral surfaces, OPFR 
Figure 3.2. Observed time course for the MS/MS peak area of the OPFR diester 




degradation was limited to alkaline pH conditions. Eight of the nine target compounds (TTCEP, 
TDCPP, TBPP, 2,3-TDCPP, TCEP, TCPP, TBEP, and TEP) showed significant degradation 
(defined as 20%) within the 64-d monitoring period; no apparent degradation of TIPP was 
Figure 3.3. Kinetics profiles of OPFRs observed in homogeneous solutions at different pH 
conditions. Detailed reaction conditions listed in Table B.1. Error bars represent the standard 




observed within this period regardless of the pH conditions. Figure 3.5A shows that measured kobs 
values increased dramatically with increasing pH, exhibiting a linear relationship with changing 
OH- concentration. Apart from TTCEP, no significant degradation was found at neutral or acidic 
Figure 3.4. Kinetics profiles for OPFRs observed in in mineral suspensions. Detailed reaction 







Figure 3.5. (A) Influence of pH conditions on the kinetics of homogeneous aqueous 
hydrolysis of OPFRs. (B) Time courses for degradation of TDCPP in the presence of metal 
(hydr)oxide soil minerals at pH 6. Reaction conditions: [OPFR]0 = 200 g/L, 25C, 15 
m2/L mineral solid surface area, 0.01 M NaCl. Solid lines in panel A represent model fits 
of Eqs 3.1 and 3.3 (resulting second-order rate constants listed in Table 3.3). The criterion 
threshold for the minimum value of kobs that could be accurately measured corresponds to 
a half-life of 200 d. Lines in panel B represent pseudo-first order model fits (resulting rate 
constants listed in Table B.1). Error bars represent the triplicate-averaged standard error. 




pH conditions. It follows that OPFR degradation can be described by a second-order rate law, 
where kobs is proportional to [OH-]: 
                           -obs
[OPFR]




− =  
where kB is the apparent second-order rate constant for reaction with OH
- (M-1 d-1). Such a rate law 
is consistent with a base-catalyzed ester hydrolysis mechanism, wherein nucleophilic attack on the 
electrophilic phosphorus atom by OH- is followed by ester bond cleavage and release an alcohol 
leaving group.46 The reaction produces the corresponding phosphate diester and an alcohol as 
transformation products:  
 
Solid lines in Figure 3.5A show the fit of Eq 3.1 to measured data, and the resulting kB 
values are provided in Table 3.3. It follows that hydrolysis of OPFRs is exceedingly slow at neutral 
and acidic conditions, and the reaction is only an important contributor to natural attenuation in 
highly alkaline waters. For the OPFR exhibiting the highest reactivity, TTCEP, appreciable rates 
of degradation are also observed at neutral and acidic pH conditions. Below pH 7, rates are 
independent of pH conditions, consistent with H2O reacting as the nucleophile. Thus, Eq 3.1 can 
be modified to consider both nucleophiles reacting in parallel: 
    
2
-
obs H O 2
[ ]




− = +  
Similar rate laws have been documented for carboxylic esters and carbamates.47,48 Comparing fit-






TTCEP than OH-. This is consistent with the relative reactivity of different nucleophiles reported 













where [kNu /kH2O] is the ratio of second-order rate constants for different nucleophiles in 
comparison to kH2O (representing reactivity of the background solvent), nNu,CH3Br is the 
nucleophilicity of the attacking nucleophile determined empirically from reactions with CH3Br, 
and s is the nucleophilic sensitivity of the reaction of interest compared to the reference CH3Br 
reaction. The value of n
Nu,CH3Br for OH
- is 4.2, indicating that OH- is 104.2-fold more reactive with 
CH3Br than H2O (s = 1 for reactions with CH3Br). Application of Eq 4 together with the reference 
nucleophilicity values for OH- (4.2) and H2O (1.0) provides an estimate of s = 1.92 for reaction 
with TTCEP. This suggests that nucleophile strength plays a greater role in reactions with TTCEP 
than the reference reaction with CH3Br.50 Previous studies on hydrolysis of organophosphate esters 
trimethyl phosphate (TMP) and TEP also reported greater sensitivity to nucleophile strength than 
CH3Br, exhibiting s values of 1.35 and 1.20, respectively.32,51 Since TMP and TEP have 
comparable s× n
Nu, CH3Br
 values, we might assume other OPFRs that have similar structures with 
TTCEP will exhibit similar sensitivity towards OH- and H2O. Using this assumption, the kH2O 
value of TDCPP (the third most reactive target OPFR) can be estimated to be 110-6 M-1d-1, 
corresponding to a half-life of ~30 y at pH < 10, consistent with the fact that no TDCPP degradation 
was observed within the 64-d monitoring period under these conditions.  
To our knowledge, this is the first confirmation that degradation of commonly detected 




Table 3.3. Second-order rate constants for base-catalyzed and 






)  104 3.48 (±0.86) x 10
-4 
TDCPP 1.42 (±0.27)  102 < 1.25  10-4 b 
TBPP 1.38 (±0.18)  103 < 1.25  10-4 
2,3-TDCPP 1.27 (±0.19)  102 < 1.25  10-4 
TCEP 7.65 (±3.20)  101 < 1.25  10-4 
TCPP 2.46 (±0.60)  100 < 1.25  10-4 
TBEP 4.53 (±0.21)  100 < 1.25  10-4 
TEP 6.95 (±1.46)  10-1 c < 1.25  10-4 
TIPP < 3.47  10-1 d < 1.25  10-4 
a
Uncertainties represent one standard deviation of the least squares fit-derived values 
determined using Scientist for Windows (Micromath). 
b
Estimated by dividing the minimum observable kobs threshold value by H2O 
concentration (55.5 M). 
c
Estimated based on kobs value measured at pH 12. 
d
Estimated by dividing the minimum observable kobs threshold value by [OH-] at the 
highest pH examined (pH 12). 
 
 
Su and coworkers33 included measurements of reaction half-lives of TDCPP and TCEP at pH 13, 
they were unable to measure rate constants at lower pH conditions (pH 7-11) to confirm a first-
order dependence on [OH-]33. This is surprising in light of the present findings where the observed 
half-lives at pH 11 (~5.5 d for TDCPP, ~15 d for TCEP) are much shorter than the time period that 
the authors monitored. The source of the discrepancy is unclear, but findings from the current 
study are consistent with the expected pH-dependence for base-catalyzed hydrolysis reactions (i.e., 
10-fold change in kobs value with each integer change in pH conditions). A full comparison between 
the half-lives of other OPFRs are provided in Figure 3.6. In the absence of minerals, the observed 
half-lives of most OPFRs ranged from 0.02 – 170 d between pH 9-12. However, under neutral pH 
conditions, most OPFRs appear to be rather inert. Table 3.4 shows that, apart from TTCEP, the 
estimated half-lives of the target OPFRs range from 1 – 5,800 years for pH 6-8. Thus, in the 
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absence of a suitable catalyst, OPFR hydrolysis in natural aquatic environment is not expected to 
be an important natural attenuation mechanism.  
 
3.4.2 Mineral-Catalyzed Hydrolysis 
Previous reports have shown that selected soil minerals can be potent catalysts of 
hydrolysis reactions,35,36,39 so a series of metal (hydr)oxide phases were screened for their effects 
on OPFR degradation. Figure 3.5B shows a representative group of time courses for TDCPP 
Table 3.4. Predicted half-lives
 
(y) for hydrolysis of OPFRs in homogeneous 
solution.a 
 TDCPP TBPP 
2,3- 
TDCPP 
TCEP TCPP TBEP TEP 
pH 6 28 2.9 32 53 1,600 890 5,800 
pH 7 24 2.5 27 44 1,400 750 4,900 
pH 8 9 1 10 17 530 290 1,900 
a Predicted based on Eqs 3 - 4, and kinetic parameters listed in Table 3.2.
  
 
Figure 3.6. Comparison between kobs value values measured in homogeneous solution 
in this study (closed symbols, pH 10-12) and those reported previously by Su et al. 




degradation observed at pH 6 in the absence and presence of metal (hydr)oxide minerals (other 
timecourses provided in Figure 3.4). Whereas the predicted half-lives (Table 3.5) of most OPFRs 
in homogeneous solution at pH 6 are estimated to exceed 10 y, half-lives are reduced to <10 d 
when exposed to 15 m2/L of some minerals.  
Among the minerals screened, OPFRs degraded most rapidly in the presence of Fe(III) 
(hydr)oxides (α-FeOOH, γ-FeOOH, and α-Fe2O3), whereas no apparent catalysis was observed in 
the presence of 15 m2 L-1 of the aluminum and silicon oxides (γ-Al2O3 and SiO2). TiO2 catalyzed 
degradation of TBPP and TBEP but had no apparent effect on the other OPFRs. Within the three 
Fe(III) (hydr)oxides, γ-FeOOH displayed greatest catalytic effect. The variation in reaction rate 
between Fe(III) (hydr)oxides is possibly due to the different position of Fe(III) centers within each 
oxide complexes,52 which can generate different catalytic effects to selected compounds.38 The 
percentage of wetting surface on each Fe(III) (hydr)oxides is another reason that might affect their 
ability to catalyzing hydrolytic reactions.53 As with homogeneous solutions, no TIPP degradation 
was observed with any of the mineral surfaces, providing further indication that this particular 
structure is very resistant to hydrolysis. More surprising was that no degradation of TCEP or TEP 
Table 3.5. Half-lives of OPFRs in the absence and presence of metal (hydr)oxide soil minerals.a  
 No mineral γ-Al2O3 α-FeOOH γ-FeOOH α-Fe2O3 SiO2 TiO2 
TTCEP 33.8 ± 3.5 d N/Ac 0.56±0.05d d 0.21±0.01 d 0.18±0.01 d N/A N/A 
TDCPP 28 yrb N/A 3.12±0.14 d 0.67±0.04 d 1.59±0.10 d N/A N/A 
TBPP 2.9 yr N/A 1.31±0.04 d 0.30±0.03 d 0.61±0.05 d N/A 11.0±0.82 d 
2,3-TDCPP 32
 
yr N/A 3.22±0.16 d 0.70±0.05 d 1.50±0.09 d N/A N/A 
TCEP 53 yr N/A N/A N/A N/A N/A N/A 
TCPP 1,600 yr N/A 7.07±0.63 d 2.82±0.08 d 8.70±0.33 d N/A N/A 
TBEP 890 yr N/A 1.61±0.20 d 0.20±0.01 d 0.16±0.01 d N/A 4.47±0.28 d 
TEP 5,800 yr N/A N/A N/A N/A N/A N/A 
TIPP N/A N/A N/A N/A N/A N/A N/A 
a 
All experiments conducted at pH 6 and 25C with a mass loading of mineral solid sufficient to provide 15 m2/L of 
surface area in the aqueous suspension. 
 
b 
Referenced from Table 3.4. 
c 
Half-lives exceed the maximum threshold value that could be quantified in the experiments conducted (t1/2 > 50 d). 
d 





was observed in mineral suspensions, despite being sensitive to base-catalyzed hydrolysis. In 
general, much less variation in rates of degradation are observed among the target OPFR structures 
in suspensions of individual minerals (i.e., range of measured kobs values varies ~10-fold, Figure 
3.5B) than in the homogeneous base-catalyzed reactions (range of measured kobs values varies 
~100,000-fold, Figure 3.5A). The compressed range of reactivities is attributed to decreased 
importance of leaving group acidity in the rate-controlling step of the surface-catalyzed hydrolysis 
reactions. This is consistent with OPFR-surface coordination promoting ester bond cleavage, 
possibly by stabilizing formation of the resulting alkoxide (-OR) group. The finding that mineral-
catalyzed hydrolysis is observed for TCPP but not TCEP, despite the latter exhibiting higher base-
catalyzed reactivity, suggests that surface-TCPP interactions have a more pronounced effect on 
ester cleavage than surface-TCEP interactions. Hydrolysis of other classes of organophosphate 
contaminants (e.g., pesticides, nerve agents) has also been reported to be associated with metal 
oxide surfaces. For example, the presence of Al and Ti oxides increased the hydrolysis rate of 
chlorpyrifos-methyl oxonate by ~10-fold at pH 7 while the presence of goethite caused a ~3-fold 
increase.39 On the other hand, the presence of Fe(III) (hydr)oxide minerals reduced the half-life of 
p-nitrophenyl phosphate, a phosphate monoester, by more than 30-fold, and Al and Ti oxides 
caused similar catalytic effects as Fe(III) (hydr)oxides.38 In contrast, no mineral catalysis was 
observed for degradation of the pesticide demeton-S.54 These studies further support the 
conclusion that hydrolysis-promoting interactions between OPFRs and mineral oxides are 
compound and phase selective. 
Goethite (α-FeOOH) was further used as a representative Fe(III) (hydr)oxide mineral to 
examine the influence of solution conditions and heterogeneous reaction mechanism. Figure 3.7A 
shows the concentration change of TDCPP over the 64-d monitoring period in goethite suspensions 
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Figure 3.7. Influence of pH conditions on goethite-catalyzed hydrolysis of OPFRs. Detailed 
reaction conditions listed in Table B.1; [OPFR]0 = 200 μg/L. (A) Observed time courses for 
dissipation of TDCPP, (B) Effect of pH on kobs values, (C) Differences between log(kobs) values 
measured in goethite suspensions versus homogeneous solutions at the same pH conditions. Error 









(comparable kinetic profiles for other OPFRs are provided in Figure 3.8). Most of the target 
OPFRs showed accelerated degradation in the presence of goethite over the studied pH range (pH 
6-8), but the pH-dependent trends (Figure 3.7B) are muted in comparison to the effects of pH on 
homogeneous solution. Furthermore, kobs values increase slightly when pH drops from pH 8 to 6, 
Figure 3.8. Kinetics profiles for OPFRs degrading in goethite suspensions. Detailed reaction 




opposite to the direction of the trend observed in alkaline homogenous solutions. The lack of strong 
pH dependence is similar to earlier reports organophosphate hydrolysis catalyzed by metal 
(hydr)oxides surfaces,38,39 and consistent with the pH-independent adsorption of nonionic 
solutes.55,56 Like other nonionic organics, adsorption of the target OPFRs in the aqueous metal 
(hydr)oxide suspensions is generally weak (i.e., extent of adsorption was too low to measure, being 
less than the variability in the analytical measurements),55 but surface interactions are still critical 
to promoting hydrolysis reactions. The lack of strong pH dependence also suggests that H2O 
(rather than OH-) is the attacking nucleophile. The small variation in degradation rates observed 
with changing pH may result from changes in weak hydrogen bonding interactions that occur upon 
protonation/deprotonation of surface functional groups. 
The range of OPFR half-lives were between 0.56 and 40 d, with TTCEP at pH 6 being the 
shortest and TCPP at pH 8 being the longest in the goethite suspensions (Figure 3.7B). Their 
corresponding kobs values were calculated and compared with the kobs values estimated in 
homogeneous solutions at the same conditions (Figure 3.7C). The significant difference (i.e. 10 
to 10,000,000-fold) between those kobs values shows goethite-catalyzed hydrolysis is much faster 
at environmentally relevant conditions.  
3.4.3 Transformation Products 
Alkaline homogeneous batch reactors and goethite suspension (pH 6) batch reactors were 
prepared and amended with individual target OPFRs, and samples were collected after ~1, 2, and 
3 reaction half-lives to screen for transformation products (TPs) using high resolution LC-qToF-
MS. Potential TPs were analyzed from each qToF-MS signal and compared with the unreacted 
samples as controls to avoid biased interpretation of the raw data, despite hydrolytic TPs (i.e., OP 
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diester, OP monoester) being the most plausible in this study. Table 3.6 summarizes the TPs 
detected for each target OPFR. This analysis shows that all OPFR transformation products detected  
were consistent with hydrolysis reactions, verifying that OH- and goethite are acting principally to 
catalyze such transformations. 
Figure 3.9A-B show qToF-MS spectra of two TPs identified during TDCPP reactions in 
goethite suspension (corresponding MS/MS spectral fragmentation patterns are provided in Figure 
B.1A-H). Figure 3.9C shows how MS spectral peak areas associated with these two TPs grow 
over three consecutive half-lives of TDCPP degradation, providing further confirmation that they 
are transformation products resulting from degradation of the parent OPFR. qToF-MS analysis 
identified the corresponding OP diesters as the major TP formed over the first three half-lives for 
most OPFRs in both homogeneous and heterogeneous reactions, similar to the degradation 
products observed for other OP compounds.57 This indicates that the diesters are less reactive than 
their parent triesters. For TCPP, the corresponding monoester was also detected in alkaline 
homogeneous solution, consistent with further hydrolysis of the initial diester TP. Moreover, 
Table 3.6. OPFR transformation products identified by LC-qToF-MS in alkaline homogeneous 

















TTCEP ✓ ✓     
TDCPP ✓ ✓   ✓ ✓ 
TBPP ✓ ✓     
2,3-TDCPP ✓ ✓   ✓ ✓ 
TCEP ✓    ✓  
TCPP ✓ ✓ ✓   ✓ 
TBEP ✓ ✓     
TEP       
TIP       
a 








Figure 3.9. LC-ESI(+)-qToF-MS spectra for TPs identified during TDCPP reaction in goethite 
suspensions. Reaction conditions are provided in Table 3.2. (A) MS spectrum of the TDCPP 
diester observed at t = 3 day, (B) MS spectrum of phosphate observed at t = 6 day, (C) Time-
course for TDCPP degradation and the corresponding evolution of peak areas associated with the 
two TPs. Confirmation MS/MS spectra are provided in the SI. Error bars represent the triplicate-




phosphate, the terminal hydrolysis endproduct, was also detected in selected homogeneous 
alkaline reactions (TDCPP, 2,3 TDCPP, and TCEP) and goethite-catalyzed reactions (TDCPP, 2,3 
TDCPP, and TCPP), despite the strong affinity between Fe(III) based minerals and phosphate.58,59 
This is due to the very high sensitivity of the analytical method used (LC-qToF-MS) in this study, 
which can measure many aqueous constituents to sub-ppt levels. Tests confirmed that sufficient 
residual aqueous phosphate remains in solution after equilibration to be detected by LC-qToF-MS 
(e.g., 0.11 µM aqueous phosphate is detected after equilibrating 0.46 µM phosphate with 1 g/L 
goethite for 2 d). The fact that the corresponding monoesters were not detected under any of these 
reaction conditions indicates that either the monoesters are unstable and rapidly hydrolyze to the 
phosphate terminal product or that the phosphate ion results from an alternative reaction pathway 
for the parent OPFR or diester.  OP monoester and phosphate have been detected previously as 
hydrolysis products for other organophosphate contaminants, but only at more extreme solution 
conditions (e.g., 75 0C, pH 4).60 To our knowledge, this is the first time OP monoester and 
phosphate have been confirmed as TPs of organophosphate hydrolysis at environmentally relevant 
conditions.  
3.4.4 Influence of OPFR Structure 
Results presented in Figures 3.5 and 3.7 demonstrate that both base- and mineral-catalyzed 
degradation reaction rates are dependent upon OPFR structure. This is especially the case for base-
catalyzed reactions where kB values determined for the target OPFRs range from <0.35 to 42,000 
M-1d-1. Thus, variation in ester side chain structure leads to ~5 orders-of-magnitude variation in 
reactivity. Structure-reactivity trends for hydrolysis reactions can sometime be related to changes 
in acidity of the resulting alcohol leaving group (Eq 3.2).61,62 Figure 3.10A shows the relationship 
between kB values and pKa values of the OPFR leaving groups (alcohol form) estimated using 
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Figure 3.10. Effect of alcohol leaving group acidity on the kinetics of (A) base-catalyzed 
hydrolysis (pH 12), and (B) goethite-catalyzed hydrolysis (pH 6). Alcohol pKa* values 
estimated using SPARC. Reaction conditions provided in Table B.1. Error bars represent 







SPARC software (Archem LLC). Increasing acidity of the alcohol leaving groups is clearly linked 
to greater reactivity with OH-. Although the SPARC estimates of pKa values for linear alcohols 
can only be considered as rough estimates, regression yields a predictive relationship that can be 
applied to organophosphates with similar linear alkyl side chains (uncertainties represent standard 
deviation of the fit-derived values): 
,log 1.2( 0.2)p 18( 3.1)B a SPARCk K= −  +   
It is interesting to compare the value of slope from Eq 3.5 with other slope values reported for 
similar relationships derived for paraoxon organophosphate (-0.5) and N-alkyl carbamates (-
0.17).61,62 Accordingly, the structure-reactivity trends for OPFRs are more sensitive to acidity of 
the leaving group. It is also worth noting that although a kB value could not be directly measured 
for TIPP, application of Eq 3.5 leads to an estimated kB value of 7.610-4 M-1d-1. Inserting this 
value into Eq 3.1 leads to a predicted reaction half-life of 250 y at pH 12 (the highest pH examined), 
consistent with the fact that no significant degradation of TIPP is observed in alkaline 
homogeneous solutions. Nonetheless, scatter in the log kB versus pKa correlation is not unexpected 
given the uncertainties of SPARC predictions of pKa values for weakly acidic structures like 
alcohols,63 for which measured values are scarce. That said, other factors may also contribute to 
kB values of individual OPFR structures, including steric hindrance to nucleophile attack. For 
example, TCEP and TCPP have leaving groups with almost identical predicted pKa values (14.27 
and 14.29, respectively), but TCEP has a much higher kB value. The lower apparent reactivity of 
TCPP may result from the much larger leaving group sterically inhibiting nucleophile access to 
the electrophilic P center. 
In comparison to the effects on homogeneous reactions, variations in OPFR structure have 




Figure 3.10B shows that apparent rate constants for goethite-catalyzed OPFR hydrolysis vary over 
a much smaller range of values (e.g., 0.098 to 1.240 d-1 at pH 6) compared to the variation in kB 
values already noted (similar trends observed for other Fe (hydr)oxide minerals and for goethite at 
other pH conditions; Figures B.2-B.3 in Appendix B). Attempts at linear regression yield small r2 
values and slope values not significantly different from unity. While a general insensitivity to 
OPFR structure is noted, it is also noteworthy that three OPFR structures exhibited no significant 
degradation in Fe(III) (hydr)oxide mineral suspensions (TCEP, TEP, and TIPP). Similarly, it is 
interesting that only two of the screened OPFR structures (TBPP and TBEP) degraded in aqueous 
suspensions of TiO2. These observations indicate that acidity of the leaving groups is not the major 
determinant of mineral catalyzed reaction kinetics for OPFRs. Rather, surface-specific metal-
OPFR interactions appear to be at least partially rate-controlling, and such interactions are 
dependent upon structures of both the mineral surface and OPFR.64 Further study of such 
interactions, possibly by a combination of surface-sensitive spectroscopic methods and 
computational chemical approaches are needed to shed light on the key mechanistic considerations 
for reactions on diverse soil mineral surface structures. 
3.4.5 Reactions Mechanism 
Three distinct mechanisms have been proposed for catalysis of organophosphate ester 
hydrolysis reactions by dissolved metal ions and mineral surfaces.37 Eq 3.6-3.8 illustrates the three 
proposed catalytic mechanisms, using goethite as an example. The first two mechanisms involve 
direct coordination of OPFRs by surface metal atoms. Mechanism 1 involves interaction with the 
phosphate center, wherein the double bonded oxygen atom in the phosphate center acts as a Lewis 
base to coordinate with Lewis acid sites on the metal (hydr)oxide surface. Metal coordination of 
the oxygen atom draws electron density away from the central P atom, thereby increasing its 
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electrophilicity, and making it more prone to attack by the weak H2O nucleophile. The elevated 
catalytic effect observed collectively in Fe(III) (hydr)oxide suspensions (Table 3.5) possibly 
results from stronger Fe(III) interactions with the OPFR phosphate center than Al(III), Si(IV), and 
Ti(IV) ions. Reported stability constants for ligands with negative oxygen donors are generally 
higher for Fe3+ than for Al3+ ions,65 and by analogy, Fe(III)-based adsorbents are often preferred 
for removal of PO43- from solution58,59.  
 
The second proposed mechanism involves metal (hydr)oxide surface coordination to the 
ester functional group, thereby weakening the ester bond to the phosphorus center and promoting 
cleavage of the leaving group. This mechanism is sometimes favored for structures with very 
weakly acidic leaving groups because reaction rate is more likely to be limited by the initial 
formation of the highly unstable alkoxides ion.37 Lewis acid-base interaction with the ester O could 
act to partially stabilize this intermediate species, thereby promoting bond cleavage.  
The last proposed mechanism by which mineral surfaces might catalyze hydrolysis 
reactions involves formation of surface Fe(III) hydroxo species at neutral pH conditions that are 









water molecules at lower pH conditions than occur in bulk solution, analogous to dissolved metal 
ion hydrolysis reactions. While the resulting surface-coordinated OH- are weaker nucleophiles 
than uncomplexed OH- ions in bulk solution, their concentration at mineral-water interfaces can 
be elevated to a point where they could be the dominant nucleophile in non-alkaline heterogeneous 
systems.  
The collective results of kinetics experiments, especially the pH-dependence and structure-
reactivity trends in goethite suspensions, indicates that OPFR-surface interactions are critical to 
the mineral-catalyzed reactions. This reasoning would favor mechanisms 1 and 2 over the third 
mechanism. If catalysis involved reaction with Fe(III)-hydroxo nucleophile species on the goethite 
surface, one would expect that reaction rates would increase following the expected increase in 
concentration of these species with increasing pH,37 but the opposite trend is observed here. 
Furthermore, a similarly strong OPFR structure-reactivity trend to that observed for reaction with 
OH- might be expected if the goethite surface was simply acting to generate another nucleophile 
species, but instead the structure-reactivity trend was severely diminished in heterogeneous 
systems. The very weakly acidic nature of aliphatic alcohol leaving groups (i.e., estimated pKa 
values > 12), and the strong dependence on the estimated pKa values for base-catalyzed hydrolysis 
reactions support mechanism 2. Clearly, formation of the unstable alkoxide intermediate during 
ester bond cleavage is a major rate-determining factor, so direct surface interactions with this group 
may be critical to promoting cleavage under non-alkaline conditions. Still, mechanism 1 cannot be 
excluded, and additional experimental and theoretical investigations are needed to further 





3.4.6 Environmental Significance 
Growing detection of OPFRs in natural environments has increased concerns related to 
potentially adverse human health and ecosystem effects, which are exacerbated by the limited 
information on their attenuation mechanisms in natural systems. Given their ester-based structure, 
hydrolysis was a logical candidate for controlling degradation of OPFRs in aquatic systems. 
However, while hydrolysis of OPFRs was previously documented in highly alkaline solutions, 
results presented here confirm that aqueous-phase hydrolysis is not expected to be a major sink for 
these contaminants in aquatic systems. At the same time, results presented for the first time here 
document the potential importance of common Fe(III) hydr(oxide) minerals as catalysts of OPFR 
degradation via hydrolytic pathways. These phases are ubiquitous in many soils, so these reactions 
may be a critical sink for OPFRs released into such systems (e.g., by stormwater percolation, 
irrigation with treated wastewater). The fact that three different Fe(III) hydr(oxide) minerals all 
exert significant catalytic effects suggests that such reactions will be widespread in Fe-rich soil 
systems. Moreover, high surface area Si and Al oxide minerals failed to exert a catalytic effect, 
indicating that OPFRs will be more persistent in soil and aquifer systems dominated by these 
phases. Such findings need to be confirmed with whole soil samples of varying mineralogical 
composition. 
Findings from this study also indicate that OPFR diesters are likely to be a stable product 
of OPFR hydrolysis processes, both in alkaline waters and Fe-rich soil systems. It follows that 
concentrations of the diesters may exceed the parent OPFRs in many environments, yet very 
limited information is available on the fate or toxicity of OP diesters in comparison to the parent 
triesters, and their occurrence has been detected in human bodies, promoting environmental health 
concerns.67,68 Based on these findings, it is recommended that OPFR occurrence studies add the 
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analysis of diesters to their protocols to provide a more comprehensive assessment of mass fluxes 
in important environmental systems. This also leads to a recommendation for development of 
authentic reference standards for diester TPs.    
The observed structure reactivity trends, especially in alkaline solutions, can be potentially 
applied to select less persistent OPFRs or design new OPFRs that will have lower persistence when 
released into natural environments. The non-halogenated structures (TEP and TIPP), which 
possess the least acidic leaving groups, are resistant to both alkaline and mineral-catalyzed 
hydrolysis reactions. Thus, use of TEP might be discouraged based upon this finding. At the same 
time, halogenated structures are often found to be less biodegradable than non-halogenated 
analogues, but further study is needed to address the relative importance of biodegradation 
processes and structure-reactivity trends before a definitive recommendation can be made.   
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REMOVAL OF PER- AND POLYFLUOROALKYL SUBSTANCES (PFASS) IN AQUEOUS 
FILM-FORMING FOAM (AFFF) USING ION EXCHANGE AND NON-IONIC RESINS  
A modified version of this chapter is prepared for publication 
Yida Fang, Anderson Ellis, Youn Jeong Choi, Treavor H. Boyer, Christopher P. Higgins, 
 Charles E. Schaefer, Timothy J. Strathmann‡ 
4.1 Abstract 
Despite benefits to the firefighting industry, release of per- and polyfluoroalkyl substances 
(PFASs) from aqueous film-forming foam (AFFF) into aquatic systems poses significant risks to 
human health and other aquatic species. While anion-exchange technologies have proven to be 
effective for removing perfluoroalkyl acids (PFAAs) from water, their effectiveness for removing 
the diverse PFAS structures discovered in AFFF remains unknown. In this chapter, we report on 
the adsorption behavior of 75 PFASs, including 63 polyfluorinated substances, in a diluted AFFF 
mixture using 14 commercially available ion-exchange (IX)/non-ionic resins and granular 
activated carbon (GAC). Equilibrium adsorption results showed that anion exchange resins 
(AERs) exhibited significant adsorption of PFASs compared to cation exchange resins (CERs), 
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non-ionic resins (NIRs), and GAC regardless of the PFAS’s predicted charge. Cross-correlation 
comparison of PFAS/Cl- selectivity coefficients (Kex) for each PFAS-AER combination showed 
the hydrophobicity of each AER’s functional group and polymer matrix played a dominant role in 
determining the affinities for PFASs. Structural characteristics of PFASs also significantly affected 
their adsorption to AERs: increased chain length was confirmed to lead to higher selectivity, but 
increased adsorption was also observed for PFASs containing no zwitterionic or cationic 
headgroups. Results from this study provide valuable guidelines to the selection of IX/non-ionic 
resins when treating wider ranges of PFASs and brings meaningful insights to the development of 
advanced quantitative models for IX treatment of PFASs presented in AFFF impacted water. 
4.2 Introduction 
Per- and polyfluoroalkyl substances (PFASs) are a group of recalcitrant organic 
micropollutants that have received worldwide attention due to their persistent nature and 
documented biological impacts.1-3 Due to their extreme persistence, PFASs are now being 
commonly referred as “Forever Chemicals”. The frequent detection of PFASs in drinking water 
sources, including many groundwater sources near release sites, is raising concerns in many 
communities.4,5 For example, more than 6 million U.S. residents’ drinking water supplies have 
exceeded the U.S. EPA’s drinking water lifetime health advisory level for PFOS and PFOA (i.e., 
70 ng/L combined) in 2016.6 Past reports have shown that perfluoroalkyl acids (PFAAs), such as 
perfluorohexane sulfonate (PFHxS) and perfluorooctane sulfonate (PFOS), can disrupt hepatic 
lipid metabolism in humans and cause non-alcoholic fatty liver disease,7 while Seo et al. reported 




PFAS-impacted groundwaters are often associated with  releases of aqueous film-forming 
foams (AFFFs), which are surfactant mixtures applied to rapidly extinguish hydrocarbon fuel fires 
from fire training areas on military and civilian facilities.9 Besides the commonly studied PFAAs, 
AFFFs contain many other PFASs that have received less attention from regulatory agencies, 
including polyfluorinated structures (e.g., fluorotelomer acids) and PFAA precursors whose 
toxicity remain largely unknown.10-14  
PFASs exhibit extremely high thermal and chemical stability due to the high strength of 
C-F bonds, and remedial technologies applied to treat other legacy contaminants (e.g., air stripping 
and bioremediation) are ineffective for PFASs.15-18 Moreover, while biotransformation of 
polyfluorinated precursors into PFAAs has been documented,19 and there are limited reports for 
slow biotransformation of PFAAs,20-22 clear evidence for natural attenuation of PFOS, PFOA and 
other PFAAs in soil or groundwater systems is lacking. While in situ remediation technologies 
have received considerable attention,23-27 their high energy requirements and inability to degrade 
perfluoroalkyl sulfonates (e.g., PFOS) have limited widespread implementation of these 
technologies.23-25 
To date, physical adsorption by granular activated carbon (GAC) and ion exchange (IX) 
resins have been the most widely implemented approaches for treatment and remediation of PFAS-
contaminated water sources.28-32 While GAC can be effective in meeting treatment goals for long-
chain PFAAs like PFOS and PFOA, their adsorption for shorter-chain analogues and 
polyfluorinated chemicals is poor and adsorption of target compounds can be significantly 
inhibited by groundwater constituents like natural organic matter (NOM), leading to the need for 
frequent media replacement.28,33 As a result, treatment with anion exchange resins (AERs), which 
have a polymer matrix and ionic functional group that can be tailored to improve selectivity for 
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individual contaminant classes, are increasingly being considered as an alternative to GAC 
adsorption for PFASs at many sites.30-32 That said, studies on AER effectiveness for treating 
PFASs have been limited to a small number of anionic PFAAs, and comparison of different resins 
is challenging due to different experimental conditions used in different reports.30,34 In particular, 
there is a lack of available data on resin adsorption of the wider diversity of PFASs identified in 
AFFF. This includes a range of zwitterionic and cationic precursor structures in addition to anionic 
PFASs like PFAAs.35 Although PFASs that are not anionic are more strongly adsorbed to source 
zone soils and less likely to be transported to the underlying aquifers where they can reach receptor 
wells,36 understanding of their adsorption behavior will benefit the remediation of other waste 
streams where AFFF ingredients are actively present (e.g., AFFF-impacted source area waters). It 
follows that additional consideration of cation exchange resins (CERs) and non-ionic resins (NIRs) 
for treatment of these PFASs may also be warranted. 
This chapter reports on the effectiveness of 13 commercially available resins (8 AERs, 2 
CERs, and 3 NIRs) in comparison to GAC for adsorption of a wide range of PFASs present in an 
AFFF, including many structures identified through recent compound discovery efforts.35 Kinetic 
data were collected to establish the time required for resins to reach equilibrium with quantifiable 
PFAAs present in AFFF, then equilibrium adsorption was determined to assess the influences of 
resin properties and PFAS structure on adsorption affinity. Furthermore,  resins were examined 
for adsorption of 63 additional PFASs, including polyfluorinated compounds and/or impurities 
from synthesis,37 detected in the AFFF via liquid chromatography-quadrupole time-of-flight mass 
spectrometry (LC-QToF-MS) suspect screening analysis. Semi-quantitative methods recently 
developed36 were applied to estimate concentrations and adsorption affinity parameters for these 
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structures, significantly expanding the data and providing improved insights into the structural 
factors controlling PFAS treatment with resin adsorbents  
4.3 Methods 
4.3.1 Reagents and Resins 
All chemical reagents were of the highest purity available. Unless otherwise stated, all 
solutions were prepared using deionized water (Synergy UV-R, EMD Millipore, 18.2 MΩ-cm 
resistivity). A stock AFFF solution was obtained from a U.S. Air Force Base. Individual 
perfluorinated compounds PFBA, PFBS, and perfluorohexanoic acid (PFHxA) were purchased 
from Synquest Laboratories (Alachua, FL), and PFOA, PFOS, and PFHxS were purchased from 
Sigma-Aldrich (St. Louis, MO). Two regenerable cation exchange resins (CER) (C100 and C150) 
and five regenerable anion exchange resin (AER) (A300, A520E, A532E, A600E, and A860) were 
obtained from the Purolite (Bala Cynwyd, PA). Three non-ionic resins (NIR) (XAD-2, XAD-4, 
and XAD-7HP) were purchased from Sigma-Aldrich (St. Louis, MO). Three non-regenerable 
PFAS-specific AER (PAER) (PFA694E, and CalRes 2301 and 2304) were obtained from Purolite 
and Calgon Carbon Corporation (Pittsburgh, PA), respectively. One GAC (Cal F400; Table 4.1) 
that was used as a comparison adsorbent was obtained from Calgon Carbon Corporation 
(Pittsburgh, PA). 
Table 4.1. Calgon F400 GAC properties38 
Material Coal 
Specific surface area (m2/g) 785 
Total pore volume (cm3/g) 0.27 
Micropore volume (cm3/g) 0.05 
Mesopore volume (cm3/g) 0.17 
Macropore volume (cm3/g) 0.05 
Iodine number (mg/g) 1000 
Effective size (mm) 0.55 – 0.75 
Apparent density (g/ml) 0.54 
Mass in column (kg) 10.2 
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All AER and CER were pretreated with water and methanol and pre-saturated with NaCl 
before use to remove impurities and ensure saturation of adsorption sites with either Cl- (AER) or 
Na+ (CER). Briefly, each type of resin was stirred in ultrapure water for 10 min and settled for 2 
min before supernatants were poured off. This process was repeated twice before the resin was 
washed again in methanol for 10 min. Then, resins were rinsed with ultrapure water three times 
using a vacuum filtration system to remove residual methanol. After washing the resins with water 
and methanol, they were placed in a beaker with 1M NaCl for 20 min. They were then washed 
repeatedly with ultrapure water until the conductivity of the washing solution returned to the level 
of the ultrapure water (i.e., 18.2 MΩ-cm). Lastly, the pre-saturated resins were collected by 
vacuum filtration and partially dried in a 50ºC oven overnight. All NIRs were excluded from NaCl 
pretreatment. The water content for the dried resins are provided in Table 4.2. The GAC was 
washed two times with ultrapure water for 10 min at room temperature before being stirred in 
ultrapure water at 80ºC for 2 h to remove impurities. They were then dried at 105ºC until a constant 
mass of adsorbent was obtained upon 3 repeated measurements. Properties for all resins are 
summarized in Table 4.3.  
4.3.2 Batch Adsorption Experiments 
A series of batch reactors were prepared to assess the kinetic and equilibrium adsorption 
behavior of PFASs in the AFFF onto individual adsorbents. Individual reactors (1 L) were prepared 
with deionized water (Synergy UV-R, EMD Millipore, 18.2 MΩ-cm resistivity), 50 mg/L 
adsorbent, 5 mM electrolyte (NaCl), and 1 mM pH buffer (pH 8.3, NaHCO3). After equilibrating 
Table 4.2. Water content (wt%) of the stored resins after partial drying overnight at 50ºC.  
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  Table 4.3. Ion exchange and non-ionic resins included in this study 
Resin Vendor Resin Type Polymer Porosity Functional Group Capacity a 
Regenerable Anion Exchange Resins (AER) 
A300 Purolite Type II, strong base Polystyrene Gel R‐N+(CH3)2(C2H4OH) 1.8 
A520E Purolite Type I, strong base Polystyrene Macroporous R‐N+(CH2CH3)3 1.2 
A532E Purolite Strong base, other Polystyrene Gel Bifunctional quat amine 1.2 
A600E Purolite Type I, strong base Polystyrene Gel R‐N+(CH3)3 1.8 
A860 Purolite Type I, strong base Polyacrylic Macroporous R‐N+(CH3)3 1.1 
PFAS specific Anion Exchange Resins (PAER) 
PFA694E Purolite Strong base, other Polystyrene Gel N/A b 1.4 c 
CalRes 2301 Calgon Strong base, other Polystyrene Macroporous Tributylamine 1.2 c 
CalRes 2304 Calgon Strong base, other Polystyrene Gel Tributylamine 1.3 c 
Cation Exchange Resins (CER) 
C100 Purolite Strong acid Polystyrene Gel R‐SO3- 2.2 
C150 Purolite Strong acid Polystyrene Macroporous R‐SO3- 2.4 
Non‐Ionic Resins (NIR) 
XAD‐4 Dow Non‐ionic, nonpolar Polystyrene Macroporous 725 m2g‐1 d N/Ae 
XAD‐2 Dow Non‐ionic, nonpolar Polystyrene Macroporous 300 m2g‐1 d N/A 
XAD‐7HP Dow Non‐ionic, 
Moderately polar 
Polyacrylic Macroporous 450 m2g‐1 d N/A 
a. Unless otherwise indicated, capacity information provided by vendors. Unit: µmol (Cl- or Na+) / mg resin 
b. Specific functional group information not provided by vendor. 
c. Measured by release of Cl- by excess NO3- added to solution. 
d. Specific surface areas for NIRs obtained from vendors 
e. Ion exchange capacities not applicable to NIRs 
117 
 
Table 4.4. PFASs detected in 1-to-93,000 fold diluted AFFF by targeted LC-QToF-MS analysis 
Compound class and structure n 
Compound 
Acronym C0 (µg/L) 
Log (Kex) 





Perfluoroalkyl carboxylic acids 
(PFCAs) 
3 PFBA 0.74±0.01 1.11±0.01 1.45±0.02 2.25±0.01 1.21±0.02 0.73±0.02 2.53±0.01 2.60±0.00 2.41±0.01 
4 PFPeA 1.20±0.02 1.60±0.01 1.81±0.02 2.64±0.03 1.50±0.02 0.75±0.00 2.67±0.02 2.86±0.04 2.34±0.03 
5 PFHxA 3.23±0.05 1.85±0.00 2.17±0.04 3.20±0.02 1.84±0.04 0.82±0.01 3.20±0.04 3.30±0.02 2.87±0.04 
6 PFHpA 0.91±0 2.15±0.01 2.71±0.04 3.43±0.00 2.29±0.04 0.95±0.01 3.44±0.00 3.54±0.00 3.14±0.00 
7 PFOA 3.38±0.01 2.36±0.00 3.17±0.05 4.16±0.00 2.92±0.04 1.26±0.01 4.27±0.00 4.29±0.00 3.79±0.00 
Perfluoroalkyl sulfonic acids 
(PFSAs) 
3 PFPrS 1.86±0.03 2.71±0.06 2.52±0.01 3.79±0.01 2.24±0.02 0.91±0.01 3.85±0.02 3.89±0.04 3.72±0.03 
4 PFBS 3.46±0.02 2.86±0.07 2.86±0.04 4.11±0.02 2.53±0.06 1.03±0.01 4.16±0.03 4.31±0.07 4.03±0.01 
5 PFPeS 3.23±0.04 3.05±0.05 3.32±0.05 4.45±0.00 2.96±0.03 1.25±0.01 4.51±0.06 4.58±0.05 4.39±0.04 
6 PFHxS 16.5±0.10 3.21±0.01 3.65±0.03 5.25±0.06 3.53±0.04 1.46±0.01 5.32±0.00 6.09±0.04 5.07±0.04 
7 PFHpS 1.86±0.01 3.59±0.06 3.96±0.03 4.66±0.02 3.66±0.02 2.20±0.09 4.72±0.00 4.84±0.00 4.95±0.00 








overnight, batch experiments were initiated by spiking a 3M AFFF solution collected from a US 
Department of Defense facility to yield a diluted AFFF reactor solution (diluted 1 to ~93,000). 
Table 4.4 summarizes the initial concentration of quantifiable PFASs present in the AFFF source. 
The total concentration of quantifiable PFASs after dilution (∑[PFAS]0) was estimated to be 0.3 
M, which is much lower than the estimated total adsorption site capacity estimated in the 50 mg/L 
resin suspensions for each resin (>50 μM Cl- adsorption capacity for all AERs). The presence of 
excess ion exchange sites ensures that individual PFASs in the AFFF mixture adsorb non-
competitively to the resins. All reactions were conducted in duplicate and continuously mixed on 
stir plates at room temperature (21.6 ± 2.0 ºC) for 10 days. Suspension aliquots were periodically 
collected and centrifuged to separate water from resins (21,000 g, 10 min), and stored at -20 ºC 
before PFAS analysis. Resin-free control reactions were also performed to account any other 
potential losses of PFASs from solution. 
Separate batch reactions were conducted to further confirm the non-competitive nature of 
adsorption processes for individual PFASs in the 1-to-93,000 fold diluted AFFF containing a range 
of non-quantifiable PFASs plus even higher concentrations of uncharacterized organic constituents 
(e.g., co-solvents like butyl carbitol, hydrocarbon surfactants).39 The conditions of these reactions 
were the same as the AFFF adsorption experiments, except that a mixture of six PFAAs (PFOA, 
PFHxA, PFBA, PFOS, PFHxS, and PFBS) were spiked into each reactor with initial 
concentrations matching those measured for each in the diluted AFFF solutions (∑[PFAS]0 = 0.27 
M). 
4.3.3 Analytical 
Aliquots collected from batch reactors were analyzed for PFAS using a SCIEX ExionLC 
ultra-high-pressure liquid chromatography (UHPLC) system with a Phenomenex Gemini C18 
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column (110Å, 100×3 mm, 5 µm) equipped with a Phenomenex C18 guard column (2×4 mm) and 
two Agilent Zorbax Diol guard columns (12.5×4.6 mm, 6 µm). A delay column (Luna C18,100Å, 
30×3 mm, 5 µm) was placed between system pumps and autosampler to trap system related PFASs 
and delay their elution. A column oven was held at 40ºC and sample injection volumes were set at 
1000 L. Two mobile phases – A [Optima HPLC grade water, 20 mM ammonium acetate] and B 
[Optima HPLC grade methanol] – were delivered at 0.6 mL/min. Initial eluent conditions were 90% 
A and 10% B. The percent of B was increased to 50% over 0.5 min and then ramped to 99% over 
8 min. Its concentration was held at 99% for 5 min, then ramped back down to 10% over 0.5 min, 
and held constant for 3 min. A Sciex X500R Quadrupole Time-of-Flight MS (QToF/MS) system 
using SWATH® Data-Independent Acquisition was operated in both positive and negative 
electrospray ionization (ESI+/-) mode for QToF-MS and MS/MS analysis. Sciex OS 1.5 was used 
to process collected QToF-MS data to quantify PFASs (i.e., targeted analytes) with available 
analytical standards and internal standards, and to identify additional PFASs (i.e., suspect analytes) 
using a custom extracted ion chromatogram (XIC) list. Detailed methods for target analyte 
quantification and suspect PFAS identification were adopted from previous studies.36,40 Briefly, 
target analytes were identified when their retention times are within 30 seconds of their 
corresponding analytical standards, mass error < 10 ppm from the nominal isotopic m/z, and peak 
signal-to-noise ratio >10. The peak areas of each target analyte’s internal standard were used to 
correct for matrix effects and instrumental variation. Target PFAS concentrations were only 
reported when their concentrations were at least three times higher than all instrument and method 
blanks. Identification of suspect analytes were based on the accuracy of mass measurement for the 
molecular ion, isotopic pattern matching scores, and the library purity score for compounds in the 
MS/MS library. Samples were screened by searching for the deprotonated molecular ion [M-H] 
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for negative ionization and protonated molecular ion [M+H] for positive ionization using an XIC 
window of 0.008 Da, a signal: noise ratio of 3:1, and baseline subtraction over 3 min. Peaks 
collected from Sciex OS 1.5 were selected as suspect PFAS only when their mass error is <5 ppm 
and isotopic pattern error is <10% compared to the corresponding compound in the XIC list. In 
addition to targeted analysis of 12 PFASs identified in the diluted AFFF mixture (i.e., by 
comparison against 48 available reference standards and 29 mass-labeled internal standards), a 
semi-quantification method36 was applied to estimate the concentrations of 63 PFASs identified 
through suspect screening analysis. Briefly, internal standard peak areas of 15 PFAS classes 
available from the targeted analysis were assigned as calibrants to different classes of PFASs 
identified from the suspect screening data. The criteria for the assignment was based on the two 
groups’ structural similarity, retention time, and ionizable groups. For example, the internal 
standards of quantifiable PFAAs were assigned to be the internal standards of unsaturated 
perfluoroalkyl acids (U-PFAAs) and keto perfluoroalkyl acids (K-PFAAs), and the internal 
standards of specific compounds within these classes were matched based on their fluorocarbon 
chain length (e.g., PFBA to U-PFBA and K-PFBA, and PFOA to U-PFOA and K-PFOA). After 
assigning an internal standard peak area to each suspect PFAS, the suspect’s concentration was 
calculated based on the target PFAS’s calibration curve. Previously reported tests indicated that 
concentrations of individual PFASs estimated by semi-quantitative analysis were within a factor 
of two of values measured with external reference standards.36 
4.4 Results and Discussion 
4.4.1 PFAS composition in AFFF 
A total of 12 target PFASs (all PFAAs) were identified in the diluted AFFF solution (from 
a target analyte list of 48 PFASs) (Table 4.4). Five compounds are perfluoroalkyl carboxylic acids 
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(PFCAs), six are perfluoroalkyl sulfonic acids (PFSAs), and one is a chloro-perfluoroalkyl sulfonic 
acid (Cl-PFSA). Concentrations of these PFASs in the 1-to-93,000-fold diluted AFFF ranged from 
0.74 µg/L (PFBA) to 97.7 µg/L (PFOS), with a sum total concentration of 137 µg/L. Collectively, 
these concentrations fall towards the high end of PFAS concentrations measured in groundwater 
near AFFF-impacted sites,5 but concentrations are high enough to enable quantification of most 
target compounds in solution following equilibration with the resin adsorbents. 
Besides the targeted analytes, 63 additional PFASs were identified through LC-QToF-MS 
suspect screening analysis (Table 4.5). The suspect PFASs are categorized into 21 different classes 
based on their perfluoroalkyl tails and nonfluorinated head groups; structural information for each 
suspect PFAS class was adopted from previous compound discovery work.35,41,42 This includes 22 
analytes detected by both electrospray ionization negative (ESI-) and positive (ESI+) modes, 30 
by ESI- only, and 11 by ESI+ only. The majority of the suspect analytes in this AFFF contain head 
groups derived from sulfonic acids, consistent with AFFF manufactured by electrochemical 
fluorination (ECF).43 With respect to resin treatment, headgroup ionic charge is expected to be a 
critical parameter. SPARC (Archem LLC) was used to estimate the prevailing charges of the 
headgroups at pH conditions used in this study (pH 8.3). While most of the suspect analytes, like 
the target PFAAs, are expected to be negatively charged, several structures were predicted to be 
zwitterions at pH 8.3, and four structures were predicted to be cationic.  
Most of the suspect analytes have concentrations estimated by semi-quantification 
protocols36 to be <1 µg/L in the diluted AFFF, but 21 have concentrations estimated to range from 
1 to 13.4 µg/L. Collectively, the estimated concentration of all 63 suspect analytes was 91 µg/L, 
which compares to 137 µg/L for the 12 target analytes. Together, the target analytes and suspect 
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Table 4.5. Suspect PFASs detected in an 1:93,000 diluted AFFF solution 
Class 
# 
Compound class and structure n 
Compound 
Acronym 
Formula m/z Ionic charge h C0 (µg/L)
 i 
1a 
   N-dimethyl ammonio propyl perfluoroalkane 
sulfonamide (AmPr-FASA) 
2 AmPr-FEtSAf C7H13O2N2SF5 285.069 Zwi 0.38±0.05 
3 AmPr-FPrSA C8H13O2SN2F7 333.051 Zwi 0.20±0.03 
4 AmPr-FBSA C9H13O2SN2F9 383.048 Zwi 2.23±0.06 
5 AmPr-FPeSA C10H13O2SN2F11 433.045 Zwi 1.90±0.06 
6 AmPr-FHxSA C11H13O2SN2F13 483.042 Zwi 13.4±1.46 
2b 
N-dimethyl ammonio propyl perfluoralkane 
sulfonamido propanoic acid (AmPr-FASA-PrA) 
2 AmPr-FEtSA-PrA C10H17O4N2SF5 357.090 Zwi 1.65±0.17 
3 AmPr-FPrSA-PrA C11H17O4SN2F7 405.072 Zwi 1.12±0.04 
4 AmPr-FBSA-PrA C12H17O4SN2F9 455.069 Zwi 6.91±0.42 
5 AmPr-FPeSA-PrA C13H17O4SN2F11 505.066 Zwi 5.88±0.30 
6 AmPr-FHxSA-PrA C14H17O4SN2F13 555.063 Zwi 12.0±1.46 
3a 
N-carboxy ethyl dimethyl ammonio propyl-
perfluoroalkane sulfonamido propanoic acid 
(CEtAmPr-FASA-PrA) 
2 CEtAmPr-FEtSA-PrA C13H21O6N2SF5 429.111 Neg 0.70±0.08 
3 CEtAmPr-FPrSA-PrA C14H21O6SN2F7 477.094 Neg 0.07±0.00 
4 CEtAmPr-FBSA-PrA C15H21O6SN2F9 527.090 Neg 0.12±0.00 
5 CEtAmPr-FPeSA-PrA C16H21O6SN2F11 577.087 Neg 0.07±0.00 




4 Cl-PFBSg C4HO3SClF8 314.913 Neg 0.05±0.00 
5 Cl-PFPeS C5HO3SClF10 364.910 Neg 0.03±0.00 




Table 4.5. Continued 
Class 
# 
Compound class and structure n 
Compound 
Acronym 
Formula m/z Ionic charge h C0 (µg/L)
 i 
5c 
 N-carboxy methyl dimethyl ammonio propyl- 
perfluoroalkane sulfonamide (CMeAmPr-FASA) 
 
4 CMeAmPr-FBSA C11H15O4SN2F9 441.054 Neg 0.09±0.00 
5 CMeAmPr-FPeSA C12H15O4SN2F11 491.050 Neg 0.01±0 
6 CMeAmPr-FHxSA C13H15O4SN2F13 541.047 Neg 0.42±0.02 
6c 
N-carboxy methyl dimethyl ammonio propyl-

















C16H19O6SN2F13 613.068 Neg 0.44±0.00 
7c 
Pentafluorosulfide-perfluoroalkane sulfonate  
(F5S-PFAS) 
6 F5S-PFHxS C6HO3S2F17 506.902 Neg 0.05±0.00 
8c 
Perfluoroalkane sulfonamide (FASA) 
4 FBSA C4H2O2SNF9 297.959 Neg 0.05±0.00 
6 FHxSA C6H2O2SNF13 397.953 Neg 0.25±0.00 
9c 
Hydrido-perfluoroalkanoic acid (H-PFCA) 
5 H-PFHxA C6H2O2F10 294.982 Neg 0.16±0.00 
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Table 4.5. Continued 
Class 
# Compound class and structure n 
Compound 
Acronym 
Formula m/z Ionic charge h C0 (µg/L)
 i 
10c 
Hydrido-perfluoroalkane sulfonate (H-PFSA) 3 H-PFPrS C3H2O3SF6 230.956 Neg 0.01±0.00 
4 H-PFBS C4H2O3SF8 280.952 Neg 0.05±0.00 
6 H-PFHxS C6H2O3SF12 380.946 Neg 0.04±0.00 
7 H-PFHpS C7H2O3SF14 430.943 Neg 0.05±0.01 
8 H-PFOS C8H2O3SF16 480.940 Neg 0.87±0.11 
10 H-PFDS C10H2O3SF20 580.933 Neg 0.97±0.14 
11c 
Hydrido-Unsaturated perfluoroalkane sulfonate  
(H-UPFAS) 
 
7 H-UPFHpS C7H2O3SF12 392.946 Neg 0.02±0.00 
8 H-UPFOS C8H2O3SF14 442.943 Neg 0.15±0.01 
12d 
Keto-perfluoroalkanesulfonate (K-PFAS) 5 K-PFPeS C5HO4SF9 326.938 Neg 0.03±4.53 
6 K-PFHxS C6HO4SF11 376.935 Neg 0.03±0.00 
7 K-PFHpS C7HO4SF13 426.932 Neg 0.06±0.00 
8 K-PFOS C8HO4SF15 476.928 Neg 0.39±0.04 
13b 
 N-methylethyl-carboxymethyl dimethyl ammonio 





C15H21O3N2F9 447.134 Zwi 10.9±0.46 
14c 
N-methylperfluoroalkanesulfonamidoacetic acid 
(MeFASAA) 5 MeFPeSAA C8H6O4SNF11 419.977 Neg 0.77±0.02 
6 MeFHxSAA C9H6O4SNF13 469.974 Neg 4.78±0.43 
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Table 4.5. Continued 
Class 
# 
Compound class and structure n 
Compound 
Acronym 




perfluoroalkanesulfonamide (OAmPr-FASA) 5 OAmPr-FPeSA C10H13O3SN2F11 451.054 Neg 1.23±0.06 
6 OAmPr-FHxSA C11H13O3SN2F13 499.037 Neg 3.46±0.16 
16c 
Oxa-perfluoroalkanesulfonate (O-PFAS) 
6 O-PFHxS C5HO4SF11 364.935 Neg 0.00±0.00 
7 O-PFHpS C6HO4SF13 414.932 Neg 0.07±0.00 
17c 
Perfluoroalkanesulfinate (PFASi) 4 PFBSi C4HO2SF9 282.948 Neg 0.03±0.00 
5 PFPeSi C5HO2SF11 332.945 Neg 0.01±0.00 
6 PFHxSi C6HO2SF13 382.942 Neg 0.33±0.02 
18e 
Perfluoro cyclohexane carboxylic acid (PFCPeCA) 




3 TAmPr-FPrSA C9H15O2SN2F7 349.082 Pos 1.04±0.46 
4 TAmPr-FBSA C10H15O2SN2F9 399.078 Pos 1.38±0.15 
5 TAmPr-FPeSA C11H15O2SN2F11 449.075 Pos 1.51±0.56 
6 TAmPr-FHxSA C12H15O2SN2F13 499.072 Pos 2.04±0.03 
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Table 4.5. Continued 
Class 
# 
Compound class and structure n 
Compound 
Acronym 




perfluoroalkanesulfonamido propanoic acid  
(TAmPr-FASAPrA) 
3 TAmPr-FPrSAPrA C12H19O4SN2F7 421.103 Zwi 1.12±0.07 
4 TAmPr-FBSAPrA C13H19O4SN2F9 471.099 Zwi 2.08±0.11 
5 TAmPr-FPeSAPrA C14H19O4SN2F11 521.096 Zwi 2.34±0.21 
6 TAmPr-FHxSAPrA C15H19O4SN2F13 571.093 Zwi 2.34±0.04 
21c 
Unsaturated perfluoroalkane sulfonate (UPFSA) 6 UPFHxS C6HO3SF11 360.940 Neg 0.15±0.01 
7 UPFHpS C7HO3SF13 410.937 Neg 0.08±0.00 
8 UPFOS C8HO3SF15 460.933 Neg 3.09±0.37 
a. Class structure adopted from Place et al. based on m/z value and q-TOF-MS data. 
b. Class structure adopted from D’Agostino et al. based on m/z value and q-TOF-MS data.41 
c. Class structure adopted from Barzen-Hanson et al. based on m/z value and q-TOF-MS data.35 
d. Class structure adopted from Rotander et al. based on m/z value and q-TOF-MS data.42 
e. Predicted class structure using q-TOF-MS data. 
f. Orange highlighted compounds are only detected under ESI+ mode during LC-qTOF-MS analysis 
g. Blue highlighted compounds are only detected under ESI- mode during LC-qTOF-MS analysis 
h. Predicted base on the pKa values calculated using Sparc 




structures are estimated to contribute 129 µg/L fluorine content to the diluted AFFF, accounting 
for 88% of the total fluorine content measured by 19F-NMR. 
4.4.2 Establishing adsorption equilibria for PFAAs in AFFF 
Because a major objective of the study was to characterize equilibrium adsorption of 
AFFF-derived PFASs to resins, it was important to assess adsorption kinetics in batch reactors to 
identify an appropriate minimum time for equilibration. Kinetics for adsorption of the 12 target 
PFAAs in AFFF was monitored for a period of 10 days in suspensions of the AERs and GAC 
(Figure 4.1). In Figure 4.1, the adsorption profiles of each target PFAA with GAC and AERs show 
that adsorption equilibrium between individual adsorbent and each PFAS has reached within 10 
days. The measured kinetics data was fit with a pseudo second-order kinetic model (eq. 4.1) was 







q t k q q
= +  
where k2 is the rate constant of pseudo-second-order adsorption (g/nmol/d), qe is the extent of 
adsorption at equilibrium (unit: nmol/g), and t is time (d). The values of qe and k2 for each resin 
and PFAS combination are summarized in Table C.1 in Appendix C. While the absolute values 
of qe and k2 for individual PFAAs and resins have limited utility, since they are necessarily 
dependent upon the initial concentrations of each analyte in the diluted AFFF mixture, it is worth 
noting some of the observed trends in the measured k2 values among PFAAs and among resins. 
These results indicate that most adsorbents showed higher adsorption percentage for PFSAs (10-
90%) after 1 day compared to PFCAs (5-65%), but equilibrium for both classes of PFAAs is 




experiments. Furthermore, initial concentrations remained unchanged in resin-free control 
reactors, consistent with the reported recalcitrance of PFAAs to degradation.15-18  
 Further, since our intention was to quantify adsorption equilibrium for individual PFASs 
present in the AFFF mixture in the presence of many other constituents, including co-solvents, 
hydrocarbon surfactants, and PFASs not measured by the QToF-MS method, it was important to 
verify that the presence of these other constituents did not significantly affect the adsorption 
behavior of individual PFASs (i.e., that adsorption to resin sites is non-competitive). To confirm 
Figure 4.1. Time courses for the adsorption of 12 PFAAs in the presence of nine adsorbents. 
Reaction conditions: Individual PFAA’s initial concentration is provided in Table 4.4, 50 
mg/L adsorbent, pH 8.3 (1 mM NaHCO3 + 5 mM NaCl), room temperature. Solid lines 





this, we measured adsorption of six PFAAs (PFBA, PFHxA, PFOA, PFBS, PFHxS, and PFOS) 
after spiking from purified reagents into suspensions of selected AER at the same initial 
concentrations measured in the diluted AFFF (Table 4.4). The extent of adsorption for all six 
PFAAs measured after 4 h, 1 d, and 10 d was comparable to values measured in experiments where 
diluted AFFF was equilibrated with the same resins (Figure 4.2). This provides validation for the 
measurements of individual PFASs conducted in the diluted AFFF mixtures. The non-competitive 
nature of the adsorption is consistent with the fact that the total concentration of ion exchange sites 
in the resin suspensions (50 µM) was much greater than the total PFAS concentration in AFFF 
estimated from targeted and suspect screening analysis (0.5 µM). 
4.4.3 Equilibrium adsorption of target PFAAs 
Figures 4.3-4.4 show the extent of adsorption of the target PFAAs measured after 
equilibration for 10 d with all the resins listed in Table 4.3 (50 mg/L resin). The exact adsorption 
percentages for each adsorbent is summarized in Table C.2 in Appendix C. Whereas significant 
adsorption of the PFAAs was observed for all the AERs examined (Figure 4.3), minimal 
adsorption was observed to the CERs and NIRs (Figure 4.4; <20% adsorbed in most cases). These 
trends are consistent with the anionic nature of the PFAAs. As reported previously, the extent of 
PFCA and PFSA adsorption to the AERs increased with increasing perfluoroalkyl chain length, 
and PFSAs adsorbed more strongly than PFCAs of comparable perfluoroalkyl chain length.44 
Adsorption to the PFAS-specific AERs (PAERs) was generally greater than to the regenerable 
AERs, especially for the shorter-chain analogues. Among the AERs, PFAA adsorption to A860 
was significantly weaker than the other resins, which was notable in that this was the only resin 
examined with a polyacrylic base polymer (all others were polystyrene). This outcome agrees with 
the result of a recent study where the adsorption of PFAAs were evaluated using polyacrylic and 
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polystyrene AERs.45 GAC was effective in adsorbing the longer-chain analogues but was 
ineffective for shorter-chain structures. With the exception of the A860 resin, greater adsorption 
of the PFAAs was generally observed for the same mass loadings of AER than for GAC. 
Figure 4.2. Close agreement between PFAA adsorption data measured in PFAA-only 
experiments and diluted AFFF experiments with 4 AERs. Supernatant samples collected for 
analysis after 4 h, 1 d, and 10 d of reaction. Reaction conditions: Initial PFAA concentrations 
provided in Table 4.4, 50 mg/L resin, pH 8.3 (1 mM NaHCO3 + 5 mM NaCl), room temperature. 
Dashed line shows 1:1 correlation of results for the two experiments. Error bars represent 
min/max values of duplicate experiments. Symbol shapes correspond to individual PFAA, and 





Figure 4.3. Extent of equilibrium adsorption of target PFAAs in 1-to-93,000-fold diluted AFFF 
to (a) regenerable AERs and (b) PFAS-selective AERs. Initial PFAA concentrations provided 
in Table 4.4, 50 mg/L resin, pH 8.3 (1 mM NaHCO3 + 5 mM NaCl), room temperature, t = 10 







Anion exchange equilibria can be modelled as a surface exchange reaction between the aqueous 
target anion (e.g., individual PFAS anion) and the mobile counterion pre-adsorbed on the resin 
(e.g., adsorbed Cl-), 
 
where PFASaq and Cl-aq are the aqueous concentration of PFAS and Cl- in the reactor (µg/L) and 
PFASads and Cl-ads are the amount of PFAS and Cl- adsorbed onto a resin (µg/mg) after 10 days. 
The selectivity coefficient (Kex) then relates the ratios of adsorbed and aqueous anions at 
equilibrium:  
[ ] [ ]









Figure 4.4. Equilibrium adsorption of target PFAAs in diluted AFFF to a GAC, two 
CERs and three NIRs. Initial PFAA concentrations provided in Table 4.4, 50 mg/L resin, 
pH 8.3 (1 mM NaHCO3 + 5 mM NaCl), room temperature, t = 10 d. Error bars represent 





The ratio of aqueous to adsorbed Cl- ions was fixed by maintaining a large excess of chloride in 
the solution phase (5 mM NaCl as background electrolyte) and providing a large excess of resin 
sites relative to the PFASs present in the diluted AFFF solutions (50 mg/L AER initially possess 
55-90 µM exchange sites occupied by Cl- versus ~0.5 µM total PFASs in the diluted AFFF 
solution). It follows then that the PFAA adsorption data can be used to determine Kex values for 
each of the PFAA-AER combinations (Table 4.4). Examination of the resulting selectivity 
coefficients shows more than 6 orders-of-magnitude variation among the PFAA-resin 
combinations, ranging from 100.7 (PFBA adsorbing on A860) to 106.9 (PFOS adsorbing on 
PFA694E and CalRes2301). The Kex values at the higher end of this range reflect the high 
selectivity of AER for adsorbing PFASs over inorganic anions like Cl-. 
Examination of the Kex values reveals a number of notable trends. First, consistent with the 
adsorption data presented in Figure 4.3 and previous reports,33,34 we generally find that 
perfluoroalkyl sulfonic acids have larger Kex values for a given resin than the corresponding 
carboxylic acid, and that within each PFAA class that Kex values increase with increasing 
perfluoroalkyl acid chain length (Figure 4.5). The average logKex change per CF2 group is found 
ranged between 0.14 -0.65 for the studied AERs (Table 4.6). These trends are consistent with 
favorable polymer interactions with longer-chain PFAAs and polar head groups that contribute to 
increased hydrophobicity.44 
The importance of non-electrostatic contributions to PFAA adsorption is further 
highlighted by the much wider range in Kex values observed across the 8 AERs for individual 
PFAAs that exhibit greater hydrophobicity (Figure 4.5). For example, while little variation among 
the AER is observed for Kex values obtained for PFBA (0.73  logKex  2.30), nearly 4 orders-of-
magnitude variation is observed for PFOS (2.93  logKex  6.91). This is consistent with the 
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Figure 4.5. Effect of perfluoroalkyl carbon chain length and polar head group identity on the 
PFAS/Cl- selectivity coefficients (eq 4.3) of 8 AERs for (a) PFCAs and (b) PFSAs. Open symbols 
represent PAERs, filled symbols represent regenerable AERs. Reaction conditions same as 
Figure 4.3. Error bars representing min/max values from duplicate experiments are smaller than 





reported observation that short-chain PFAAs tend to still break through rapidly for PFAS-selective 
AERs in the field even though breakthrough volumes for longer-chain PFASs can be extended 
significantly in comparison to non-selective AER.46 
Table 4.6. Average Δlog Kex values per CF2 group 
of AERs for two PFAA classes 
 PFCAs PFSAs 
A300 0.31±0.12 0.16±0.14 
A520E 0.43±0.08 0.65±0.66 
A532E 0.47±0.21 0.61±1.01 
A600E 0.42±0.15 0.44±0.26 
A860 0.14±0.10 0.40±0.30 
PFA694E 0.41±0.32 0.60±1.00 
CalRes2301 0.42±0.22 0.60±1.28 
CalRes2304 0.40±0.23 0.59±0.70 
*The larger errors for Δlog Kex values are results of variation 
in individual PFAA’s concentration. 
 
A number of notable trends are also revealed by collectively comparing Kex values for the 
full range of target PFAAs among AERs. A cross-correlation analysis among resins (Figure 4.6A) 
can be useful for visualizing these differences and help to identify AER properties that influence 
Kex values. This comparison reveals the superior performance of selected resins, in particular the 
PFAS-selective AERs over the non-selective AERs. Beyond this, comparison among resins reveals 
the importance of other resin properties to PFAA adsorption. For example, the cross-correlation 
reveals that A860 exhibited the lowest affinity for the target PFAAs among the eight AERs, with 
average logKex values that negatively deviated most from the other resins. The AERs examined 
differ in three major aspects: polymer matrix, porosity, and functional group (Table 4.3). Among 
the AERs, A860 is the only resin with a polyacrylic matrix. The other AERs all contain a more 
hydrophobic polystyrene matrix. Comparison of A860 with A520E is most revealing since they  
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Figure 4.6. Cross-correlation comparison of PFAS/Cl- selectivity coefficients (eq 4.3) of seven 
AERs between (A) 12 PFAAs analyzed by targeted analysis, and (B) the targeted PFAAs plus 63 
additional PFASs identified through suspect screening analysis (Classes described in Table 4.5). 
LogKex values and logKex difference were calculated using eqs. 4.3 and C1, respectively. Reaction 
conditions same as Figure 4.3. Dashed line represents 1:1 correlation between logKex values for 
the two resins being compared. x and y axis. Error bars representing min/max values from 














share similar characteristics besides the polymer matrix, but the latter resin yields much larger Kex 
and Δlog Kex values per CF2 group for the target PFAAs (Figure 4.5 and Table 4.6). Thus, while 
both resins provide similar electrostatic attraction for the PFAAs, hydrophobic interactions are 
enhanced for the polystyrene resins.47,48 This finding contradicts with the result of a previous study 
where polyacrylic AERs exhibited higher selectivity for PFOS compared to polystyrene AERs.49 
This discrepancy is likely caused by differences in initial PFAS concentrations used in the studies, 
where the total initial PFAA concentration in the present study is ~1300 times lower than the PFOS 
concentration applied in the previous report.49 
The importance of AER functional group was assessed by comparing three AERs that 
possess the same porosity and polymer matrix but different functional groups (A300, A532E, and 
A600E). Comparison between the three resins shows that, while A300 and A600E yield similar 
logKex values for the PFAAs, A532E yields much larger values, with average logKex values being 
1.45 units higher than those measured for the other two resins. This higher selectivity of A532E is 
also reflected in its Δlog Kex values per CF2 group compared to the other two resins (Figure 4.5 
and Table 4.6). The greater affinity of A532E might be attributable to its non-traditional 
bifunctional structure containing two types of quaternary amine groups, one with long alkyl chains 
(4-6 carbons) and another with short alkyl chains (2-3 carbons).34 In comparison, A600E and A300 
are functionalized only with less hydrophobic amine groups. A600E contains trimethylammonium 
groups, whereas A300 has one of the methyl groups substituted with an ethanol group, further 
reducing resin hydrophobicity.50 Thus, while all three resins provide similar electrostatic 
interactions with PFAAs, the functional groups in A532E provide additional hydrophobicity that 
enhances adsorption of PFAAs, especially the longer-chain analogues. Although there is limited 
information available for the functional groups of PFA964E, its similarity in logKex values with 
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A532E suggests it share similar physical characteristics where more hydrophobic moieties are 
utilized. 
Both gel-type and macroporous AERs were examined, and the selectivity coefficients 
obtained for two AERs that only differ in porosity (i.e. macroporous CalRes2301 vs. gel-type 
CalRes2304) were found closely related to each other (i.e., their logKex values are closely aligned 
with the 1:1 ratio line in Figure 4.6), with only a slight preference for the macroporous 
CalRes2304. Past study  has shown macroporous AERs are much more selective for PFASs in 
systems with elevated PFAS concentration (e.g., >100 mg/L).34 This suggests the role of pore size 
is more significant in environments where PFASs are saturating the adsorption sites of individual 
resin. However, the gel-type PFA694E from Purolite performed similarly to the macroporous 
CalRes2301, so firm conclusions on the importance of resin porosity remain unclear from these 
batch studies. 
4.4.4 Adsorption of other PFASs to resins 
In addition to anionic PFASs, zwitterionic or cationic PFASs are also important 
contaminants that are frequently detected in AFFF-impacted source area waters where direct PFAS 
treatment are required before discharging to the environment. Therefore, it is crucial to evaluate 
the adsorption behavior of these chemicals along with anionic PFASs in order to achieve total 
PFAS removal goal. By applying semi-quantitative analysis, we were able to quantify the 
adsorption of 63 additional PFASs identified in the AFFF (Table 4.5), including 44 structures 
predicted to be anionic, 4 predicted to be cationic, and 15 predicted to be zwitterionic at 
experimental pH conditions. To our knowledge, this is the first study that evaluated the adsorption 
of a diverse group of zwitterionic or cationic PFASs onto commercially available resins. Table 
4.7 summarizes the extent to which each of the suspect compounds was adsorbed to each of the  
141 
 
resins and GAC. In general, regardless of predicted charge, a larger number of the suspect PFASs 
tended to adsorb more strongly to AERs than to CERs, NIRs or GAC.  
Like the targeted PFAAs, very little adsorption of the suspect PFASs was observed for both 
CERs examined, including the four structures predicted to be cationic. This indicates that CERs, 
unlike AERs, do not exhibit inherent selectivity for PFASs relative to the counterion (Na+) present 
in the solutions at much higher concentrations (6 mM) than the PFASs in diluted AFFF. This is 
despite having a similar polystyrene polymer matrix that provides for favorable non-electrostatic 
interactions with the PFASs. 
Selected PFASs adsorb to the NIRs, in particular some of the PFASs that contain long 
perfluoroalkyl tails and/or are cationic and zwitterionic (e.g., AmPr-FASA, MeEtCMeAmPr-
FAAD, TAmPr-FASA, and TAmPr-FASAPrA; Table 4.5). Since NIRs are resins without actively 
charged functional groups, the high adsorption percentages yielded from the long chain and non-
anionic PFASs are likely a result of their strong hydrophobic interaction with NIRs’ nonpolar 
structure. This conclusion is supported by the fact that a greater extent of PFAS adsorption was 
observed for NIRs with more nonpolar character (e.g., XAD-2 and XAD-4) compared to the NIR 
with moderately polar character (e.g. XAD-7 HP). 
Consistent with results already discussed for PFAAs, the majority of the suspect PFASs adsorbed 
to the polystyrene based AERs to a greater extent than to GAC, whereas less adsorption was 
observed for the polyacrylic A860 resin (Table C.2). Selectivity coefficients for the 63 suspect 
PFASs were estimated by applying eq 4.3 to the semi-quantitative estimates of aqueous and 
adsorbed concentrations of each suspect PFAS (Table C.3 in Appendix C), and Figure 4.6B shows 
the resin cross-correlation plots expanded to include both the targeted PFAAs and the suspect 
PFASs. In general, the trends already noted in terms of PFAS-selective vs. non-selective AER, 
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polymer matrix, functional group, and resin porosity hold when the suspect PFASs are added to 
the targeted PFAAs.  
Unlike the PFAAs, increasing perfluoroalkyl chain length within individual PFAS classes 
only led to larger Kex values for the more hydrophobic AERs (e.g., AmPr-FASA, AmPr-FASA-
PrA, and CEtAmPr-FASA-PrA in the presence of A532E, PFA964E and CalRes2301). Because 
the diverse perfluoroalkyl tails and the nonfluorinated head groups of the suspect PFASs can affect 
their overall structural hydrophobicity, the observed trend for the more hydrophobic PFASs is 
likely caused by strong hydrophobic interactions with the AERs. The diverse nonfluorinated head 
groups identified from the suspect PFAS classes also influenced adsorption behavior. For example, 
replacing the carboxylate head group in PFPeA with a complex amide functionality (e.g., 
MeEtCMeAmPr-FPeAd) markedly decreases the logKex value for AERs. Similar changes are also 
observed when the sulfonate group in PFHxS is replaced with a sulfonamide (e.g., FHxSA, a PFAS 
frequently detected in AFFF impacted groundwater28) or sulfonamidoacetic acid (e.g., 
MeFASAA) (Figure 4.7). In general, we find that PFAS structures with head groups that are 
bulkier (i.e. higher steric hindrance) and/or predicted to be zwitterionic at pH 8.3 adsorb to a lesser 
degree than PFAAs with similar perfluoroalkyl chain lengths. 
Reduced adsorption to AERs was generally observed for PFASs containing zwitterionic or 
cationic headgroups. Adsorption of the zwitterionic PFASs ranged between 1 – 60% among all the 
investigated AERs, with <30% adsorption being observed for most PFAS-resin combinations. 
PFASs possessing cationic head group (e.g., TAmPr-FASA) showed even less adsorption 
compared to the zwitterionic PFASs, with adsorption to the AERs ranging from 1 – 22%. 
Moreover, the logKex values of zwitterionic and cationic PFAS classes (e.g., AmPr-FASA, 
MeEtCMeAmPr-FAAd, TAmPr-FASA, and TAmPr-FASAPrA) were also the lowest among the
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GAC AER PAER CER NIR 
Cal 
F400 




C100 C150 XAD-2 XAD-4 XAD-
7HP 
1 
AmPr-FEtSAb Zwi N/Ac N/A 20±1 3±0 N/A N/A 5±0 12±2 N/A 1±0 1±0 1±0 10±1 1±0 
AmPr-FPrSA Zwi 13±3 11±0 29±5 32±4 19±1 9±0 25±3 19±4 1±0 1±0 1±0 1±0 48±5 13±1 
AmPr-FBSA Zwi 14±3 10±0 29±4 39±6 15±1 6±0 30±4 44±4 8±0 1±0 1±0 24±2 66±7 13±1 
AmPr-FPeSA Zwi 15±3 12±0 30±4 44±7 15±1 6±0 38±6 50±8 21±1 1±0 1±0 64±4 76±3 42±4 




Zwi N/A N/A 16±0 18±1 N/A N/A 9±0 26±2 N/A 1±0 2±0 1±0 9±0 1±0 
AmPr-FPrSA-
PrA 
Zwi 52±3 41±4 84±7 85±8 66±1 8±0 70±10 69±9 41±8 1±0 1±0 1±0 1±0 1±0 
AmPr-FBSA-
PrA 
Zwi 77±5 44±2 85±2 88±2 68±0 12±0 75±11 82±4 56±6 1±0 1±0 1±0 1±0 1±0 
AmPr-FPeSA-
PrA 
Zwi 77±12 35±3 69±9 82±15 65±0 10±1 76±13 77±15 53±5 1±0 1±0 1±0 1±0 1±0 
AmPr-FHxSA-
PrA 




Neg N/A N/A 11±1 5±0 N/A N/A 0±0 1±0 N/A 3±0 3±0 6±0 8±0 11±1 
CEtAmPr-
FPrSA-PrA 
Neg 37±6 1±0 41±2 80±4 62±3 17±0 47±2 57±9 46±2 1±0 1±0 1±0 1±0 1±0 
CEtAmPr-
FBSA-PrA 
Neg 50±3 40±2 47±2 77±16 64±3 10±0 71±4 72±4 33±6 1±0 1±0 1±0 1±0 1±0 
CEtAmPr-
FPeSA-PrA 
Neg 38±3 41±7 83±4 73±4 68±2 4±0 74±4 68±12 37±7 1±0 1±0 1±0 1±0 1±0 
CEtAmPr-
FHxSA-PrA 
Neg 50±2 50±9 85±7 83±13 71±6 11±0 78±10 82±3 52±8 1±0 1±0 1±0 1±0 1±0 
4 
Cl-PFBSd Neg 38±2 96 e 96 96 96 16±1 96 96 96 4±0 32±2 17±1 24±1 30±2 
Cl-PFPeS Neg 95 95 95 95 95 40±2 95 95 95 2±0 36±2 7±1 16±1 6±0 
Cl-PFHxS Neg 99 99 99 99 99 22±0 99 99 99 1±0 6±0 1±0 20±1 17±1 
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A300 A520E A532E A600E A860 PFA694E CalRes23
01 
CalRes23






Neg 54±3 30±1 66±3 47±2 29±1 9±0 65±3 77±4 54±3 1±0 1±0 1±0 25±5 9±2 
CMeAmPr-
FPeSA 
Neg 66±17 51±4 68±3 48±3 54±3 13±1 68±3 81±4 36±2 1±0 1±0 9±1 62±3 7±1 
CMeAmPr-
FHxSA 




Neg 97 97 97 97 97 9±1 97 97 97 1±0 1±0 1±0 1±0 1±0 
CMeAmPr-
FBSAPrA 
Neg 99 99 99 99 99 10±0 99 99 99 1±0 1±0 1±0 1±0 1±0 
CMeAmPr-
FPeSAPrA 
Neg 97 97 97 97 97 20±2 97 97 97 1±0 1±0 1±0 1±0 1±0 
CMeAmPr-
FHxSAPrA 
Neg 98 98 98 98 98 34±1 98 98 98 1±0 1±0 1±0 1±0 1±0 
7 F5S-PFHxS Neg 96 96 96 96 96 96 96 96 96 1±0 1±0 1±0 1±0 1±0 
8 
FBSA Neg 1±0 1±0 45±4 61±7 40±1 12±0 79±6 87±4 67±2 1±0 1±0 1±0 1±0 1±0 
FHxSA Neg 18±3 48±3 64±6 85±4 65±8 12±0 84±1 90±14 80±4 1±0 1±0 1±0 1±0 1±0 
9 H-PFHxA Neg 26±2 97 97 97 97 10±0 97 97 97 6±0 3±0 23±1 16±1 1±0 
10 
H-PFPrS Neg 26±1 90 90 90 90 17±1 90 90 90 1±0 4±0 1±0 5±0 1±0 
H-PFBS Neg 24±1 96 96 96 96 14±0 96 96 96 1±0 1±0 1±0 1±0 3±0 
H-PFHxS Neg 96 96 96 96 96 25±1 96 96 96 11±0 16±1 32±2 43±2 37±3 
H-PFHpS Neg 96 96 96 96 96 25±1 96 96 96 22±2 17±0 9±0 19±1 27±1 
H-PFOS Neg 97±15 98±5 99 99 99 75±6 99 99 99 31±2 34±0 24±3 48±9 73±5 
H-PFDS Neg 95±15 96 96 96 96 88±4 96 96 96 8±0 6±0 10±0 65±3 60±3 
11 
H-UPFHpS Neg 67±1 66±3 90 90 82±4 1±0 90 90 90 2±0 1±0 7±0 4±0 5±0 
H-UPFOS Neg 69±3 94±14 99 99 98±11 23±3 99 99 99 13±1 23±0 20±2 34±3 36±7 
12 
K-PFPeS Neg 49±5 94 94 94 94 13±0 94 94 94 1±0 1±0 1±0 1±0 1±0 
K-PFHxS Neg 81±10 93 93 93 93 25±4 93 93 93 3±0 22±1 22±1 38±2 10±1 
K-PFHpS Neg 34 34 34 34 34±0 29±1 34 34 34 34 1±0 34 34 23±1 




Zwi 5±0 33±1 29±2 23±3 11±0 1±0 15±1 1±0 1±0 1±0 1±0 36±2 60±8 28±4 
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C100 C150 XAD-2 XAD-4 XAD-
7HP 
14 
MeFPeSAA Neg 1±0 88±4 84±4 91±5 47±2 39±4 90±4 97 97 1±0 1±0 1±0 1±0 1±0 
MeFHxSAA Neg 54±5 90±1 94±10 93±18 44±2 60±3 93±5 99±5 99±5 1±0 1±0 1±0 1±0 1±0 
15 
OAmPr-FPeSA Neg N/A N/A 1±0 1±0 N/A N/A 1±0 1±0 N/A 1±0 1±0 25±4 54±2 13±3 
OAmPr-FHxSA Neg N/A N/A 1±0 1±0 N/A N/A 1±0 1±0 N/A 1±0 1±0 53±5 46±1 39±7 
16 
O-PFHxS Neg 48 48 48 48 48 48 48 48 48 48 48 48 48 48 
O-PFHpS Neg 50 50 50 50 50 36±1 50 50 50 21±1 20±1 1±0 36±2 50 
17 
PFBSi Neg 1±0 63±3 55±3 61±3 51±3 17±1 94 94 94 1±0 1±0 11±1 7±0 1±0 
PFPeSi Neg 1±0 84 84 84 84 1±0 84 84 84 32±2 43±2 22±1 42±7 16±1 
PFHxSi Neg 83±8 82±7 88 88 88 14±1 88 88 88 1±0 7±0 7±0 19±0 10±0 
18 PFMeCHxCA Neg 59±3 87±4 99 99 99 28±2 99 99 99 29±1 27±4 9±0 36±2 23±0 
19 
TAmPr-FPrSA Pos N/A N/A 15±1 2±0 N/A N/A 12±1 22±1 N/A 2±0 9±0 10±1 17±1 8±1 
TAmPr-FBSA Pos N/A N/A 1±0 00±0 N/A N/A 2±0 2±0 N/A 1±0 1±0 1±0 38±2 4±0 
TAmPr-FPeSA Pos N/A N/A 1±0 9±0 N/A N/A 3±0 1±0 N/A 1±0 2±0 23±1 47±2 22±2 




Zwi N/A N/A 7±0 1±0 N/A N/A 3±0 1±0 N/A 8±0 1±0 3±0 24±0 1±0 
TAmPr-
FBSAPrA 
Zwi N/A N/A 1±0 5±0 N/A N/A 3±0 1±0 N/A 0±0 1±0 1±0 40±0 12±0 
TAmPr-
FPeSAPrA 
Zwi N/A N/A 1±0 1±0 N/A N/A 1±0 1±0 N/A 1±0 1±0 1±0 35±1 9±2 
TAmPr-
FHxSAPrA 
Zwi N/A N/A 1±0 1±0 N/A N/A 1±0 1±0 N/A 1±0 3±0 33±2 56±3 42±1 
21 
UPFHxS Neg 85±10 99 96±5 99 97±14 10±0 99±8 99±8 99±6 7±0 3±0 6±0 9±0 10±1 
UPFHpS Neg 61±3 98 98 98 98 24±0 98±12 98±12 98±12 60±3 62±8 65±4 52±3 71±10 
UPFOS Neg 66±3 99 99 99 92±5 36±2 99±3 99±6 99±9 83±4 49±3 43±5 55±2 89±14 
a. Predicted base on the pKa values calculated using Sparc 
b. Orange highlighted compounds are only detected under ESI+ screening mode 
c. Data not available from ESI+ screening 
d. Blue highlighted compounds are only detected under ESI- mode during LC-qTOF-MS analysis 
e. Data with italic formatting are calculated based on the limit of quantification  
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21 classes of suspect PFASs. The low adsorption of PFASs with zwitterionic and cationic 
headgroups are consistent with unfavorable interactions between resins and the localized cationic 
charges in the headgroup.  
 
 
Figure 4.7. Effect of non-fluorinated head group on the selectivity of suspect PFAS classes of 
equal chain length in the presence of Purolite A532E and CalRes 2301. R1 = F(CF2)5, R2 = 
F(CF2)6. Class 13 = MeTeCMeAmPr-FAAd, Class 14 = MeFASAA, Class 8 = FASA. Reaction 
conditions same as Figure 4.3. Error bars represent min/max values of duplicate experiments. 
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While low adsorption affinity may be expected for zwitterionic and cationic PFASs, more 
surprising was the low extent of adsorption observed for three suspect PFASs that are poly-ionic 
with one cationic and two anionic moieties (e.g., CEtAmPr-FEtSA-PrA, OAmPr-FPeSA, and 
OAmPr-FHxSA). As shown in Table C.3 in Appendix C, the highest logKex value among all AERs 
for these compounds is 1.45, corresponding to only 26% adsorption (to 50 mg/L resin). The low 
adsorption affinity of these PFASs indicates that cationic functional groups can negatively impact 
a PFAS’s adsorption to AERs even if the net charge on the PFAS is negative. 
Lastly, AmPr-FEtSA, AmPr-FPrSA, AmPr-FEtSA-PrA, CEtAmPr-FEtSA-PrA, and 
PFASs with 3-5 CF2 moieties from TAmPr-FASA, and TAmPr-FASAPrAdid not adsorb 
significantly (<50%) to any of the studied resins. As all of these compounds contains localized 
cationic functional groups and limited CH2 moieties (Table 4.5 and C.2), it is likely their 
hydrophobic interaction with all resins are inhibited by the shorter perfluoroalkyl tails while the 
positively charged moieties in their headgroups further diminished the electrostatic interaction 
with AERs. 
4.4.5 Environmental Significance 
The frequent detection of diverse PFAS structures in AFFF-impacted aqueous systems has 
increased concerns related to adverse human health and ecosystem effects.51-54 Given their extreme 
persistence and bioaccumulative nature, physical adsorption represents an efficient technology for 
separating PFASs from contaminated water. Findings from this study examined for the first time 
the adsorption of 75 PFASs from an AFFF mixture to 14 adsorbents (13 resins and GAC) at 
environmental relevant concentrations. Results from this work show AERs with polystyrene 
backbones are more selective towards PFASs compared to GAC, especially for the short-chain 
PFAAs (e.g., PFBA). Furthermore, by comparing the selectivity coefficients of each PFAS-AER 
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combination, the physical characteristics of AERs (i.e., polymer matrix, functional group, and 
morphology) were found to strongly influence their affinity towards the 75 PFASs. For example, 
AERs that contain more hydrophobic polymer matrixes (e.g., polystyrene) and functional groups 
(e.g., quaternary ammonium with long alkyl branches) tend to display stronger selectivity towards 
PFASs compared to other AERs that lack those properties. Such findings are valuable assets for 
developing more effective AERs to treat the wide range of PFASs detected in the environment. 
The two CERs examined in this study were found to be ineffective for adsorption of the 
identified PFASs, including PFASs that are predicted to be cationic. It follows that, unlike AERs, 
adsorption of PFASs initiated by cation exchange is not selective in comparison with Na+ that is 
much more abundant in most aquatic systems. On the other hand, PFASs that are zwitterionic and 
contain long perfluoroalkyl chains showed higher affinity to NIRs compared to other resins, 
indicating NIRs can be effective for removing PFASs that are predicted to be highly hydrophobic. 
Nonetheless, given the limited number of zwitterionic PFASs possessing long perfluoroalkyl 
chains, results from the CER and NIR study suggests there would be limited benefit for combining 
AERs with additional CER/NIR treatment systems for total PFAS removal. Experiments with 
other AFFF mixtures and/or individual PFASs are needed to confirm this finding. 
Findings from this study also indicate the adsorption of PFASs is strongly influenced by 
the hydrophobicity and overall ionic charge of their structures. As increased selectivity is 
confirmed for PFASs with longer chain length and more hydrophobic headgroups, the adsorption 
of PFASs of similar length also differs depending on the ionizable moieties in the headgroup. 
Localized cationic functional groups can significantly decrease their selectivity towards AERs 
regardless of the compound’s overall charge. Moreover, although the majority of the identified 
PFASs were effectively adsorbed by selected AERs with strong hydrophobic characteristics, a 
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number of short-chain PFASs with positively charged moieties did not readily adsorb to any of the 
studied adsorbents. Although such cationic compounds, which strongly adsorb to soils, are 
unlikely to migrate from source zone soils into impacted groundwater requiring treatment, 
technologies are needed to remove such structures from industrial wastewater and AFFF 
wastewater (e.g., AFFF wastewater collected from accident sites)   This leads to additional work 
for designing treatment technologies that can eliminate these compounds from AFFF-
contaminated water. 
While results from this chapter advanced the knowledge on the effectiveness of IX and 
non-ionic resins for treating the diverse PFAS structures detected in AFFF, future work is needed 
to evaluate the influence of non-target solution constituents (e.g. other common organic/inorganic 
ions) that might compete for adsorption sites with PFASs in aquatic systems. Moreover, 
development of models that can translate the adsorption kinetics and equilibrium parameters from 
this work to more practical continuous-flow treatment systems is also needed to predict AER 
treatment effectiveness for AFFF-derived PFASs in the field. 
4.5 References 
1. Guelfo, Jennifer L.; Higgins, Christopher P., Subsurface transport potential of perfluoroalkyl 
acids at aqueous film-forming foam (afff)-impacted sites. Environmental Science & Technology 
2013, 47, (9), 4164-4171. 
 
2. Hodgkins, L. M.; Mulligan, R. P.; McCallum, J. M.; Weber, K. P., Modelling the transport of 
shipborne per- and polyfluoroalkyl substances (pfas) in the coastal environment. Science of The 
Total Environment 2019, 658, 602-613. 
 
3. Mejia-Avendaño, S.; Munoz, G.; Vo Duy, S.; Desrosiers, M.; Benolt, P.; Sauvé, S.; Liu, J., 
Novel fluoroalkylated surfactants in soils following firefighting foam deployment during the lac-
mégantic railway accident. Environmental Science and Technology 2017, 51, (15), 8313-8323. 
 
4. Loos, R.; Locoro, G.; Comero, S.; Contini, S.; Schwesig, D.; Werres, F.; Balsaa, P.; Gans, O.; 
Weiss, S.; Blaha, L.; Bolchi, M.; Gawlik, B. M., Pan-european survey on the occurrence of selected 




5. Backe, W. J.; Day, T. C.; Field, J. A., Zwitterionic, cationic, and anionic fluorinated chemicals 
in aqueous film forming foam formulations and groundwater from u.S. Military bases by 
nonaqueous large-volume injection hplc-ms/ms. Environmental Science and Technology 2013, 47, 
(10), 5226-5234. 
 
6. Hu, Xindi C.; Andrews, David Q.; Lindstrom, Andrew B.; Bruton, Thomas A.; Schaider, Laurel 
A.; Grandjean, Philippe; Lohmann, Rainer; Carignan, Courtney C.; Blum, Arlene; Balan, Simona 
A.; Higgins, Christopher P.; Sunderland, Elsie M., Detection of poly- and perfluoroalkyl 
substances (pfass) in u.S. Drinking water linked to industrial sites, military fire training areas, and 
wastewater treatment plants. Environmental Science & Technology Letters 2016, 3, (10), 344-350. 
 
7. Bassler, J.; Ducatman, A.; Elliott, M.; Wen, S.; Wahlang, B.; Barnett, J.; Cave, M. C., 
Environmental perfluoroalkyl acid exposures are associated with liver disease characterized by 
apoptosis and altered serum adipocytokines. Environmental Pollution 2019, 1055-1063. 
 
8. Seo, Sung-Hee; Son, Min-Hui; Choi, Sung-Deuk; Lee, Duk-Hee; Chang, Yoon-Seok, Influence 
of exposure to perfluoroalkyl substances (pfass) on the korean general population: 10-year trend 
and health effects. Environment International 2018, 113, 149-161. 
 
9. Schultz, Melissa M.; Barofsky, Douglas F.; Field, Jennifer A., Quantitative determination of 
fluorotelomer sulfonates in groundwater by lc ms/ms. Environmental Science & Technology 2004, 
38, (6), 1828-1835. 
 
10. Houtz, Erika F.; Higgins, Christopher P.; Field, Jennifer A.; Sedlak, David L., Persistence of 
perfluoroalkyl acid precursors in afff-impacted groundwater and soil. Environmental Science & 
Technology 2013, 47, (15), 8187-8195. 
 
11. D'Eon, Jessica C.; Mabury, Scott A., Production of perfluorinated carboxylic acids (pfcas) 
from the biotransformation of polyfluoroalkyl phosphate surfactants (paps):  Exploring routes of 
human contamination. Environmental Science & Technology 2007, 41, (13), 4799-4805. 
 
12. Rhoads, Kurt R.; Janssen, Elisabeth M. L.; Luthy, Richard G.; Criddle, Craig S., Aerobic 
biotransformation and fate of n-ethyl perfluorooctane sulfonamidoethanol (n-etfose) in activated 
sludge. Environmental Science & Technology 2008, 42, (8), 2873-2878. 
 
13. D’eon, Jessica C.; Mabury, Scott A., Exploring indirect sources of human exposure to 
perfluoroalkyl carboxylates (pfcas): Evaluating uptake, elimination, and biotransformation of 





14. McDonough, Carrie A.; Choyke, Sarah; Ferguson, P. Lee; DeWitt, Jamie C.; Higgins, 
Christopher P., Bioaccumulation of novel per- and polyfluoroalkyl substances in mice dosed with 
an aqueous film-forming foam. Environmental Science & Technology 2020. 
 
15. Prevedouros, Konstantinos; Cousins, Ian T.; Buck, Robert C.; Korzeniowski, Stephen H., 
Sources, fate and transport of perfluorocarboxylates. Environmental Science & Technology 2006, 
40, (1), 32-44. 
 
16. Houde, Magali; Martin, Jonathan W.; Letcher, Robert J.; Solomon, Keith R.; Muir, Derek C. 
G., Biological monitoring of polyfluoroalkyl substances:  A review. Environmental Science & 
Technology 2006, 40, (11), 3463-3473. 
 
17. Remde, Armin; Debus, Reinhard, Biodegradability of fluorinated surfactants under aerobic 
and anaerobic conditions. Chemosphere 1996, 32, (8), 1563-1574. 
 
18. Nancy, Merino; Yan, Qu; A., Deeb Rula; L., Hawley Elisabeth; R., Hoffmann Michael; Shaily, 
Mahendra, Degradation and removal methods for perfluoroalkyl and polyfluoroalkyl substances 
in water. Environmental Engineering Science 2016, 33, (9), 615-649. 
 
19. Harding-Marjanovic, Katie C.; Houtz, Erika F.; Yi, Shan; Field, Jennifer A.; Sedlak, David L.; 
Alvarez-Cohen, Lisa, Aerobic biotransformation of fluorotelomer thioether amido sulfonate 
(lodyne) in afff-amended microcosms. Environmental Science & Technology 2015, 49, (13), 7666-
7674. 
 
20. Huang, Shan; Jaffé, Peter R., Defluorination of perfluorooctanoic acid (pfoa) and 
perfluorooctane sulfonate (pfos) by acidimicrobium sp. Strain a6. Environmental Science & 
Technology 2019, 53, (19), 11410-11419. 
 
21. Chetverikov, S. P.; Sharipov, D. A.; Korshunova, T. Yu; Loginov, O. N., Degradation of 
perfluorooctanyl sulfonate by strain pseudomonas plecoglossicida 2.4-d. Applied Biochemistry 
and Microbiology 2017, 53, (5), 533-538. 
 
22. Kwon, Bum Gun; Lim, Hye-Jung; Na, Suk-Hyun; Choi, Bong-In; Shin, Dong-Soo; Chung, 
Seon-Yong, Biodegradation of perfluorooctanesulfonate (pfos) as an emerging contaminant. 
Chemosphere 2014, 109, 221-225. 
 
23. Hori, Hisao; Nagaoka, Yumiko; Sano, Taizo; Kutsuna, Shuzo, Iron-induced decomposition of 
perfluorohexanesulfonate in sub- and supercritical water. Chemosphere 2008, 70, (5), 800-806. 
 
24. Hori, Hisao; Nagaoka, Yumiko; Yamamoto, Ari; Sano, Taizo; Yamashita, Nobuyoshi; 
Taniyasu, Sachi; Kutsuna, Shuzo; Osaka, Issey; Arakawa, Ryuichi, Efficient decomposition of 
152 
 
environmentally persistent perfluorooctanesulfonate and related fluorochemicals using zerovalent 
iron in subcritical water. Environmental Science & Technology 2006, 40, (3), 1049-1054. 
 
25. Yang, Shewei; Cheng, Jianhua; Sun, Jian; Hu, Yongyou; Liang, Xiaoyan, Defluorination of 
aqueous perfluorooctanesulfonate by activated persulfate oxidation. PLOS ONE 2013, 8, (10), 
e74877. 
 
26. Yuchi LEE, Shanglien LO, Jeff KUO, Chinghong HSIEH, Decomposition of 
perfluorooctanoic acid by microwave-activated persulfate: Effects of temperature, ph, and chloride 
ions. Front. Environ. Sci. Eng. 2012, 6, (1), 17-25. 
 
27. Tsitonaki, Aikaterini; Petri, Benjamin; Crimi, Michelle; MosbÆK, Hans; Siegrist, Robert L.; 
Bjerg, Poul L., In situ chemical oxidation of contaminated soil and groundwater using persulfate: 
A review. Critical Reviews in Environmental Science and Technology 2010, 40, (1), 55-91. 
 
28. Xiao, Xin; Ulrich, Bridget A.; Chen, Baoliang; Higgins, Christopher P., Sorption of poly- and 
perfluoroalkyl substances (pfass) relevant to aqueous film-forming foam (afff)-impacted 
groundwater by biochars and activated carbon. Environmental Science & Technology 2017, 51, 
(11), 6342-6351. 
 
29. Chularueangaksorn, Pattarawan; Tanaka, Shuhei; Fujii, Shigeo; Kunacheva, Chinagarn, Batch 
and column adsorption of perfluorooctane sulfonate on anion exchange resins and granular 
activated carbon. Journal of Applied Polymer Science 2014, 131, (3). 
 
30. Deng, Shubo; Yu, Qiang; Huang, Jun; Yu, Gang, Removal of perfluorooctane sulfonate from 
wastewater by anion exchange resins: Effects of resin properties and solution chemistry. Water 
Research 2010, 44, (18), 5188-5195. 
 
31. Rahman, Mohammad Feisal; Peldszus, Sigrid; Anderson, William B., Behaviour and fate of 
perfluoroalkyl and polyfluoroalkyl substances (pfass) in drinking water treatment: A review. 
Water Research 2014, 50, 318-340. 
 
32. Carter, Kimberly E.; Farrell, James, Removal of perfluorooctane and perfluorobutane sulfonate 
from water via carbon adsorption and ion exchange. Separation Science and Technology 2010, 45, 
(6), 762-767. 
 
33. McCleaf, P.; Englund, S.; Ostlund, A.; Lindegren, K.; Wiberg, K.; Ahrens, L., Removal 
efficiency of multiple poly- and perfluoroalkyl substances (pfass) in drinking water using granular 




34. Zaggia, Alessandro; Conte, Lino; Falletti, Luigi; Fant, Massimo; Chiorboli, Andrea, Use of 
strong anion exchange resins for the removal of perfluoroalkylated substances from contaminated 
drinking water in batch and continuous pilot plants. Water Research 2016, 91, 137-146. 
 
35. Barzen-Hanson, Krista A.; Roberts, Simon C.; Choyke, Sarah; Oetjen, Karl; McAlees, Alan; 
Riddell, Nicole; McCrindle, Robert; Ferguson, P. Lee; Higgins, Christopher P.; Field, Jennifer A., 
Discovery of 40 classes of per- and polyfluoroalkyl substances in historical aqueous film-forming 
foams (afffs) and afff-impacted groundwater. Environmental Science & Technology 2017, 51, (4), 
2047-2057. 
 
36. Nickerson, Anastasia; Maizel, Andrew C.; Kulkarni, Poonam R.; Adamson, David T.; Kornuc, 
John J.; Higgins, Christopher P., Enhanced extraction of afff-associated pfass from source zone 
soils. Environmental Science & Technology 2020. 
 
37. Place, Benjamin J.; Field, Jennifer A., Identification of novel fluorochemicals in aqueous film-
forming foams used by the us military. Environmental Science & Technology 2012, 46, (13), 7120-
7127. 
 
38. Liu, Charlie J.; Werner, David; Bellona, Christopher, Removal of per- and polyfluoroalkyl 
substances (pfass) from contaminated groundwater using granular activated carbon: A pilot-scale 
study with breakthrough modeling. Environmental Science: Water Research & Technology 2019, 
5, (11), 1844-1853. 
 
39. Giles, Spencer L.; Snow, Arthur W.; Hinnant, Katherine M.; Ananth, Ramagopal, Modulation 
of fluorocarbon surfactant diffusion with diethylene glycol butyl ether for improved foam 
characteristics and fire suppression. Colloids and Surfaces A: Physicochemical and Engineering 
Aspects 2019, 579, 123660. 
 
40. Murray, Conner C.; Vatankhah, Hooman; McDonough, Carrie A.; Nickerson, Anastasia; 
Hedtke, Tayler T.; Cath, Tzahi Y.; Higgins, Christopher P.; Bellona, Christopher L., Removal of 
per- and polyfluoroalkyl substances using super-fine powder activated carbon and ceramic 
membrane filtration. Journal of Hazardous Materials 2019, 366, 160-168. 
 
41. D’Agostino, Lisa A.; Mabury, Scott A., Identification of novel fluorinated surfactants in 
aqueous film forming foams and commercial surfactant concentrates. Environmental Science & 
Technology 2014, 48, (1), 121-129. 
 
42. Rotander, Anna; Kärrman, Anna; Toms, Leisa-Maree L.; Kay, Margaret; Mueller, Jochen F.; 
Gómez Ramos, María José, Novel fluorinated surfactants tentatively identified in firefighters using 
liquid chromatography quadrupole time-of-flight tandem mass spectrometry and a case-control 




43. Buck, Robert C; Franklin, James; Berger, Urs; Conder, Jason M; Cousins, Ian T; de Voogt, 
Pim; Jensen, Allan Astrup; Kannan, Kurunthachalam; Mabury, Scott A; van Leeuwen, Stefan PJ, 
Perfluoroalkyl and polyfluoroalkyl substances in the environment: Terminology, classification, 
and origins. Integrated Environmental Assessment and Management 2011, 7, (4), 513-541. 
 
44. Higgins, Christopher P.; Luthy, Richard G., Sorption of perfluorinated surfactants on 
sediments. Environmental Science & Technology 2006, 40, (23), 7251-7256. 
 
45. Laura del Moral, Lerys; Choi, Youn Jeong; Boyer, Treavor H., Comparative removal of 
suwannee river natural organic matter and perfluoroalkyl acids by anion exchange: Impact of 
polymer composition and mobile counterion. Water Research 2020, 178, 115846. 
 
46. Zeng, Chao; Atkinson, Ariel; Sharma, Naushita; Ashani, Harsh; Hjelmstad, Annika; Venkatesh, 
Krishishvar; Westerhoff, Paul, Removing per- and polyfluoroalkyl substances from groundwaters 
using activated carbon and ion exchange resin packed columns. AWWA Water Science 2020, 2, 
(1), e1172. 
 
47. Du, Ziwen; Deng, Shubo; Chen, Youguang; Wang, Bin; Huang, Jun; Wang, Yujue; Yu, Gang, 
Removal of perfluorinated carboxylates from washing wastewater of perfluorooctanesulfonyl 
fluoride using activated carbons and resins. Journal of Hazardous Materials 2015, 286, 136-143. 
 
48. Yu, Qiang; Zhang, Ruiqi; Deng, Shubo; Huang, Jun; Yu, Gang, Sorption of perfluorooctane 
sulfonate and perfluorooctanoate on activated carbons and resin: Kinetic and isotherm study. 
Water Research 2009, 43, (4), 1150-1158. 
 
49. Deng, S. B.; Yu, Q. A.; Huang, J.; Yu, G., Removal of perfluorooctane sulfonate from 
wastewater by anion exchange resins: Effects of resin properties and solution chemistry. Water 
Research 2010, 44, (18), 5188-5195. 
 
50. SenGupta, A.K., Ion exchange in environmental processes: Fundamentals, applications and 
sustainable technology. Wiley: 2017. 
 
51. Ding, G.; Peijnenburg, W. J. G. M., Physicochemical properties and aquatic toxicity of poly- 
and perfluorinated compounds. Critical Reviews in Environmental Science and Technology 2013, 
43, (6), 598-678. 
 
52. Workman, C. E.; Becker, A. B.; Azad, M. B.; Moraes, T. J.; Mandhane, P. J.; Turvey, S. E.; 
Subbarao, P.; Brook, J. R.; Sears, M. R.; Wong, C. S., Associations between concentrations of 
perfluoroalkyl substances in human plasma and maternal, infant, and home characteristics in 




53. Mazzoni, M.; Buffo, A.; Cappelli, F.; Pascariello, S.; Polesello, S.; Valsecchi, S.; Volta, P.; 
Bettinetti, R., Perfluoroalkyl acids in fish of italian deep lakes: Environmental and human risk 
assessment. Science of The Total Environment 2019, 653, 351-358. 
 
54. Routti, H.; Atwood, T. C.; Bechshoft, T.; Boltunov, A.; Ciesielski, T. M.; Desforges, J. P.; 
Dietz, R.; Gabrielsen, G. W.; Jenssen, B. M.; Letcher, R. J.; McKinney, M. A.; Morris, A. D.; 
Rigét, F. F.; Sonne, C.; Styrishave, B.; Tartu, S., State of knowledge on current exposure, fate and 
potential health effects of contaminants in polar bears from the circumpolar arctic. Science of The 







REGENERATION OF ANION EXCHANGE RESINS FOLLOWING TREATMENT OF 
PERFLUOROOCTANE SULFONATE (PFOS)  
Yida Fang, Anderson Ellis, Timothy J. Strathmann** 
5.1 Abstract 
While anionic exchange resins (AERs) has proven to be effective for adsorbing the diverse 
per- and polyfluoroalkyl substances (PFASs) detected in aqueous film-forming foam (AFFF) 
impacted water, selecting optimized regeneration schemes for these adsorbents remains a 
challenge for treatment facilities where a low environmental-impact ion exchange system is 
desired. In this chapter, work is initiated to investigate the influence of AERs’ structural property 
and regenerant solution composition on desorption of perfluorooctane sulfonate (PFOS) in order 
to down-select a list of regenerant solutions that can effectively and sustainably regenerate PFAS-
exhausted resins. Three AERs (Purolite A520E, A532E, and A860) varying in physical properties 
(e.g., polymer matrix, functional group) and affinities for PFAS were selected as representative 
adsorbents based on data collected from Chapter 4 of this thesis. Thirty-five regeneration schemes 
with different co-solvent and dissolved salt composition were examined for their ability to 
regenerate the selected AERs that were preloaded with 8 mg/g PFOS. Findings from this work 
suggest that regeneration of most resins loaded with long-chain PFASs (e.g., PFOS), including 
polystyrene- and polyacrylic-based AER, will require a combination of salt brine and co-solvent 
to desorb the PFOS and regenerate the resins. This outcome agrees with the importance of both 
 
**Fang and Strathmann designed the study and prepared the draft. Fang conducted the majority of 
the experiments and analyzed the data; Ellis helped prepare reactors and collect samples. Fang, 
Ellis and Strathmann are affiliated with Colorado School of Mines. 
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electrostatic and van der Waals interactions controlling PFAS binding to the resins. Results 
observed in this work enhances the understanding on the impact of resin polymer matrix and 
functional group polarity on the regeneration of AERs. 
5.2 Introduction 
The frequent detection of per- and polyfluoroalkyl substances (PFASs) in aquatic systems 
poses significant health risks to both human and the ecosystem. Recent studies have reported the 
combined concentration of  perfluorooctane sulfonate (PFOS) and perfluorooctanoic acid (PFOA) 
in selected U.S. drinking water sites has ranged from 140-2,100 ng/L1, which exceeds the U.S. 
EPA’s drinking water lifetime health advisory level (i.e. 70 ng/L combined for PFOS + PFOA ). 
Other perfluoroalkyl acids (PFAAs) with shorter carbon chain lengths, such as perfluorobutanoic 
acid (PFBA) and perfluorobutane sulfonate (PFBS), were also detected in various groundwater 
wells in the U.S., raising additional concerns about the effect of PFAS on human health and 
ecosystems.2,3 In recent years, the application of ion exchange (IX) resins has gained increased 
interest for PFAS remediation, in part, due to their high PFAS selectivity and ability to regenerate. 
Work in Chapter 4 of this thesis study show that > 90% of the detected PFASs in a diluted aqueous 
film-forming foam (AFFF) mixture can be adsorbed by selected anionic exchange resins (AERs) 
and their adsorption percentages are mostly > 95%. On top of their high affinity, AER’s ability to 
regenerate after being exhausted by PFASs and other anionic groundwater constituent also enables 
them to be recycled back into service, which may substantially decrease both economic and 
environmental impacts over the life cycle of the site remedial activities or drinking water treatment.  
While AERs have proven to be effective for removing PFASs from contaminated sources, 
limited information is available for their regenerability when saturated with PFASs. To date, the 
regeneration of AERs have only been studies at high PFAA loadings (e.g., >200 mg PFOS/g 
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AER)4 with limited regeneration schemes. While these studies provided valuable insights to the 
regeneration of AERs in batch reactors, it is difficult to integrate them into continuous flow 
systems where the capacity of AERs for PFAS was found to be much lower (e.g., ng PFOS/g 
AER).4 Moreover, regeneration of AERs in past studies are often associated with solutions that 
contain high salt and co-solvent concentration. Although these regenerants offered relatively high 
regeneration percentage, they are also a major contributor to the environmental burden for the 
applied IX systems. For instance, their need for co-solvent (e.g., methanol) not only contribute 
additional solvent recovery needs to the IX system but also presents as a fire hazard to the treatment 
facility and raises concerns as residual solvent can be potentially released to the environment. 
Moreover, the high salt concentration in these regenerants can also inhibit biological processes5 
and increase the salt content of receiving waters, which in turn have adverse impacts on aquatic 
organisms and ecosystems.6  
Given regenerants with different characteristics (e.g., brine anion/cation type, brine 
concentration and co-solvent percentage) have been reported to inhibit or enhance the regeneration 
of other organic adsorbates, such as pentachlorophenol,7 it is possible similar effects will also 
apply to the regeneration of PFAAs. It follows that understanding the desorption behavior of 
PFAAs in these solutions will be beneficial for finding AER regenerant schemes that are effective 
while having lower adverse environmental impacts. On the other hand, while knowing the 
desorption trend of PFAAs in regenerants with different characteristics is critical for optimizing 
schemes for AER regeneration, it is equally important to elucidate possible relationships that 
correlates AERs’ regenerability with their selectivity coefficient at low PFAA loadings for 
developing sustainable resin systems that require long-term operation cycles. Therefore, more 
work is needed to not only study resin regenerants that can be used to establish a more robust 
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treatment systems for PFAS removal, but also to evaluate economic and environmental impact 
tradeoffs for different regenerant protocols. 
This chapter describes the results from batch resin regeneration experiments conducted 
with PFOS-loaded resins designed to systematically evaluate the influence of AERs’ structural 
properties and regenerant solution composition on PFOS desorption. Three regenerable AERs 
(Purolite A520E, A532E, and A860) were selected as representative resins based upon their 
physical properties and differential affinities for adsorption of PFOS determined from Chapter 4 
of this thesis research. Thirty-five different regeneration schemes varying in brine type and 
methanol co-solvent concentration were tested for their effectiveness in regenerating the selected 
AERs at low PFOS loading (e.g., 8 mg/g). Results observed from this chapter will provide valuable 
information to guide the selection of resins and regeneration schemes to optimize PFAS treatment. 
5.3 Methods 
5.3.1 Reagents and Resins 
All chemical reagents were of the highest purity available. Unless otherwise stated, all 
solutions were prepared using deionized water (Synergy UV-R, EMD Millipore, 18.2 MΩ-cm 
resistivity). Sodium chloride (NaCl), potassium chloride (KCl), ammonium chloride (NH4Cl), 
sodium hydroxide (NaOH), potassium hydroxide (KOH), ammonium hydroxide (NH4OH), 
sodium sulfate (Na2SO4), ammonium sulfate ((NH4)2SO4), sodium carbonate (Na2CO3), potassium 
carbonate (K2CO3), ammonium carbonate ((NH4)2CO3), and PFOS were purchased from Sigma-
Aldrich (St. Louis, MO). Optima LC/MS grade methanol was purchased from Fisher Chemical 
(Hampton, NH). Three AERs (A520E, A532E, and A860) were obtained from the Purolite 
Corporation (Bala Cynwyd, PA) and saturated with 8 mg/g PFOS after pre-treatment. The resin 
pre-treatment procedure is the same as described in Chapter 4. Properties for all three AERs, 
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including their PFOS selectivity coefficient obtained from Chapter 4, are summarized in Table 
5.1. 
5.3.2 Batch Regeneration Experiment 
Batch regeneration tests were prepared to assess the desorption behavior of PFOS in the 
presence of the selected resins. Individual reactors (50 mL) were prepared with 40 mL regenerant 
solution (a list of the regenerant schemes designed for this study is provided in Table D.1 in 
Appendix D) and 1 mM pH buffer (pH 8.3, NaHCO3). After equilibrating overnight, batch 
experiments were initiated by adding 40 mg of PFOS pre-loaded AER (i.e., 8 mg PFOS/g resin). 
The minimum PFOS adsorption capacity for the three AERs is estimated to be > 40 mg/g, which 
is much higher than the PFOS loading used for this study. All experiments were conducted in 
duplicate and batch suspensions of resin were continuously mixed on a shaker table for 100 h. 
Aqueous samples were collected at 24 h and 100 h and stored at -20 ºC before PFOS analysis. The 
PFOS concentration in each reactor is expected to be 8 mg/L if 100% desorption from resin occurs. 
5.3.3 Analytical 
Aliquots collected from batch reactors were analyzed for PFOS using a SCIEX ExionLC 
ultra-high-pressure liquid chromatography (UHPLC) system with a Phenomenex Gemini C18 
Table 5.1. Ion exchange resins included in this study 
Resin A520E A532E A860 
Vendor Purolite Purolite Purolite 
Resin Type Type I, strong base Strong base, other Type I, strong base 
Polymer Polystyrene Polystyrene Polyacrylic 
Porosity Macroporous Gel Macroporous 
Functional Group R‐N+(CH2CH3)3 Bifunctional quat amine R‐N+(CH3)3 
Capacity a 1.2 1.2 1.1 
Log (Kex)b for PFOS 5.80±0.00 6.85±0.00 2.93±0.03 
a. Unless otherwise indicated, capacity information provided by vendors. Unit: µmol (Cl- or Na+) / mg resin 





column (110Å, 100×3 mm, 5 µm) equipped with a Phenomenex C18 guard column (2×4 mm) and 
two Agilent Zorbax Diol guard columns (12.5×4.6 mm, 6 µm). A delay column (Luna C18,100Å, 
30×3 mm, 5 µm) was placed between system pumps and autosampler to trap system related PFASs 
and delay their elution. A column oven was held at 40ºC and sample injection volumes were set at 
1000 L. Two mobile phases – A [Optima HPLC grade water, 20 mM ammonium acetate] and B 
[Optima HPLC grade methanol] – were delivered at 0.6 mL/min. Initial eluent conditions were 90% 
A and 10% B. The percent of B was increased to 50% over 0.5 min and then ramped to 99% over 
8 min. Its concentration was held at 99% for 5 min, then ramped back down to 10% over 0.5 min, 
and held constant for 3 min. A Sciex X500R Quadrupole Time-of-Flight MS (QToF/MS) system 
using SWATH® Data-Independent Acquisition was operated in negative electrospray ionization 
(ESI-) mode for QToF-MS and MS/MS analysis. Sciex OS 1.5 was used to process collected 
QToF-MS data to quantify PFOS with available analytical standards and internal standards. 
Detailed method for PFOS quantification was adopted from previous studies.8,9 Briefly, PFOS was 
identified when its retention time is within 30 seconds of its corresponding analytical standards, 
mass error < 10 ppm from the nominal isotopic m/z, and peak signal-to-noise ratio >10. The peak 
areas of PFOS’s internal standard were used to correct for matrix effects and instrumental variation. 
PFOS concentration was only reported when its concentration was at least three times higher than 
all instrument and method blanks.  
5.4 Results and Discussion 
5.4.1 Desorption of PFOS with aqueous-only regenerants 
As shown in Figure 5.1, regenerants that contain only salt, base or salt/base showed 
minimal desorption of PFOS for all the examined AERs after equilibration for 24 h. Since 
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regenerants without co-solvent only provide competing electrostatic interactions to desorb PFOS  
from AERs, results from Figure 5.1 suggests addition favorable interaction (e.g., hydrophobic) 
between the solvent and adsorbate and/or solvent and resin might be needed to promote desorption 
of pre-adsorbed PFOS. No further desorption was observed upon increasing the equilibration time 
from 24 to 100 h, demonstrating that the lack of desorption was not attributable to slow reaction 
kinetics (at least on the time scale of experiments conducted here). The lack of regeneration 
observed with A520 using 0.5% NH4Cl + 0.5% NH4OH solution was unexpected since this finding 
contradicts an earlier report by Zaggia and co-workers4 wherein ~70% desorption of PFOS was 
Figure 5.1. Regeneration profiles of A520E, A532E, and A860 in the presence of 12 
aqueous-only regenerants. Equilibration time is 24 hrs. Reactor conditions: 40 mg AER 
with 8 mg/g PFOS loading, 40 mL regenerants, pH 8.3 (1 mM NaHCO3), room temperature. 
Error bars represent min/max values of duplicate experiments. 
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observed for the same resin and regeneration scheme. Although the source of the discrepancy is 
unclear, the PFOS loading on the AERs from the current study is much lower than that used by 
these authors (e.g., 8 mg/g vs. 250 mg/g) and more representative to the resin capacities measured 
in continuous flow systems.4 
5.4.2 Desorption of PFOS with co-solvent 
Because minimal regeneration was observed in the aqueous-only regenerants, the PFOS-
loaded AERs were then tested with solutions containing a water-miscible co-solvent (methanol). 
As shown in Figure 5.2A, the regeneration of A532E and A860 was surveyed in 12 salt or salt/base 
solutions that contained 50% methanol. By adding co-solvent to the regenerants, it can greatly 
decrease the polarities of the target solution, altering solvent-solute and solvent-resin interactions 
in a manner that promotes desorption of the pre-adsorbed PFOS. Because AER’s selectivity is 
largely controlled by hydrophobic interactions with PFAS (as shown in the results from Chapter 
4), the decrease in solvent polarity can be used to promote desorption of PFOS and other PFASs. 
With the addition of methanol, the regeneration percentage of A860 increased by more than 60% 
(except the regenerant with only 0.03% salt) compared to the same regenerant salt solutions 
without added methanol. This result agrees with a previous report where the regeneration rate of a 
polyacrylic AER is increased by more than 70% with the addition of 50% methanol in a 1% NaCl 
regenerant.10 The higher regeneration percentage for A860 is consistent with the resin’s less 
hydrophobic polyacrylic matrix compared to the polystyrene matrix of the other two AERs tested. 
It is interesting to also note the lack of PFOS desorption from A860 observed for the regenerant 
with only 0.03% salt and 50% methanol. This outcome suggests competing electrostatic interaction 
from solvent to resin is also required to desorb PFOS from A860 in addition to the co-solvent. 
Another interesting trend observed from the A860 regeneration profiles is the type of cation/anion 
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in a salt did not significantly change the magnitude of regeneration for A860, indicating identical 
electrostatic force is contributed by salts with different cations and/or anions. This result is 
particularly important for certain technologies that aimed to destroy PFASs in waste regenerants. 
For example, a recent study has shown that while electrochemical oxidation is a promising 
treatment tool for degrading PFASs in waste brines recovered from IX processes, this process also 
generates a large amount of perchlorate, a toxic chemical that is frequently regulated by the U.S. 
EPA, as byproduct if the salt in the waste brine has Cl- as anion.11 The fact that A860 regeneration 
is not affected by salt type can greatly enhance the feasibility of electrochemical treatment for 
remediating PFASs left in waste regenerant by alternating the brine type to non-halide salt. In 
contrast to A860, A532E exhibited minimal regeneration even in the presence of 50% methanol 
(Figure 5.2A). The low regeneration of A532E is likely a result of its high selectivity for PFOS. 
As shown in Table 5.1, the selectivity coefficient of A532E is nearly three-order of magnitude 
greater than A860 and it is largely due to its highly hydrophobic backbone and functional group 
compared A860. It follows that the increased hydrophobicity in A532E can exert a stronger bond 
with PFOS, which caused it harder to overcome by the solvent-adsorbate interaction produced 
from regenerants with only 50% methanol. In order to test this hypothesis, regenerants with 
increased methanol concentration (80%) but same salt concentrations were examined for their 
ability to regenerate A860 and A532E. In Figure 5.2B, the regeneration percentage of A860 in 
regenerants containing 80% methanol is comparable with regenerants containing 50% methanol 
when the salt concentration is at 1%, indicating the regenerability of A860 is likely optimized in 
regenerants with ≤ 1% salt and ≤ 50% methanol. Interestingly, the regeneration percentage of A860 
is much higher in the 0.03% salt solution when the methanol percentage increased from 50 to 80%, 
suggesting a further decrease in the polarity of the solvent/salt mixture benefits PFOS desorption.  
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Figure 5.2. Regeneration profiles of A532E and A860 in the presence (A) 12 regenerants with 50% 
methanol and (B) 6 regenerants with 80% methanol. Equilibration time is 24 hrs. Reactor 
conditions: 40 mg AER with 8 mg/g PFOS loading, 40 mL regenerants, pH 8.3 (1 mM NaHCO3), 













Nonetheless, future work is needed to evaluate this hypothesis with regenerants only containing 
methanol. As for A532E, its regenerability increased significantly in regenerants containing 80% 
methanol. Similar trend where more hydrophobic AERs require more hydrophobic solution to 
regenerate is also observed in another study.4 This outcome confirms the hypothesis that a stronger 
hydrophobic interaction is needed between solvent and adsorbate in order to desorb PFOS from 
AERs with higher hydrophobicity. It also confirms the important role of regenerant’s 
hydrophobicity in controlling their ability to regenerate PFAS from AERs. 
The regenerability of A860 and A532E were also examined with longer equilibration time 
(e.g., 100 h) in regeneration schemes presented in Figure 5.2. Similar to the results from the 
aqueous-only experiments, no significant change was observed in regeneration percentage 
between samples collected at 24 h and 100 h for both resins. This further confirms regeneration 
equilibrium in this study is reached within 1 d and longer equilibration time does not enhance the 
regeneration of AERs. 
5.4.3 Effect of salt concentration 
While the hydrophobicity of regenerants has shown significant influence in desorbing 
PFOS from AERs, it is also important to evaluate the role of electrostatic interaction in controlling 
the regenerability of AERs. In Figure 5.3, the regeneration of A860 and A532E is examined in 
regenerants with 80% methanol but varied in salt concentration (e.g., 0.2% vs. 1%). For A860, the 
reduced salt concentration (e.g., 0.2%) in the five examined regenerant schemes did not affect its 
regeneration percentage, suggesting a lower environmental impact regenerant can be utilized to 
achieve high desorption of PFOS for A860. On the other hand, A532E displayed a lower 
regeneration percentage in the five examined regenerant schemes when their salt concentration is 




Figure 5.3. Effect of salt concentration for the regeneration of (A) A860 and (B) A532E. 
Equilibration time is 24 hrs. Reactor conditions: 40 mg AER with 8 mg/g PFOS loading, 
40 mL regenerants, pH 8.3 (1 mM NaHCO3), room temperature. Error bars represent 
min/max values of duplicate experiments. 
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hydrophobicity is needed in the regenerant to disrupt the hydrophobic attraction between PFOS 
and A532E, a stronger electrostatic interaction is also needed between the solvent and the resin in 
order to achieve higher regeneration rates for A532E. This result confirms the regenerability of 
AER is negatively related to their affinity for PFOS and regenerants with high salt and organic co-
solvent content is needed to regenerate AERs with high PFAS selectivity coefficients. 
5.4.4 Summary 
Results from this chapter show that salt only, base only and salt + base regenerants did not 
generate significant desorption of PFOS after 24 h for all three selected AERs. In contrast, all 
regenerant solutions containing 50% methanol showed significant desorption of PFOS for A860, 
but not A532E. The difference in PFOS desorption between these two AERs in methanol-
containing reactors is likely a result of their difference in PFAS affinity where A860 is much less 
selective toward PFASs compared to A532E. On the other hand, the regeneration percentage for 
A532E increased significantly when the methanol is increased to 80%. Thus, both salt and co-
solvent are required to desorb PFOS from the more hydrophobic polystyrene resin. While salt is 
needed to disrupt the electrostatic attraction between the PFOS sulfonate head group and resin 
AER sites, the increased methanol concentration can disrupt van der Waals interactions between 
the resins and fluoroalkyl chain. Future work needed for this study is to assess the salt and methanol 
threshold needed to regenerate the selected AERs. 
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SELECTIVE OXIDATION OF COLOR-INDUCING CONSTITUENTS IN RAW SUGAR 
CANE JUICE WITH POTASSIUM PERMANGANATE  
A modified version of this chapter was published in Food Chemistry 
Yida Fang, Anderson Ellis, Minori Uchimiya, Timothy J. Strathmann** 
6.1 Abstract 
Color removal in raw sugar remain a crucial but expensive process in the sugar industry. 
In this report, permanganate (MnO4-) oxidation is explored as an alternative method to remove 
color-inducing constituents in sugar cane juice or produced raw sugar. Experiments indicated alum 
an inexpensive coagulant, was able to remove residual Mn species produced after MnO4- treatment. 
The optimal dosages of MnO4- and alum for decoloration of a 17 wt% raw sugar solution (70 C) 
was found to be 4 mM and 2 g/L, respectively. Removal of color and Mn removal were further 
improved at ambient temperature. Sucrose, the major component of raw sugar, was not affected 
during treatment with MnO4- and alum. Two-phase kinetic behavior for MnO4- oxidation was 
observed, where an initial rapid oxidation phase is followed by a second slower reaction phase. 
These results suggest permanganate oxidation is a promising alternative for accomplishing the 
decoloration of raw sugar solutions.  
 
 
**Reproduced with permission from Fang, Yida; Ellis, Anderson; Uchimiya, Minori; Strathmann, 
Timothy J., Selective oxidation of colour-inducing constituents in raw sugar cane juice with 
potassium permanganate. Food Chemistry 2019, 298, 125036. Copyright 2019 Elsevier. Fang and 
Strathmann designed the study and drafted the manuscript. Fang conducted the majority of the 
experiments and analyzed the data; Ellis hepled setup reactors and collected samples for HPLC 
analysis. Uchimiya provided feedback on manuscript. Fang, Ellis, and Strathmann are affiliated 




Sugar is one of the largest food commodities throughout the world. In 2018, the total 
production of sugar in the U.S. was estimated to be 32.7 million tons.1 More than 50% of refined 
sugar is manufactured from sugarcanes,2 and there are more than 800,000 acres of sugarcane plants 
in production in the states of  Florida, Louisiana, and Texas.2 Four major steps are required for the 
production of raw sugar from the harvested sugarcane: 1) raw juice production; 2) clarification; 3) 
evaporation of clarified juice; and 4) crystallization of syrup to form raw sugar.3 During the 
clarification step, sugarcane juice is treated at elevated temperature (90-105 C) with other 
constituents (e.g. alum, and lime).3 A byproduct of this step is the generation of colored 
compounds, e.g., through oxidation of naturally occurring phenolic compounds and thermal 
degradation and condensation reactions of sugar by caramelization.4 Moreover, color precursors 
that are present in sugarcanes, such as reducing sugars and amino acids, also produce high 
molecular weight colored polymers (e.g., melanin) when heated during the clarification step.5,6 
Removing the color produced in the sugar cane juice represents a major cost and it is one 
of the most important parameters monitored by the sugar refining industry.7 Its appearance plays 
a key role in the price of refined sugar,8 where refined sugar is approximately $80-100/ton more 
expensive than sugars with color.9 Currently, the majority of color removal techniques are applied 
during the raw sugar refining process and are heavily reliant on physical methods, such as 
application of activated carbon and ion-exchange resins.10,11 Limited chemical methods are also 
used in combination with these technologies, such as sulphitation and carbonatation.12 Although 
these practices can be effective, some of the chemical approaches for decoloration has raised public 
health concerns. For example, sulphitation (to produce plantation white sugar with colors between 
100 to 200 International Commission for Uniform Methods of Sugar Analysis Units (IU)) is 
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accomplished by contacting the juice with sulfur dioxide (SO2), where SO2 reacts with carboxyl 
groups in sugars to inhibit their participation in color-forming reactions with amino acids (i.e., 
Maillard reactions). As a result, this process often leaves high levels of undesirable sulfite (SO32-) 
residuals in the treated sugar juice that can exceed technical and health specifications.13 Despite 
the recent development of sulfur-free clarification processes, such as electrocoagulation, as 
substitutes to replace sulphitation, research has found it can only achieve high color removal at 
elevated input voltages, which increases the treatment costs.14 Another common practice for 
sugarcane juice clarification is liming, which helps neutralize acids, control pH, and provide 
calcium ions for the formation of calcium phosphate flocs, in heated sugarcane juice.15 However, 
drawbacks for using lime in sugarcane juice is the formation of undesirably high ash in the sugar 
liquor and high levels of CaO that can affect the clarified juice quality.16 Thus, alternative methods 
for decoloration are desired by the sugar refining industry to both reduce production costs and 
minimize potential adverse health effects associated with toxic chemical residuals. 
Recent studies have begun to examine color removal using advanced oxidation processes 
(AOPs), such as ozone,17 Fenton oxidation,6 and treatment with hydrogen peroxide.18 AOPs 
generate highly reactive hydroxyl radicals (OH) that can oxidize color-forming structures (e.g., 
phenolic groups) present as co-constituents in the raw sugar solutions.19 Unfortunately, most 
studies of AOPs to date only report on the oxidation of one or two potential colorant groups found 
in sugar mills.17 The success of AOPs for decoloration of raw sugar cane juice mixtures remains 
largely unknown. Moreover, hydroxyl radicals are known to react non-selectively with most 
organic compounds.20 This non-selectivity leads to low efficiencies of treatment (i.e., only a small 
fraction of the radicals generated react with the target chemicals), and more importantly, 
undesirable oxidation of the desired sucrose components in the juice.21 In order to avoid the loss 
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of sucrose during sugar decoloration, more selective oxidants are desired to remove colorant 
components without oxidizing the desired sucrose product. Potassium permanganate (KMnO4; 
Mn(VII)) is a selective oxidant that is widely used by municipal drinking water utilities, e.g., for 
the treatment of trace taste- and odor-causing compounds present in sourcewaters.22 On top of its 
effectiveness over a wide pH range and relatively low cost compared to the other major color 
removal techniques, such as ion-exchange resins and activated carbon, it reacts selectively with 
electron-rich organic moieties, including phenolic, olefin, thiol, ether, aldehyde, and ketone 
groups.23,24 Some of these same functional groups are present within documented color-causing 
components of sugar cane juice.5 At the same time, MnO4- is considered unreactive with alcohol 
and ether functional groups that characterize the disaccharide structure of sucrose.20 Furthermore, 
upon reaction, the water soluble MnO4- ion is rapidly reduced to highly insoluble Mn(IV) and 
Mn(III) precipitates (e.g., MnO2(s)) that can be readily removed by existing clarification steps 
incorporated in the sugar refining process.25 
Given its high selectivity, low cost, and documented use for production of drinking water 
supplies, this study examined the application of KMnO4 for decoloration of raw sugar cane 
solutions. Preliminary screening experiments demonstrate the effectiveness of KMnO4 for 
decoloration compared to a variety of other oxidants being applied for water purification and 
environmental remediation applications. Further studies were then undertaken to investigate 
decoloration of sugar cane juice by KMnO4. This included examining the effects of KMnO4 
dosing, reaction time, temperature of the juice at the time of oxidant application, and the addition 
of common coagulating agents. The potential for non-target reactions with sucrose in the sugar 
solution and residual dissolved Mn were also monitored since these factors are critical to ensuring 
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the process efficiency and health and safety. Results were then used to inform recommendations 
for further study and application of KMnO4 within the sugar cane juice refining process. 
6.3 Methods 
6.3.1 Reagents and Raw Sugar 
Crystallized raw sugar (pol 98.91; ICUMSA-Color 2125) produced from a sugarcane mill 
was received from a local refinery and was stored at 4 C until used. All other chemical reagents 
were of the highest purity available and were used as received from Sigma-Aldrich (St. Louis, 
MO). All aqueous solutions were prepared in reagent-grade deionized water (DI water; Synergy 
UV-R, EMD Millipore, 18.2 MΩ-cm resistivity).  
6.3.2 Experimental Setup 
Batch experiments were conducted at both 70 C to mimic conditions used during 
clarification steps in raw sugarcane mills,26 and at ambient laboratory temperature (~20 C) to 
assess an alternative low temperature treatment strategy. Reactions were conducted in 30 mL 
amber glass serum bottles. Raw sugar and 20 mL DI water were added to each bottle to prepare a 
17 wt% sugar (17 Brix) solution, a concentration of sugarcane juice commonly present in the 
clarification treatment step in sugarcane mills.26 For reactions conducted at 70 C, reactors were 
then placed in a constant temperature water bath heated to the target temperature. After stirring for 
30 min to completely dissolve the added raw sugar and establishing a stable temperature in the 
reaction solution, the desired chemical oxidant (KMnO4, H2O2, K2S2O8, or KHSO5) was 
introduced separately to initiate a reaction. Reactors were continuously mixed, and samples were 
collected for analysis after the desired reaction time (typically 2 h). Collected samples were either 
centrifuged at 21,000×G for 10 min (to separate solid residuals including Mn oxide solid products) 
or quenched by adding hydroxylamine (to reduce any KMnO4 and Mn oxide solid residuals to 
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colorless dissolved Mn2+). Triplicate reactors were prepared for individual reaction conditions and 
pH of each reactor was recorded before and after reaction. Color changes of the centrifuged 
supernatants or hydroxylamine-quenched solutions were monitored by UV-Vis absorbance spectra 
( = 300 – 800 nm) after filtering through 0.45 µm filters. Absorbance values at  = 420 nm were 
used to calculate raw sugar color units.27 Separate samples were collected for analysis of sucrose 
concentrations by high-performance liquid chromatography with a refractive index detector 
(HPLC-RID) to quantify the impact of oxidant application on the concentration of sugar. A 2 mL 
sample from each reactor was also collected into a 15 mL falcon tube filled with HNO3 and water 
to create a 10 mL solution with 2% HNO3. This sample was later used for analysis of dissolved 
Mn residuals. Separate batch reactions were conducted at ambient temperature to evaluate the 
effect of temperature on decoloration and sucrose oxidation. 
Kinetic experiments were conducted to evaluate the degradation rate of sugar colorants in 
the presence of 4 mM KMnO4 at both 70 C and ambient temperature. The experimental set up is 
similar to the batch experiment except 1.7 mL sugar samples were periodically collected at 0, 0.16, 
0.5, 2, 5, 10, 30, 60, 90, and 120 min for analysis. Excess hydroxylamine (5:1 molar ratio with 
respect to KMnO4) was added to collected samples to immediately quench reactions. 
6.3.3 Analytical 
UV-Vis absorbance spectra were collected in 1-cm polystyrene disposable cuvettes using 
a Du 800 spectrophotometer (Beckman-Coulter). HPLC-RID measurements were collected using 
an isocratic method with HPLC-grade water (Fisher Scientific, USA) as mobile phase delivered at 
a flow rate of 0.6 mL/min by a Shimadzu LC-20AT pump (Columbia, MD). Samples and standards 
were injected (0.1 mL) by a Shimadzu SIL-20AC auto sampler onto a 300  7.8 mm Rezex RCM-
Monosaccharide Ca2+ column with an 8 μm particle size (Phenomenex, Torrance, CA) which was 
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also equipped with a Carbo-Ca2+ guard column and cartridge. Both the guard and analytical 
column were heated to 80 C using a Thermasphere TS-130 HPLC column temperature controller 
(Phenomenex, Torrance, CA) and the total running time for a sample was 20 min. A Shimadzu 
RID-20A operating in positive polarity mode was used to monitor the concentration of sucrose, 
glucose, and fructose for all samples. The first 4 min of each chromatogram was discarded to 
prevent contamination from the residues of the previous sample. Quantification of the three 
analytes was performed using LabSolution software (Shimadzu, USA). Continuous calibration 
verification samples were included for every 20 samples and blanks were included for every six 
samples. Residual dissolved Mn concentration following reactions was measured by inductively 
coupled plasma-optical emission spectrometry (ICP-OES) using a PerkinElmer Optima 5300 DV 
(Waltham, MA). Approximately every 15 samples an analysis of a 2% trace-metal-grade 
concentrated HNO3 blank and two certified continuing calibration verification standards was 
performed.  
6.4 Results and Discussion 
6.4.1 Oxidation of Colorants 
Preliminary experiments were conducted to screen a series of common oxidizing agents 
for their ability to remove colors in the raw sugar solution. Figure 6.1A shows the magnitude of 
sugar decoloration observed in solutions amended with 5 – 80 mM of four oxidants at different 
concentration levels. Significant disappearance of color in the sugar solution was observed in 
reactors amended with potassium permanganate (KMnO4) and potassium peroxymonosulfate 
(KHSO5), but not in solutions amended with hydrogen peroxide (H2O2) or potassium persulfate 
(K2S2O8). The highest extent of color removal (~99%) was achieved in reactors amended with 80 
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mM KMnO4. Permanganate is a selective oxidizing agent with moderate reduction potential of 
1.51 V under standard conditions:28 
                 
0
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− + −+ + → + =  
In reactors treated with 5 mM and 20 mM KMnO4, the color removal percentage was 78% and 
96%, respectively.  
Compared to KMnO4, raw sugar color removal was much lower in the reactors treated with 
peroxymonosulfate. No significant decoloration was observed in reactors amended with 5 mM 
peroxymonosulfate, while 84% and 92% of color removal is observed in reactors containing 20 
mM and 80 mM peroxymonosulfate, respectively. Both peroxymonosulfate and persulfate 
decompose in heated solutions (T > 50 C),29 producing strongly oxidizing sulfate (SO4-; E = 
2.5-3.1 V) 30 and hydroxyl (OH, E = 2.7 V)31 radicals that have been shown to be effective for 
the degradation of a variety of organics, such as polyaromatic hydrocarbons.32 The reason 
bleaching occurred in reactors treated with PMS, but not PS, is possibly a result of the ease with 
which PMS can be activated in the presence of heat and anions (such as CO32−, HCO3−, HPO42−, 
Cl− ).29 Although PS can also be activated through heat, its efficiency is not as high as PMS.29 The 
non-selective nature of the radicals generated by PMS decomposition is a major drawback due to 
potential for oxidation of the sucrose molecules in addition to the color-producing constituents of 
the raw sugar juice. Moreover, decomposition of PS and PMS will acidify solutions unless 
equivalent concentration of buffering bases are added to the reaction mixture (excess phosphate 
was added to buffer pH in the sugar solutions during these screening experiments). Finally, use of 
sulfur-based oxidants (e.g., PS and PMS) raises concerns about production of sulfite residuals, 
similar to the sulphitation process,33 that can be harmful to human health. Past studies showed that 




Figure 6.1. (A) absorbance (420 nm) of 17 wt% raw sugar solution before and after reaction 
with oxidants for 2 h. Reaction conditions: 17 wt% sugar, 0-80 mM oxidant, pH 7 (100 mM 
phosphate buffer), and 70 C. (B) Light absorbance (300-800 nm wavelength) of raw sugar 
solution before (control) and after (5mM or 20 mM KMnO4) reaction with KMnO4, and the 
effect of adding excess hydroxylamine (60 mM) after treatment.. Reaction conditions: 17 
wt% sugar, 70 C, 5 or 20 mM KMnO4, 60 mM hydroxylamine. Sample centrifuged before 
recording spectra of the supernatant. Spectrum of a 0.156 mM permanganate solution (upside 






change in the sugar solution color was observed here. It follows that more detailed experiments 
were carried out to examine the optimal application of KMnO4 since this reagent proved to be 
most effective for decoloration and the MnO2(s) byproduct can be removed through existing 
clarification processes. 
6.4.2 Effect of KMnO4 dosing 
Figure 6.1B shows the absorbance spectrum of the 17% raw sugar solution across the 
entire visible light spectrum (300 nm – 800 nm) before and after treatment with permanganate. 
Surprisingly, treatment with 5 and 20 mM KMnO4 for 2 h led to an increase in absorbance of the 
sugar solution. This differs from results observed in the oxidant screening experiment and was 
attributed to the fact that phosphate buffer used in the screening experiment was not used in this 
or subsequent experiments since the buffer would not be added to sugar process streams. Phosphate 
promotes precipitation and coagulation of the expected Mn reduction products like MnO2(s).34 
Solution pH increased from 6.5 (native sugar solution) to ~9 after reacting with either 
concentration of KMnO4. The permanganate was completely exhausted in each reactor because a 
characteristic strong absorbance of MnO4- (spectrum for 0.156 mM KMnO4 solution shown in 
Figure 6.1B for comparison) was absent following treatment. Instead, a more gradually increasing 
absorbance with decreasing wavelength was observed that is consistent with stable 
Mn(IV)/Mn(III) products of the redox reaction between 400 to 600 nm.35 This hypothesis was 
confirmed by examining the effect of adding excess hydroxylamine to each reactor, a common 
chemical used to reduce Mn(IV) and Mn(III) to colorless dissolved Mn(II) solutions.24 After 
mixing for 30 min, the absorbance for KMnO4 treated solutions decreased significantly while the 
control reactor’s (no permanganate treatment) absorbance remained unchanged. This indicates the 
colorants in raw sugar were oxidized by KMnO4 treatment, but residual Mn byproduct species 
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were also generated that were not removed by centrifugation or filtration when no phosphate 
amendment was added. Since these residual Mn species contribute a similar absorbance as the 
colorants in raw sugar, they could potentially lead to artifacts in color measurements when not 
removed or accounted for. It is also worth noting that after hydroxylamine addition, the decoloring 
effects of 5 and 20 mM KMnO4 treatment were similar, indicating a lower dosage is sufficient to 
oxidize the color-causing components in the raw sugar solution (Figure 6.1B). However, since 
hydroxylamine is solely used to prevent potential artifact that might have resulted from adsorption 
of color-causing organic sugar components to the clarifying solids after treatment and is not 
suitable for use in actual sugar processing due to safety concerns, other processes (e.g. coagulation) 
will need to be employed to ensure removal of the Mn reaction by products. 
Figure 6.2A shows the effect of adding alum (Al2(SO4)317H2O), an inexpensive coagulant 
that is commonly used in drinking water treatment, following 30 min treatment with 2 – 4 mM 
KMnO4. Addition of 2 g/L alum (to a ~170 g/L sugar solution) leads to even higher levels of 
absorbance change than that observed when hydroxylamine is added to quench reactions, 
indicating that the alum promotes removal of the residual Mn reaction products during 
centrifugation. This is supported by the dissolved Mn measurements (Table 6.1), which drop 
considerably following alum addition and centrifugation. Treatment with 4 mM KMnO4 and alum 
decreases the absorbance of the raw sugar solution from 0.3 to 0.025. Adding alum also affected 
the final pH of the treated solutions, lowering the pH to 4.5. The final pH and residual Mn levels 
can be further optimized by adding alum together with an appropriate amount to alkalinity (e.g., 
lime or soda ash) to prevent pH swings during treatment and low concentrations of coagulating 





Figure 6.2. Influence of permanganate dosing on decoloration of 17 wt% sugar solutions at 
(A) 70 C and (B) ambient laboratory temperature (20 C). Absorbances of supernatants 
recorded after reaction for 2 h and centrifugation. 60 mM hydroxylamine or 2 g/L alum added 
to selected samples after 2 h reaction and before centrifugation. Error bars represent the 






6.4.3 Effect of Sugar Concentrations 
Sucrose is the key component in raw sugar, and one of the major concerns when applying 
chemical methods to reduce raw sugar’s color is the potential for unwanted reactions with the 
desired sucrose components. Figure 6.3A shows the HPLC-RID chromatograms for the raw sugar 
solution before and after treatment with 4 mM KMnO4 and 2 g/L alum, showing a clear peak for 
sucrose (retention time (RT) = 9.44 min) that is unaffected by treatment. While treatment with 2 – 
4 mM KMnO4 significantly removes color from the solution after reduced Mn species are removed 
by hydroxylamine or alum (Figures 6.1B and 2), sucrose concentrations are unaffected both with 
and without alum treatment (Figure 6.3B). This confirms the selective nature of the oxidizing 
agent, which reacts with electron-rich functional groups like activated aromatics, thiols, and 
unsaturated bonds,36 but is largely unreactive with aliphatic structures and alcohol moieties that 
characterize the sucrose structure. Thus, KMnO4 and alum can be applied for decoloration without 
consuming the desired sucrose product. 
RID is a universal detector that shows all constituents in a solution. Thus, it is also worth 
noting that the lack of other peaks in the chromatogram of the untreated raw sugar solution also 
confirms that non-sucrose components of the solution, including responsible colorants, are 
Table 6.1. Dissolved Mn concentration (mg/L) before and after the 
treatment of 2 g/L alum. 
[MnO4-] (mM) 0mM 2mM 3mM 4mM 
Before coagulation 
25 0C 0.018 6.8 7.8 9.6 
70 0C 0.017 8.8 9.0 14 
After coagulation 
25 0C 0.010 0.62 0.85 1.2 





minimal in concentration compared to the sucrose product. Furthermore, no new peaks are 
observed after treatment, including peaks corresponding to the sucrose oxidation products glucose 
(RT = 11.23 min) or fructose (RT = 14.99 min). Thus, permanganate meets the criteria of being 
selective for oxidation of color-inducing constituents while remaining unreactive with sucrose. 
6.4.4 Effect of Process Temperature 
Temperature was also found to affect the raw sugar’s color removal during permanganate 
treatment. Figure 6.2B shows the results of permanganate treatment at ambient laboratory 
temperature (20 C). At this lower temperature, treatment with 2 and 4 mM KMnO4 alone (no 
alum or hydroxylamine added) led to a reduction in color absorbance from 0.30 (raw sugar 
solution) to 0.22 and 0.10, respectively. Adding alum (or hydroxylamine) after 30 min of KMnO4 
reaction further reduced the absorbance (e.g., to 0.025 for 4 mM KMnO4) and dissolved Mn 
residuals through its action as a coagulant.37,38 Thus, counterintuitively, total color removal in 
KMnO4-only reactors is actually more effective at ambient temperature than 70 C. The difference 
between the two temperatures may be a result of increased aqueous solubility or weaker 
coagulation of Mn(III)/(IV) complexes with increasing temperature.39 This was supported by the 
increased solid residuals observed after centrifugation of the sugar solutions. In reactors that were 
treated with alum, the magnitude of color removal was not affected by temperature, confirming 
that the extent of colorants oxidation is similar at both temperatures. The small difference of light 
absorbance between the two temperatures after hydroxylamine addition to reactors treated with 2 
mM KMnO4 suggests that larger quantities of the oxidant are required to completely oxidize the 
colorants at 70 C, but net color removal is similar with alum addition at this dosing. Similar to 
results observed at 70 C, treatment with permanganate and alum at ambient temperature had no 
discernable effect on sucrose concentrations (Figure 6.3C).
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Figure 6.3. Influence of permanganate and alum treatment on the concentration of sucrose in raw 
sugar solutions. A) HPLC-RID chromatograms. B) treatment at 70 C, C) treatment at ambient 
laboratory temperature. Conditions: 17 wt% sugar solutions, 0 – 4 mM KMnO4, 0 or 2 g/L alum, 
reaction time = 2 h reaction with KMnO4 followed by 30 min treatment with alum before 










Table E.1 in Appendix E provides a summary of the IUs measured using the international 
commission for uniform methods of sugar analysis (ICUMSA Method GS9/1/2/3-8) at 420 nm 
before and after the addition of different KMnO4 and alum dosing. In terms of decoloration, the 
optimal permanganate and alum dosages were found to be 4 mM KMnO4 and 2 g/L alum. At these 
conditions, raw sugar’s original color was reduced by 92% at 70 C and 95% at ambient 
temperature. Although higher dosage of these two chemicals will provide more color removal, the 
efficiency of such increases (i.e., Color/[amendments]) will decrease as more chemicals are 
introduced (Figure 6.1A). In addition to its ability to coagulate with reduced colloidal Mn species 
(e.g., MnO2(s)), dissolved Mn species may also adsorb to surfaces of the alum precipitates after 
permanganate oxidation. Manganese is an EPA regulated secondary contaminant in drinking water 
due to undesirable taste or color concerns. Table 6.1 provides a summary of dissolved Mn 
concentration before and after the treatment with KMnO4 and 2g/L alum. The higher Mn removal 
percentage observed at ambient temperature is another indication that solubility of Mn metal 
complexes is lower at room temperature and they will be easier to remove through clarification 
steps in the sugar refining process. Although the alum-treated sugar solution still contained higher 
dissolved Mn than the secondary standard (0.05 mg/L), it significantly reduced the burden for 
downstream Mn removal. Further studies are needed to optimize removal of Mn residuals to ensure 
high quality product. For example, pH control and addition of secondary coagulating aids used for 
drinking water treatment (e.g., orthophosphate, polyelectrolytes) may be used to further reduce 
Mn residuals in the treated product solution. 
6.4.5 Reaction Kinetics 
Two distinct reaction stages were observed for the degradation of colorants during the 
kinetic experiment. Figure 6.4 shows the timecourse of sugar decoloration at 70 C and ambient 
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room temperature in a two-hour experiment. Under both temperatures, the color absorbance for 
the sugar solution dropped approximately 50% within 30 s, and another 20% within 10 min. 
However, after the rapid 70% decoloration, only ~10% additional color was removed from the 
sugar solution throughout the experiment in both temperatures. Since there are many known 
compounds that contribute to the color of raw sugar,5 it is not surprising that two degradation 
phases were observed for this study. One possible explanation for this behavior is that a large 
group of color-contributing compounds were oxidized rapidly by the added permanganate, while 
Figure 6.4. Observed time courses for dissipation of color (absorbance at 420 nm). 
Conditions: 17 wt% sugar solutions, 4 mM KMnO4, reaction quenched at each timepoint 




a second fraction exhibited much slower reaction kinetics with MnO4-. Alternatively, the second 
group of color- inducing constituents may be removed by slower oxidation reaction with the 
MnO2(s) or other Mn(IV)/Mn(III) products derived from the initial permanganate reactions.40 This 
is supported by the fact that concentration of permanganate dropped ~95% within the first 10 min, 
so further color removal after this time period is likely to involve reaction of the Mn(IV) and 
Mn(III) solids. However, the amount of color contributed by those residual colorants is much 
smaller than the permanganate selective colorants, signifying the important role of permanganate 
during sugar color removal process. 
6.4.6 Conclusion 
The Removal of color generated during raw sugar processing represents a major cost for 
the sugar refining industry because it is considered undesirable in the finished product. Although 
existing technologies can remove color through physical methods, more cost-effective methods 
are sought to reduce production costs for refined sugar. In this study, chemical oxidation methods 
were investigated to selectively remove coloring constituents from raw sugar solutions. Among 
oxidizing agents screened, permanganate was found to be the most effective reagent for raw sugar 
decoloration. Optimal permanganate dosage for color removal was found to be 4 mM when 
treating 17% raw sugar solutions, and alum, an inexpensive coagulant, was found to enhance the 
removal of color and Mn residuals in the treated sugar solutions. The concentration of sugar 
remained the same before and after the treatment of permanganate and alum, indicating the 
selective nature of permanganate towards sugar colorants. Raw sugar’s color removal rate was 
examined under both 70 C and ambient room temperature. A similar color removal trend was 
observed for both temperature conditions, where a rapid oxidation reaction between colorants and 
permanganate was observed in the first 10 min followed by slower reaction between residual 
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colorants and permanganate or the reduced Mn(IV)/Mn(III) byproducts. The net color removal 
between two temperature conditions were similar after alum was introduced to each reactor. 
Compared to the existing technologies, such as the application of ion-exchange resins and 
activated carbon, the concept of applying permanganate directly to sugar solution provides an 
alternative strategy for color removal that could be incorporated into existing process trains. 
Further study is needed to optimize the process at scale and to ensure adequate removal of Mn 
residuals and pH stability to achieve a high-quality sugar product. 
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CONCLUSIONS AND FUTURE PERSPECTIVES 
This chapter provides an overview of the contributions and conclusions of this thesis study. 
It also includes suggestions and directions on areas that future research should be focused on. 
7.1 Summary and Conclusions 
The frequent occurrence of contaminants of emerging concern (CEC) in aquatic and soil 
environments poses significant health risks to human and aquatic lives. While uncertainties remain 
for the fate and transport of many micropollutants in the environment, remediation of known 
recalcitrant legacy contaminants also present challenges to drinking water treatment facilities. 
Conclusions from this thesis study helped overcome these uncertainties and challenges by 
contributing to the fundamental knowledge on the fate and persistence of trace organic CECs in 
agricultural soils and aquatic systems. Moreover, work from this study advanced the practical 
knowledge for remediating legacy contaminants (e.g., poly- and perfluoroalkyl substances 
((PFASs)) that are highly recalcitrant and poorly attenuated in the environment.  
7.1.1 Fate and transport of CECs  
New insights are obtained from this thesis research on the influence of prevailing terminal 
electron accepting process (TEAP) conditions to soil microbial communities and CEC. It is found 
microbial communities have largest shift when the soil environment is transitioned to nitrate-
reducing condition whereas smallest shift is found in sulfate-reducing condition. The trend of 
community shift under different TEAPs provides valuable parameters for predicting the dominant 
microbial species in different types of soils. Furthermore, results from this thesis work 
demonstrates both biologically mediated abiotic reaction and direct microbial metabolism can 
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initiate the attenuation of CEC, indicating the importance of microbial activity for the degradation 
of individual pollutant. Finally, results show that exposure to a mixture of CEC at environmentally 
relevant concentrations has limited effect on the prevailing soil microbial community. 
To further understand the mechanistic insights of the degradation of selected CECs (e.g., 
organophosphate flame retardants (OPFRs)) under abiotic conditions, work from this thesis reveals 
the degradation of nine OPFRs can follow a second-order rate law that agrees with base-catalyzed 
hydrolysis under homogenous condition. On the other hand, rapid degradation of OPFRs is also 
observed in the presence of metal (hydr)oxide minerals at neutral pH. It follows that this fast 
degradation of OPFRs is facilitated by surface site metal ion coordination of the central phosphor-
ester group. These findings suggest mineral-catalyzed hydrolysis can be a major fate-controlling 
sink for OPFRs that are recalcitrant to many abiotic and biotic degradation processes in natural 
environments. This is an important finding given that OPFRs are increasingly being used in 
consumer products as a replacement for brominated polybromodiphenyl ethers (PBDEs). 
7.1.2 Treatment of recalcitrant CECs  
In addition to examine the fate and transport of CECs, this thesis research also contributes 
to the knowledge for treating contaminants (e.g., PFASs) that are known to be recalcitrant to many 
natural attenuation processes and remedial technologies using IX/non-ionic resins. It is found that 
both resin and PFAS structures play important roles in determining the extent of adsorption of 
PFASs present in aqueous film-forming foam (AFFF) mixtures. Results show anion exchange 
resins (AERs) with strong hydrophobic polymer matrices and functional groups are most effective 
for PFAS adsorption compared to granular activated carbon (GAC) and non-ionic resins (NIRs). 
Moreover, cation exchange resins (CERs) are found to be least effective for adsorbing the wide 
ranges of PFASs detected in AFFF mixtures. Works from this thesis also indicates the adsorption 
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of PFASs is strongly influenced by the hydrophobicity and overall ionic charge of their structures. 
These findings lead to valuable guidelines for the selection of adsorbents to treat the broadest range 
of PFASs detected in AFFF-impacted water sources, which is vital for practitioners designing ion 
exchange remediation and drinking water treatment systems. PFAS adsorption can be maximized 
by increasing hydrophobicity of both the polymer matrix and exchangeable functional group (e.g., 
replacement of quaternary methylamine functional group with quaternary butylamine groups).  
In addition to PFASs removal, this thesis research also enhances the knowledge on the 
feasibility and sustainability of selected resins by investigating their regenerability using different 
types of regenerants. Results show both salt and co-solvent are required to desorb long-chain 
PFASs (e.g., PFOS) and regenerate the examined resins. Moreover, AERs with higher PFAS 
selectivity coefficients also require solutions with higher salt and co-solvent concentration to 
regenerate, indicating AERs’ affinity to PFAS is negatively correlated with their regenerability. 
This work provides optimized resin regeneration schemes that are cost-effective and have less 
environmental impact to create more sustainable treatment environments for the society. The 
requirement of an organic co-solvent to regenerate PFOS loaded AER is expected to increase costs 
and safety concerns associated with ion-exchange treatment processes.  
In conclusion, this thesis research improves the understanding on the importance of 
prevailing electron-accepting process to the transformation of different classes of organic 
chemicals and provides critical information to ensure the public health is not compromised by the 
exposure of these pollutants in agricultural soils. This research also impacts the flame-retardant 
industry by confirming the controlling reaction pathways and identify mineral characteristics that 
contribute to the catalysis of OPFRs and lessons learned will assist with the development of new 
OPFRs that will have lower environmental persistence. Lastly, completion of this thesis study 
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provides the public with a cost-effective and environmentally sustainable treatment technology 
that can be applied to improve the management of AFFF-impacted sites and offer useful guidance 
for designing site-specific modifications tailored to remediate a diverse group of PFAS and related 
contaminants.  
In the last part of this thesis research, chemical oxidation method is investigated to access 
more cost-effective treatment technologies for removing coloring constituents from raw sugar 
solutions. By screening several oxidizing agents, permanganate is found to be the most effective 
reagent for raw sugar decoloration. It follows that alum, an inexpensive coagulant, is able to 
removal residual Mn species produced after permanganate treatment and removal of color and Mn 
species can be further improved at ambient temperature. These results indicates permanganate 
oxidation is a promising alternative for accomplishing the decoloration of raw sugar solutions. 
7.2 Future Perspectives 
The overall goal of this thesis research is to enhance the knowledge on environmental 
processes that controls the fate of emerging micropollutants in subsurface environments and 
develop improved and sustainable remediation technologies for the remediation of highly 
recalcitrant PFASs. With conclusions from this thesis research, following are the recommendations 
for future research topics: 
Assessing the effect of soil properties to the anaerobic degradation of CEC and 
prioritize studies on CEC that are recalcitrant to natural biotic and abiotic processes. 
Because this thesis study only assessed the degradation of CEC with one type of soil, it is likely 
other soils with different characteristics can alter the development of soil microbial communities, 
and subsequently change the degradation trend of CECs in soil. Therefore, future studies are 
needed to evaluate the impact of soil properties, such as soil types and moisture contents, on the 
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degradation of CEC. Moreover, experiments with whole soils that experience frequent change of 
TEAP conditions can also be conducted via lysimeter to further investigate the role of soil 
microbial communities in controlling the fate of CEC under more realistic environments. In 
addition, while 8 out of 9 investigated CEC experienced either biologically mediated abiotic 
degradation or direct biodegradation, one CEC (e.g., carbamazepine) is found to be recalcitrant to 
both natural biotic and abiotic processes in agricultural soils regardless of the prevailing TEAP 
conditions. Therefore, it is critical to prioritize future ecotoxicological and crop uptake studies of 
similar CEC to ensure that they are not damaging ecosystems when exposed to agricultural soils. 
Ultimately, research should focus on monitoring the whereabouts and developing treatment 
technologies for these chemicals and their transformation products to minimize their associated 
health risks. 
Conducting studies that investigate the influence of mineral surface coatings to the 
degradation of OPFRs and evaluate the fate and degradation of OPFRs’s hydrolysis by-
products. While OPFRs degraded rapidly in the presence of the selected minerals in this thesis 
study, their degradation was not observed in heat-sterilized reactors that contain high mineral 
content. Since heat sterilization can alter the structure of soil minerals, potentially through coating 
the mineral’s surface with other ions, future work can be done to elucidate the exact structural 
change during surface coating that inhibited mineral’s catalytic power towards OPFR’s hydrolysis. 
Results from this thesis study also show that OPFR diesters are stable products of OPFR hydrolysis 
processes, both in alkaline waters and mineral rich soil systems. It follows that concentrations of 
the diesters may exceed the parent OPFRs in many environments. Since very limited information 
is available on the fate or toxicity of organophosphate diesters in comparison to the parent triesters 
and their occurrence has been detected in human bodies, future researches should focus on 
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conducting comprehensive assessment on the remediation of these chemicals in natural 
environments. 
Examining the impact of non-target constituents to the adsorption efficiency of 
PFASs and developing comprehensive models that translate PFAS adsorption data to 
continuous flow treatment systems. The majority of the identified PFASs from an AFFF mixture 
in this thesis work are able to be adsorbed by selected AERs with strong hydrophobic 
characteristics. While this advances the knowledge on the effectiveness of IX resins for treating 
the diverse PFASs structures, more work can be done to identify factors that can promote greater 
adsorption of shorter-chain PFASs and evaluate the influence of non-target solution constituents 
(e.g., other common organic/inorganic ions) that might compete for adsorption sites with PFASs 
in aquatic systems. Furthermore, development of models that can translate the adsorption kinetics 
and equilibrium parameters from this thesis work to continuous flow treatment systems is also 
desired to better visualize the efficiency of larger systems for treating similar wide range of PFASs. 
Investigating the salt and co-solvent threshold for AER regeneration. Since both salt 
and co-solvent are required to regenerate PFOS exhausted resins, it is imperative to further 
evaluate their critical role in the AER regeneration process. By examining the regeneration of 
different AERs with regenerants varying in salt and co-solvent concentration, the minimal amount 
of both mediums needed to regenerate each AER will be revealed. This process will enable future 
studies to systematically assess the contributions of electrostatic interaction (i.e., from brine 
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Iron- vs. Nitrate-reducing 0 1;7 37.34076 3.27929518 0.0144 0.364 
Iron- vs. Nitrate-reducing 30 1;7 37.34076 3.27929518 0.0165 0.363 
Iron- vs. Nitrate-reducing 90 1;7 37.34076 3.27929518 0.016 0.345 
Iron-reducing vs. Aerobic 0 1;7 22.99356 3.17875125 0.0144 0.364 
Iron-reducing vs. Aerobic 30 1;7 22.99356 3.17875125 0.017 0.363 
Iron-reducing vs. Aerobic 90 1;7 22.99356 3.17875125 0.016 0.345 
Iron- vs. Sulfate-reducing 0 1;7 17.70599 1.923756152 0.017 0.364 
Iron- vs. Sulfate-reducing 30 1;7 17.70599 1.923756152 0.0168 0.386 
Iron- vs. Sulfate-reducing 90 1;7 17.70599 1.923756152 0.016 0.368 
Nitrate-reducing vs. Aerobic 0 1;10 23.54177 0.408151532 0.008 0.6324 
Nitrate-reducing vs. Aerobic 30 1;10 23.54177 0.408151532 0.01 0.6348 
Nitrate-reducing vs. Aerobic 90 1;10 23.54177 0.408151532 0.008 0.6732 
Nitrate- vs. Sulfate-reducing 0 1;10 47.05537 0.704592229 0.008 0.6285 
Nitrate- vs. Sulfate-reducing 30 1;10 47.05537 0.704592229 0.009 0.627 
Nitrate- vs. Sulfate-reducing 90 1;10 47.05537 0.704592229 0.006 0.6165 
Aerobic vs. Sulfate-reducing 0 1;10 25.01071 0.071748024 0.008 0.786 
Aerobic vs. Sulfate-reducing 30 1;10 25.01071 0.071748024 0.009 0.774 




Table A.2. Adonis and beta dispersion values for with/without CEC by timepoint and treatment CEC 







No vs. Yes Iron-reducing 1;4 30 1.9134 0.454402376 0.1 0.601388889 
No vs. Yes Iron-reducing 1;4 90 0.8737 7.948897913 0.7 0.001388889 
No vs. Yes Nitrate-reducing 1;4 0 0.6563 0.569662242 0.8 0.401388889 
No vs. Yes Nitrate-reducing 1;4 30 0.8066 0.182822425 0.5 0.701388889 
No vs. Yes Nitrate-reducing 1;4 90 1.2347 0.16558495 0.4 0.701388889 
No vs. Yes Aerobic 1;4 0 1.6051 0.015302019 0.2 0.901388889 
No vs. Yes Aerobic 1;4 90 2.1985 2.241593082 0.1 0.201388889 
No vs. Yes Aerobic 1;3 30 0.7411 7.632816469 1 0.008333333 
No vs. Yes Sulfate-reducing 1;4 0 1.3016 0.09791917 0.2 0.701388889 
No vs. Yes Sulfate-reducing 1;4 30 1.4171 0.63580128 0.2 0.501388889 
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Homogeneous Aqueous Reactors 
TTCEP         
2.03 25 HCl 10 4 N/A 0 10 1.20(± 0.20) x 10-2
 b
 
6.00 25 MES 5 4 N/A 0 10 2.10(± 0.20) x 10-2 
7.06 25 MOPS 5 4 N/A 0 10 4.20(± 0.20) x 10-2 
8.01 25 EPPS 5 4 N/A 0 10 8.50(± 0.80) x 10-2 
8.94 25 CHES 5 4 N/A 0 10 5.05(± 0.27) x 10-1 
9.90 25 CAPS 5 4 N/A 0 10 3.85(± 0.03) x 100 
11.1 25 NaOH 1 4 N/A 0 10 3.65(± 0.24) x 101 
11.9 25 NaOH 10 4 N/A 0 10 N/A
 c
 
TDCPP         
2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3
 d
 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 1.60(± 0.10) x 10-2 
11.1 25 NaOH 1 4 N/A 0 10 1.26(± 0.02) x 10-1 
11.9 25 NaOH 10 4 N/A 0 10 1.62(± 0.11) x 100 
TBPP         
2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 1.23(± 0.07) x 10-1 
11.1 25 NaOH 1 4 N/A 0 10 1.26(± 0.02) x 100 
11.9 25 NaOH 10 4 N/A 0 10 1.44(± 0.11) x 101 
2,3-TDCPP         
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2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 1.30(± 0.10) x 10-2 
11.1 25 NaOH 1 4 N/A 0 10 1.25(± 0.02) x 10-1 
11.9 25 NaOH 10 4 N/A 0 10 1.50(± 0.10) x 100 
TCEP         
2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 1.30(± 0.10) x 10-2 
11.1 25 NaOH 1 4 N/A 0 10 1.25(± 0.02) x 10-1 
11.9 25 NaOH 10 4 N/A 0 10 1.50(± 0.10) x 100 
TCPP         
2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 < 3.5 x 10-3 
11.1 25 NaOH 1 4 N/A 0 10 < 3.5 x 10-3 
11.9 25 NaOH 10 4 N/A 0 10 2.00(± 0.10) x 10-2 
TBEP         
2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 < 3.5 x 10-3 
11.1 25 NaOH 1 4 N/A 0 10 < 3.5 x 10-3 
11.9 25 NaOH 10 4 N/A 0 10 4.60(± 0.02) x 10-2 
TEP         
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2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 < 3.5 x 10-3 
11.1 25 NaOH 1 4 N/A 0 10 < 3.5 x 10-3 
11.9 25 NaOH 10 4 N/A 0 10 6.95(± 1.46) x 10-3 
TIPP         
2.03 25 HCl 10 4 N/A 0 10 < 3.5 x 10-3 
6.00 25 MES 5 4 N/A 0 10 < 3.5 x 10-3 
7.06 25 MOPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.01 25 EPPS 5 4 N/A 0 10 < 3.5 x 10-3 
8.94 25 CHES 5 4 N/A 0 10 < 3.5 x 10-3 
9.90 25 CAPS 5 4 N/A 0 10 < 3.5 x 10-3 
11.1 25 NaOH 1 4 N/A 0 10 < 3.5 x 10-3 
11.9 25 NaOH 10 4 N/A 0 10 < 3.5 x 10-3 
Heterogenous Aqueous Reactors 
TTCEP         
6.06 25 MES 5 4 γ-Al2O3 15 10 < 3.5 x 10-3 
5.91 25 MES 5 4 α-Fe2O3 15 10 3.78(± 0.04) x 100 
6.00 25 MES 5 4 TiO2 15 10 < 3.5 x 10-3 
6.07 25 MES 5 4 γ-FeOOH 15 10 3.37(± 0.17) x 100 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 1.24(± 0.13) x 100 
6.98 25 MOPS 5 4 α-FeOOH 15 10 7.04(± 0.26) x 10-1 
8.03 25 EPPS 5 4 α-FeOOH 15 10 7.92(± 0.25) x 10-1 
8.98 25 CHES 5 4 α-FeOOH 15 10 1.65(± 0.05) x 100 
TDCPP         
6.06 25 MES 5 4 γ-Al2O3 15 10 < 3.5 x 10-3 
5.91 25 MES 5 4 α-Fe2O3 15 10 4.37(± 0.30) x 10-1 
6.00 25 MES 5 4 TiO2 15 10 < 3.5 x 10-3 
6.07 25 MES 5 4 γ-FeOOH 15 10 1.04(± 0.06) x 10-1 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 2.22(± 0.10) x 10-1 
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6.98 25 MOPS 5 4 α-FeOOH 15 10 9.40(± 0.50) x 10-2 
8.03 25 EPPS 5 4 α-FeOOH 15 10 5.90(± 0.20) x 10-2 
8.98 25 CHES 5 4 α-FeOOH 15 10 1.10(± 0.20) x 10-2 
TBPP         
6.06 25 MES 5 4 γ-Al2O3 15 10 < 3.5 x 10-3 
5.91 25 MES 5 4 α-Fe2O3 15 10 1.13(± 0.10) x 100 
6.00 25 MES 5 4 TiO2 15 10 6.30(± 0.50) x 10-2 
6.07 25 MES 5 4 γ-FeOOH 15 10 2.29(± 0.23) x 100 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 5.31(± 0.18) x 10-1 
6.98 25 MOPS 5 4 α-FeOOH 15 10 3.25(± 0.25) x 10-1 
8.03 25 EPPS 5 4 α-FeOOH 15 10 1.77(± 0.13) x 10-1 
8.98 25 CHES 5 4 α-FeOOH 15 10 7.40(± 0.50) x 10-2 
2,3-TDCPP         
6.06 25 MES 5 4 γ-Al2O3 15 10 1.00(± 0.30) x 10-2 
5.91 25 MES 5 4 α-Fe2O3 15 10 4.63(± 0.28) x 10-1 
6.00 25 MES 5 4 TiO2 15 10 < 3.5 x 10-3 
6.07 25 MES 5 4 γ-FeOOH 15 10 9.89(± 0.77) x 10-1 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 2.15(± 0.11) x 10-1 
6.98 25 MOPS 5 4 α-FeOOH 15 10 1.42(± 0.08) x 10-1 
8.03 25 EPPS 5 4 α-FeOOH 15 10 6.30(± 0.20) x 10-2 
8.98 25 CHES 5 4 α-FeOOH 15 10 1.00(± 0.10) x 10-2 
TCEP         
6.06 25 MES 5 4 γ-Al2O3 15 10 < 3.5 x 10-3 
5.91 25 MES 5 4 α-Fe2O3 15 10 < 3.5 x 10-3 
6.00 25 MES 5 4 TiO2 15 10 < 3.5 x 10-3 
6.07 25 MES 5 4 γ-FeOOH 15 10 < 3.5 x 10-3 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
6.98 25 MOPS 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
8.03 25 EPPS 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
8.98 25 CHES 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
TCPP         
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6.06 25 MES 5 4 γ-Al2O3 15 10 < 3.5 x 10-3 
5.91 25 MES 5 4 α-Fe2O3 15 10 7.90(± 0.30) x 10-2 
6.00 25 MES 5 4 TiO2 15 10 < 3.5 x 10-3 
6.07 25 MES 5 4 γ-FeOOH 15 10 2.46(± 0.07) x 10-1 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 9.80(± 1.00) x 10-2 
6.98 25 MOPS 5 4 α-FeOOH 15 10 3.70(± 0.50) x 10-2 
8.03 25 EPPS 5 4 α-FeOOH 15 10 1.80(± 0.20) x 10-2 
8.98 25 CHES 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
TBEP         
6.06 25 MES 5 4 γ-Al2O3 15 10 1.80(± 0.30) x 10-2 
5.91 25 MES 5 4 α-Fe2O3 15 10 4.36(± 0.07) x 100 
6.00 25 MES 5 4 TiO2 15 10 1.55(± 0.10) x 10-1 
6.07 25 MES 5 4 γ-FeOOH 15 10 3.45(± 0.26) x 100 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 4.30(± 0.62) x 10-1 
6.98 25 MOPS 5 4 α-FeOOH 15 10 4.31(± 0.44) x 10-1 
8.03 25 EPPS 5 4 α-FeOOH 15 10 2.47(± 0.06) x 10-1 
8.98 25 CHES 5 4 α-FeOOH 15 10 4.80(± 0.20) x 10-2 
         
6.06 25 MES 5 4 γ-Al2O3 15 10 < 3.5 x 10-3 
5.91 25 MES 5 4 α-Fe2O3 15 10 < 3.5 x 10-3 
6.00 25 MES 5 4 TiO2 15 10 < 3.5 x 10-3 
6.07 25 MES 5 4 γ-FeOOH 15 10 < 3.5 x 10-3 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
6.98 25 MOPS 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
8.03 25 EPPS 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
8.98 25 CHES 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
TIPP         
6.06 25 MES 5 4 γ-Al2O3 15 10 1.40(± 0.20) x 10-2 
5.91 25 MES 5 4 α-Fe2O3 15 10 8.00(± 2.00) x 10-3 
6.00 25 MES 5 4 TiO2 15 10 < 3.5 x 10-3 
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6.07 25 MES 5 4 γ-FeOOH 15 10 4.90(± 0.50) x 10-2 
6.11 25 MES 5 4 SiO2 15 10 < 3.5 x 10-3 
6.01 25 MES 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
6.98 25 MOPS 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
8.03 25 EPPS 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
8.98 25 CHES 5 4 α-FeOOH 15 10 < 3.5 x 10-3 
a
 Total concentration of OPFRs in each reactor at 0 d. 
b
 Uncertainties represent triplicate-averaged standard errors. 
c
 kobs could not be measured because reaction was too fast.  
d





Figure B.1. MS/MS Spectra derived from fragmentation of the single most abundant parent ion 
(a single isotope of a hydrolysis product). Peaks for other major isotopes of the parent ion are 








































































No MS/MS triggered for goethite reactors 
298.8503 
498.7154 98.9861 
































































Figure B.2. Log(kobs) measured at pH 6 in mineral suspensions as a function of 






Figure B.3. Log(kobs) measured at pH 6, 7, and 8 in goethite suspensions as a 
function of alcohol leaving group acidity. Error bars represent triplicate-averaged 






SUPPLEMENTARY DATA FOR CHAPTER 4 
 
C.1.  Overall logKex difference calculation 
The calculated values in eq. C.1 represent the overall difference in logKex values between 
AER1 and AER2, n represents the number of PFASs identified in this work. In this study, A300 is 
used for AER2 as a representative resin: 





The comparison results between A300 and each AER is presented in the first column of Figure 
4.6A and 4.6B. For example, the averaged PFAA logKex difference between A520E and A300 is 
0.5 (row 1, column 1; Figure 4.6A), indicating the averaged logKex values of all the PFAAs for 




C.2. Kinetics and suspect PFAS data 
Table C.1. Fit-derived kinetics parameters for adsorption of target PFAAs on AERs 




3.59±0.40 15.55±1.09 20.62±1.03 46.84±0.43 21.45±2.35 4.19±0.28 64.76±1.94 62.59±0.78 56.19±1.02 
k2 
(g/mol/d) 




7.38±1.08 34.89±3.96 40.09±1.10 79.55±1.44 34.74±0.83 5.01±0.60 81.93±1.01 90.51±1.71 81.12±0.72 
k2 
(g/mol/d) 




48.39±3.06 126±2 137±3 210±5 119±3 15.71±2.05 208±3 212±3 228±14 
k2 
(g/mol/d) 




34.31±1.19 38.45±0.99 45.93±0.57 55.11±1.52 43.06±1.09 4.87±0.32 53.68±1.50 59.93±3.25 54.29±0.99 
k2 
(g/mol/d) 




148±1 135±2 161±3 176±5 173±10 33.25±1.81 172±2 169±6 171±8 
k2 
(g/mol/d) 
21.27±1.64 18.69±1.03 10.60±0.54 7.25±1.48 3.58±0.53 23.10±2.48 8.28±0.86 7.79±0.18 8.50±1.39 
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Table C.1. Continued 




27.76±1.65 138±1 123±3 150±2 116±1 11.46±0.49 151±2 152±3 151±2 
k2 
(g/mol/d) 




69.95±2.67 225±4 216±3 238±4 216±5 23.83±0.63 239±3 235±3 241±4 
k2 
(g/mol/d) 




163±6 180±4 184±2 192±4 187±4 27.04±2.85 187±2 189±2 190±2 
k2 
(g/mol/d) 




797±5 819±1 835±6 851±11 872±24 207±24 870±17 849±11 855±16 
k2 
(g/mol/d) 




81.65±0.38 82.93±0.72 82.94±0.54 84.72±1.43 83.92±0.61 54.92±0.72 85.86±0.76 86.79±1.24 86.55±1.46 
k2 
(g/mol/d) 




3573±16 3882±14 3979±24 4072±76 4036±100 3828±165 4054±83 4050±46 4119±105 
          
227 
 
Table C.1. Continued 
 Cal F400 A300 A520E A532E A600E A860 PFA694E CalRes2301 CalRes2304 
k2 
(g/mol/d) 




73.95±0.16 79.23±0.7 80.68±0.67 88.45±3.22 80.87±0.50 60.36±0.96 81.29±0.19 81.33±1.04 82.52±0.87 
k2 
(g/mol/d) 






















GAC AER PAER CER NIR 




C100 C150 XAD-2 XAD-4 
XAD-
7HP 
PFBA 5.86±0.50 18.9±1.23 25.3±3.81 67.1±0.71 22.7±3.29 5.30±5.25 82.6±0.35 82.1±0.11 76.9±0.69 2.35±0.09 5.74±0.06 3.84±0.08 12.5±0.34 15.0±0.53 
PFPeA 8.80±2.28 41.9±0.69 43.4±2.26 83.5±1.15 36.8±3.45 6.41±0.70 85.1±0.73 89.7±0.97 82.7±1.16 1.74±0.01 0.18±0.01 3.57±0.08 4.19±0.01 4.00±0.06 
PFHxA 24.7±2.09 56.2±0.39 63.8±2.95 94.8±0.18 56.0±4.10 7.39±2.08 95.1±0.41 96.0±0.15 94.3±0.47 1.85±0.00 0.00±0.00 3.19±0.11 3.40±0.07 0.56±0.01 
PFHpA 68.6±0.33 72.2±0.91 85.8±1.35 96.9±0.00 78.2±2.06 9.90±2.22 97.1±0.00 97.7±0.00 96.8±0.00 10.9±0.01 0.00±0.00 0.33±0.00 18.7±0.04 0.73±0.01 
PFOA 88.4±0.99 80.6±0.13 94.6±0.61 99.4±0.00 93.8±0.61 18.0±2.74 99.5±0.00 99.5±0.00 99.2±0.00 10.8±0.22 8.11±0.40 12.7±0.26 15.3±0.00 13.5±0.40 
PFPrS 17.9±1.91 90.4±1.33 79.9±0.64 98.6±0.04 75.9±1.02 7.83±3.14 98.8±0.05 98.9±0.09 98.4±0.09 0.00±0.00 0.00±0.00 0.00±0.00 0.00±0.00 0.33±0.01 
PFBS 31.3±2.72 92.9±1.08 89.7±0.89 99.3±0.03 86.1±1.96 10.0±2.12 99.4±0.18 99.6±0.06 99.2±0.00 0.38±0.00 0.00±0.00 1.26±0.03 2.25±0.01 0.16±0.00 
PFPeS 85.0±0.25 95.3±0.52 96.1±0.44 99.6±0.00 94.2±1.62 15.7±2.34 99.7±0.03 99.7±0.05 99.6±0.02 12.8±0.07 1.52±0.01 7.52±0.56 2.57±0.01 10.5±0.01 
PFHxS 93.4±0.56 96.7±0.57 98.1±0.68 99.9±0.00 98.4±0.14 23.3±1.08 99.9±0.03 99.9±0.06 99.9±0.00 2.91±0.00 0.00±0.00 0.60±0.01 2.33±0.05 0.00±0.00 
PFHpS 98.0±0.30 98.6±0.18 99.1±0.53 99.8±0.01 98.8±5.64 62.3±7.61 99.8±0.00 99.8±0.00 99.9±0.00 10.9±0.15 2.56±0.18 6.72±0.33 14.3±0.22 0.00±0.00 
PFOS 89.0±1.04 98.4±0.14 99.9±0.01 99.9±0.00 99.8±0.07 89.9±0.67 99.9±0.00 99.9±0.06 99.9±0.00 2.48±0.04 12.2±0.73 6.1±0.15 15.4±0.58 6.52±0.47 
Cl-PFOS 90.9±1.92 99.0±0.48 99.6±0.35 99.9±0.00 99.0±0.98 93.8±0.80 99.8±0.00 99.9±0.00 99.9±0.00 5.30±0.14 9.83±0.58 7.19±0.10 5.79±0.09 5.50±2.04 
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A300 A520E A532E A600E A860 PFA694E CalRes2301 CalRes2304 
1 
AmPr-FEtSAb Zwi N/Ac 1.31±0.06 0.42±0.07 N/A N/A 0.66±0.00 1.06±0.19 N/A 
AmPr-FPrSA Zwi 0.85±0.01 1.53±0.18 1.60±0.13 1.12±0.06 0.96±0.01 1.43±0.11 1.28±0.22 -0.08±0.00 
AmPr-FBSA Zwi 0.80±0.03 1.54±0.13 1.73±0.16 0.98±0.04 0.74±0.02 1.55±0.14 1.81±0.09 0.83±0.02 
AmPr-FPeSA Zwi 0.86±0.03 1.54±0.14 1.82±0.16 1.00±0.05 0.75±0.01 1.70±0.17 1.91±0.16 1.33±0.03 
AmPr-FHxSA Zwi 0.49±0.01 1.18±0.20 1.74±0.13 0.59±0.06 0.54±0.06 1.76±0.19 2.07±0.16 1.57±0.06 
2 
AmPr-FEtSA-PrA Zwi N/A 1.20±0.00 1.28±0.03 N/A N/A 0.89±0.00 1.45±0.06 N/A 
AmPr-FPrSA-PrA Zwi 1.57±0.11 2.63±0.08 2.67±0.09 2.03±0.02 0.92±0.01 2.28±0.14 2.26±0.13 1.76±0.19 
AmPr-FBSA-PrA Zwi 1.63±0.05 2.66±0.02 2.78±0.03 2.07±0.01 1.11±0.03 2.39±0.14 2.56±0.05 2.02±0.11 
AmPr-FPeSA-PrA Zwi 1.46±0.07 2.26±0.14 2.60±0.18 2.01±0.01 1.01±0.06 2.40±0.17 2.44±0.19 1.97±0.09 
AmPr-FHxSA-PrA Zwi 1.54±0.04 2.67±0.10 2.82±0.02 2.07±0.07 1.17±0.03 2.69±0.16 2.81±0.03 2.42±0.09 
3 
CEtAmPr-FEtSA-PrA Neg N/A 1.01±0.05 0.67±0.05 N/A N/A -1.04±0.05 -0.31±0.05 N/A 
CEtAmPr-FPrSA-PrA Neg -0.26±0.00 1.76±0.05 2.54±0.05 1.94±0.05 1.29±0.01 1.86±0.05 2.04±0.15 1.84±0.05 
CEtAmPr-FBSA-PrA Neg 1.55±0.05 1.86±0.05 2.45±0.20 1.98±0.04 1.02±0.02 2.30±0.05 2.32±0.05 1.61±0.19 
CEtAmPr-FPeSA-PrA Neg 1.58±0.16 2.62±0.05 2.37±0.05 2.06±0.03 0.58±0.01 2.36±0.05 2.23±0.17 1.69±0.18 
CEtAmPr-FHxSA-PrA Neg 1.74±0.19 2.69±0.09 2.63±0.16 2.12±0.08 1.06±0.00 2.46±0.13 2.57±0.03 1.95±0.15 
4 
Cl-PFBSd Neg 3.15 e 3.33 3.34 3.15 1.25±0.05 3.32 3.32 3.32 
Cl-PFPeS Neg 3.01 3.19 3.20 3.01 1.79±0.05 3.18 3.18 3.18 
Cl-PFHxS Neg 3.59 3.77 3.78 3.59 1.40±0.01 3.76 3.76 3.76 
5 
CMeAmPr-FBSA Neg 1.36±0.05 2.21±0.05 1.88±0.05 1.35±0.05 0.97±0.05 2.18±0.05 2.45±0.05 1.98±0.05 
CMeAmPr-FPeSA Neg 1.75±0.07 2.25±0.05 1.90±0.06 1.80±0.05 1.14±0.05 2.25±0.05 2.53±0.05 1.66±0.05 
CMeAmPr-FHxSA Neg 1.83±0.07 2.39±0.08 2.09±0.13 1.83±0.07 1.15±0.01 2.23±0.10 2.65±0.05 2.16±0.05 
6 
CMeAmPr-FPrSAPrA Neg 3.22 3.40 3.42 3.22 0.98±0.09 3.40 3.40 3.40 
CMeAmPr-FBSAPrA Neg 3.56 3.75 3.76 3.56 1.00±0.04 3.74 3.74 3.74 
CMeAmPr-FPeSAPrA Neg 3.20 3.38 3.40 3.20 1.37±0.11 3.38 3.38 3.38 
CMeAmPr-FHxSAPrA Neg 3.37 3.56 3.57 3.37 1.67±0.04 3.55 3.55 3.55 
7 F5S-PFHxS Neg 3.12 3.31 3.32 3.12 3.35 3.30 3.30 3.30 
8 
FBSA Neg -0.26±0.00 1.83±0.09 2.12±0.11 1.56±0.03 1.08±0.03 2.49±0.07 2.73±0.05 2.22±0.03 
FHxSA Neg 1.70±0.07 2.17±0.10 2.70±0.05 2.01±0.12 1.09±0.00 2.65±0.01 2.88±0.15 2.51±0.05 
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charge a A300 A520E A532E A600E A860 PFA694E CalRes2301 CalRes2304 
9 H-PFHxA Neg 3.30 3.48 3.49 3.30 1.00±0.02 3.47 3.47 3.47 
10 
H-PFPrS Neg 2.69 2.88 2.89 2.69 1.28±0.05 2.87 2.87 2.87 
H-PFBS Neg 3.17 3.35 3.36 3.17 1.18±0.03 3.34 3.34 3.34 
H-PFHxS Neg 3.08 3.27 3.28 3.08 1.48±0.06 3.26 3.26 3.26 
H-PFHpS Neg 3.17 3.35 3.37 3.17 1.48±0.04 3.34 3.34 3.34 
H-PFOS Neg 3.51±0.05 4.20 4.21 4.01 2.43±0.08 4.19 4.19 4.19 
H-PFDS Neg 3.11 3.29 3.30 3.11 2.83±0.05 3.28 3.28 3.28 
11 
H-UPFHpS Neg 2.02±0.05 2.89 2.90 2.41±0.05 -0.03±0.12 2.88 2.88 2.88 
H-UPFOS Neg 2.92±0.15 3.81 3.83 3.37±0.11 1.43±0.14 3.81 3.81 3.81 
12 
K-PFPeS Neg 2.94 3.12 3.14 2.94 1.14±0.00 3.12 3.12 3.12 
K-PFHxS Neg 2.89 3.07 3.08 2.76±0.05 1.50±0.14 3.06 3.06 3.06 
K-PFHpS Neg 1.45 1.63 1.64 1.45 1.57±0.05 1.62 1.62 1.62 
K-PFOS Neg 4.03 4.21 4.23 4.03 2.28±0.16 4.21 4.21 4.21 
13 MeEtCMeAmPr-FPeAd Zwi 1.44±0.04 1.54±0.07 1.40±0.15 0.82±0.04 -0.03±0.04 1.17±0.09 -0.08±0.00 -0.08±0.00 
14 
MeFPeSAA Neg 2.58±0.05 2.65±0.05 2.92±0.05 1.69±0.05 1.77±0.11 2.87±0.05 3.49 3.49 
MeFHxSAA Neg 2.67±0.01 3.09±0.11 3.03±0.19 1.64±0.05 2.13±0.06 3.07±0.05 3.91±0.05 3.91±0.05 
15 
OAmPr-FPeSA Neg N/A -0.21±0.00 -0.19±0.00 N/A N/A -0.22±0.00 -0.22±0.00 N/A 
OAmPr-FHxSA Neg N/A -0.12±0.00 -0.11±0.00 N/A N/A -0.13±0.00 -0.13±0.00 N/A 
16 
O-PFHxS Neg 1.70 1.89 1.90 1.70 1.93 1.88 1.88 1.88 
O-PFHpS Neg 1.73 1.92 1.93 1.73 1.72±0.02 1.91 1.91 1.91 
17 
PFBSi Neg 1.97±0.05 2.01±0.05 2.13±0.05 1.76±0.05 1.29±0.03 3.13 3.13 3.13 
PFPeSi Neg 2.44 2.63 2.64 2.44 -0.03±0.06 2.62 2.62 2.62 
PFHxSi Neg 2.39±0.08 2.79 2.80 2.60 1.19±0.04 2.78 2.78 2.78 
18 PFMeCHxCA Neg 2.55±0.05 3.93 3.94 3.74 1.55±0.09 3.92 3.92 3.92 
19 
TAmPr-FPrSA Pos N/A 1.18±0.05 0.34±0.05 N/A N/A 1.06±0.05 1.36±0.05 N/A 
TAmPr-FBSA Pos N/A -0.08±0.00 -0.40±0.07 N/A N/A 0.11±0.03 0.22±0.12 N/A 
TAmPr-FPeSA Pos N/A -0.08±0.00 0.92±0.05 N/A N/A 0.33±0.05 -0.08±0.00 N/A 
TAmPr-FHxSA Pos N/A -0.08±0.00 -0.06±0.00 N/A N/A -0.08±0.00 -0.08±0.00 N/A 
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charge a A300 A520E A532E A600E A860 PFA694E CalRes2301 CalRes2304 
20 
TAmPr-FPrSAPrA Zwi N/A 0.81±0.04 -0.05±0.05 N/A N/A 0.36±0.01 -0.08±0.00 N/A 
TAmPr-FBSAPrA Zwi N/A -0.08±0.00 0.64±0.03 N/A N/A 0.36±0.00 -0.08±0.00 N/A 
TAmPr-FPeSAPrA Zwi N/A -0.08±0.00 -0.06±0.00 N/A N/A -0.08±0.00 -0.08±0.00 N/A 
TAmPr-FHxSAPrA Zwi N/A -0.08±0.00 -0.06±0.00 N/A N/A -0.08±0.00 -0.08±0.00 N/A 
21 
UPFHxS Neg 3.61 3.29 3.80 3.28±0.14 0.99±0.03 3.78 3.78 3.78 
UPFHpS Neg 3.38 3.56 3.57 3.38 1.45±0.01 3.55 3.55 3.55 
UPFOS Neg 3.92 4.10 4.12 2.79±0.05 1.72±0.05 4.10 4.10 4.10 
a. Predicted base on the pKa values calculated using Sparc 
b. Orange highlighted compounds are only detected under ESI+ screening mode 
c. Data not available from ESI+ screening 
d. Blue highlighted compounds are only detected under ESI- mode during LC-qTOF-MS analysis 






SUPPLEMENTARY DATA FOR CHAPTER 5 
Table D.1. List of regeneration matrixes 
Matrix ID Type of reactor Regenerants 
1 Salt only 0.03% NaCl 
2 Salt only 0.03% NH4Cl 
3 Salt only 1% NaCl 
4 Salt only 1% KCl 
5 Salt only 1% NH4Cl 
6 Base only 0.04% NaOH 
7 Base only 1% NaOH 
8 Base only 1% KOH 
9 Base only 1% NH4OH 
10 Salt + base 0.5% NaCl + 0.5% NaOH 
11 Salt + base 0.5% KCl + 0.5% KOH 
12 Salt + base 0.5% NH4Cl + 0.5% NH4OH 
13 Salt + methanol 0.03% NaCl + 50% MeOH 
14 Salt + methanol 0.03% NaCl + 80% MeOH 
15 Salt + methanol 1% NaCl + 50% MeOH 
16 Salt + methanol 1% KCl + 50% MeOH 
17 Salt + methanol 1% NH4Cl + 50% MeOH 
18 Salt + methanol 1% Na2SO4 + 50% MeOH 
19 Salt + methanol 1% (NH4)2SO4 + 50% MeOH 
20 Salt + methanol 1% Na2CO3 + 50% MeOH 
21 Salt + methanol 1% K2CO3 + 50% MeOH 
22 Salt + methanol 1% (NH4)2CO3 + 50% MeOH 
23 Salt + methanol 1% NaCl + 80% MeOH 
24 Salt + methanol 1% KCl + 80% MeOH 
25 Salt + methanol 1% NH4Cl + 80% MeOH 
26 Salt + methanol 1% K2CO3 + 80% MeOH 
27 Salt + methanol 1% (NH4)2CO3 + 80% MeOH 
28 Salt + methanol 0.2% NaCl + 80% MeOH 
29 Salt + methanol 0.2% KCl + 80% MeOH 
30 Salt + methanol 0.2% NH4Cl + 80% MeOH 
31 Salt + methanol 0.2% K2CO3 + 80% MeOH 
32 Salt + methanol 0.2% (NH4)2CO3 + 80% MeOH 
33 Salt + base + methanol 0.5% NaCl + 0.5% NaOH + 50% MeOH 
34 Salt + base + methanol 0.5% KCl + 0.5% KOH + 50% MeOH 





SUPPLEMENTARY DATA FOR CHAPTER 6 
 
Table E.1. Color measurement in IUs a of 17% sugar solution in the presence 
of permanganate and alum. 
[MnO4-] (mM) 0 g/L Alum 0.6 g/L Alum 1.5 g/L Alum 2 g/L Alum 
25 0C     
0.0 1987.6 1992.0 2001.1 2018.0 
2.0 788.9 623.5 299.8 216.5 
3.0 621.3 334.7 211.9 181.1 
4.0 409.6 237.6 148.3 103.0 
70 0C     
0.0 2011.7 2044.6 2033.9 2023.3 
2.0 1722.5 1300.0 767.6 422.5 
3.0 1499.0 835.3 653.4 274.3 
4.0 1123.5 747.1 521.6 172.7 
a 
IU is a commonly used unit by sugar industries to define the color magnitude of sugar and was 
calculated using the ICUMSA Method GS9/1/2/3-8 in this study. 
† The raw sugar’s original IU provided by the sugar manufacturer is 2125. 
 
